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Abstract

Biodiversity monitoring underpins decision making in conservation. From small scale management,
through to international policy decisions, biodiversity data are used to advise and influence those
in positions of power. We live in an age of increasing data accumulation. In particular, an increase
in citizen science schemes has led to a wealth of biodiversity information. Despite this increase in
data collection, there are still large gaps in our knowledge, with questions that remain unanswered
and subjects that continue to be neglected. This thesis focuses on biodiversity monitoring,
investigating how data from current long-term monitoring schemes can be applied to novel
questions, how new forms of biodiversity monitoring are desperately required and how different
forms of biodiversity monitoring data can be combined to explain features of a species biology.

Firstly, long-term population monitoring data are used to overcome an impasse in functional
ecology. The ability to predict ecosystem service stability has so far been an out of reach goal.
However, analysing correlations between species population dynamics offers an achievable method
of determining whether specific functions and services are at risk of declining due to changes in
species abundances across a community. Secondly, the genetic diversity of the meadow brown
butterfly, Maniola jurtina, is investigated at both the spatial and temporal scale. The genetic diversity
of the species is found to be stable across the study area and over time. This represents an important
contribution to the field of genetic diversity monitoring. Despite being acknowledged as an
increasingly important measure of biodiversity, genetic diversity monitoring schemes are extremely
rare outside of socioeconomic species. This study represents one of the first examples of the
monitoring of a wild species that has no direct economic value. Next, the genetic diversity of M.
Jurtina is investigated at the continental scale, building upon the work in the previous chapter.
Across the continent there appears to be distinct population structuring, with individuals in the UK
belonging to a different genetic cluster to those on the mainland. Finally, the ability to combine
monitoring data with genetic and experimental data is demonstrated with an investigation into the
phenology of M. jurtina. Analysis of long-term monitoring data determined that M. jurtina display
a protracted flight period on chalk sites. Genetic data are used to determine whether any genetic
structuring of populations is associated with these differences, whilst experimental data are used to
determine the effect of drought on phenology.

Overall, this thesis brings together three separate areas to demonstrate the wide range of
studies that monitoring data can be applied to. Furthermore, the importance of genetic diversity
monitoring is highlighted, along with a demonstration into the relative ease at which it can be
accomplished. In the final chapter, the limitations of the work are discussed along with the wide

range of future applications.






Chapter 1. Introduction

1.1 Biodiversity monitoring

Making informed, evidence-based decisions is an important factor in the creation and
implementation of policies. However, the ability to make such decisions relies upon the availability
of data. Policies relating to ecology and conservation biology are no exception to this as
governments globally are coming under increasing pressure to address the effects of anthropogenic
changes to biodiversity and climate (Sala et a/. 2000; Butchart et a/. 2010; McGill et a/. 2015; Newbold
et al. 2015; Geijzendorffer et a/ 2016). This pressure has largely come about due to international
conventions (Schmeller et al 2009), such as the Convention on Biological Diversity (CBD)
(Convention on Biological Diversity 2020a), rising public pressure in the wake of increasing
mainstream media coverage (Legagneux et a/ 2018) and landmark reports from the
Intergovernmental Panel on Climate Change (IPCC 2018) and the Intergovernmental Science-Policy
Platform on Biodiversity and Ecosystem Services (IPBES 2019).

The Convention on Biological Diversity is currently the largest political attempt at reducing
and halting biodiversity loss. Whilst ambitious in scope the CBD is limited, as member states are
not legally bound to implement the agreed policies and targets, meaning that action rests upon
the will of participating governments (Laikre 2010). In an attempt to reduce the pressures on, and
to improve the status of biodiversity the CBD developed the Aichi Biodiversity Targets to be
achieved by 2020 (Convention on Biological Diversity 2011a; Proenca et al. 2017). For these targets
to be effective, regular updates on changes to biodiversity both at local and global scales are
required (Proenca et al 2017). Therefore the need for reliable measures of biological change,
allowing governments and policy makers to maximise the efficiency of conservation actions are vital
(Isaac et al 2014). The data required for such robust measures include an understanding of the
distributions, habitat preferences, and movements over both time and space of species; knowledge
of which is reliant upon human observations of biodiversity (Hochachka et a/. 2012). Few of the 20
Aichi targets have been met even partially, including where monitoring data are sufficient to make
estimations (Convention on Biological Diversity 2020b). For some aspects of biodiversity, such as
genetic diversity, there is not even enough data to determine whether we are on course to meet
these targets (Tittensor et a/. 2014; Convention on Biological Diversity 2020b).

1.1.1  The value of biodiversity monitoring

Biological recording i.e. the reporting of the presence of a species at a certain place and time (Isaac
& Pocock 2015), is nothing new. Locust outbreaks have been recorded in China for over 3500 years,
and the first flowering dates of cherry blossom in Kyoto Japan have been recorded for over 1200
years (Miller-Rushing et a/ 2012). Whilst biological recording has occurred throughout history, well-
structured biological monitoring schemes involving members of the public are a more recent
occurrence; the longest running being the Christmas Bird Count in the USA which dates back to
1900 (Silvertown 2009). The use of non-expert volunteers, or citizen scientists, has been crucial to

the rise of successful monitoring schemes because, whilst there is a trade off in the accuracy of



recordings in some instances, this is outweighed by the geographic extent of these data, the level
of spatial precision and the efficiency at which data can be collected (Schmeller et a/. 2009; Powney
& Isaac 2015; Sutherland et a/ 2015b). One example of such a scheme is the UK Butterfly Monitoring
Scheme (UKBMS) which has been ongoing since 1976 (Pollard 1977). The standardised methods
used in the UKBMS, described in Pollard & Yates (1993), combined with the long-term nature of
the dataset allow reliable estimates of trends in species abundances to be calculated (Van Swaay et
al. 2008).

Long-term monitoring schemes are not without their problems. These include the accuracy
of recordings, biases in the distribution of sites and habitat types both at national and international
scales, and overrepresentation of certain species (Martin et a/ 2012; Isaac & Pocock 2015). Even
with these drawbacks, the vast amounts of data now available at relatively low costs, coupled with
advances in recording technology (August et a/ 2015) and more sophisticated modelling techniques,
mean that the range of policy applications that long-term monitoring data can be used for is
increasing (Isaac & Pocock 2015). Additionally, monitoring data can be used to evaluate the
effectiveness of current policies already in place (Schmeller et a/ 2009; Geijzendorffer & Roche
2013).

1.1.2 Addressing the gaps in biodiversity monitoring

Whilst long-term biological monitoring schemes provide high quality data, there are certain well
known problems including the restricted distribution of monitoring schemes and the limited
diversity of taxa included in current schemes that need to be addressed (lsaac et al 2014;
Geijzendorffer et al 2016). There are, however, a number of gaps and opportunities regarding
monitoring schemes that do not fall into these well explored categories. One such gap is a lack of
monitoring data for aspects of biodiversity that are of great interest to conservation biology, such
as genetic diversity. Another is the lack of application of monitoring data in solving current
problems, such as predicting ecosystem service resilience. Using already available monitoring data
to address this issue has the potential to save both time and resources in an area that has previously
been data and computationally intensive. Finally, the combination of monitoring data with other
datasets e.g. experimental or genetic could allow greater levels of understanding of ecological
processes.

Attempting to address these gaps and to take advantage of these opportunities will be the
focus of this thesis. Firstly, with an investigation into using monitoring data to predict the resilience
of ecosystem services, followed by the development of a pilot genetic diversity monitoring scheme
for the meadow brown butterfly, Maniola jurtina (Linnaeus 1758), over time in England. This will
then be extended across Europe to measure the genetic diversity of the species at a much larger
spatial scale. Finally, a combination of genetic, experimental and long-term monitoring data will be

used in combination to investigate the phenology of M. jurtina.



1.2  Ecosystem services

Increasing recognition is being given to ecosystem services i.e. the benefits that people derive from
ecosystems, in both scientific and political agendas (Millennium Ecosystem Assessment 2005;
Geijzendorffer & Roche 2013). This is reflected in the CBD's strategic goal D:

Strategic Goal D: Enhance the benefits to all from biodiversity and ecosystem

services (Convention on Biological Diversity 2011a)

Ecological systems provide a multitude of services and functions that humanity depends upon (Diaz
et al. 2013), including climate regulation, food and water provisioning, flood prevention and cultural
well-being (Costanza et a/ 1997). These services are currently predicted to have a value globally of
over US$125 trillion per year (Costanza et a/. 2014). Biodiversity is a crucial factor in the maintenance
of ecosystem services (Hector & Bagchi 2007; Isbell et a/. 2011; Cardinale et al 2012; Harrison et a/.
2014; Lefcheck et al 2015), however as a result of human activities global biodiversity is reducing
rapidly (Pimm et al. 2014; Tittensor et a/. 2014; Newbold et al. 2015).

Understanding how ecosystem services will respond to changes in species assemblages is
regarded as an urgent priority (Diaz et al,, 2013; Oliver et al., 2015; De Palma et al,, 2017). Without
this understanding, mitigation methods cannot be put in place to reduce the negative impacts on
society of ecosystem service loss (Oliver et al., 2015). Until now attempts to quantify the resilience
of ecosystem services have relied upon trait data and changes in community composition (Diaz et
al. 2013), which is both time consuming and results in statistically weak predictions. The use of
monitoring data to address these concerns could provide the solution, allowing scientists to predict
the resilience of specific ecosystem services, without the need for detailed trait data collection.

Interactions between organisms and their environments result in changes in population
dynamics (Wallner 1987) and these changes can be observed using long-term monitoring data. Not
all species respond to the environment in the same way; covariance in the population dynamics of
any two species is determined by a multitude of factors including species interactions, responses to
environmental change, and in the fundamental aspects governing population growth (e.g. intrinsic
rate of population increase; Birch, 1948; Wallner, 1987; Walther et al., 2002; Loreau & de Mazancourt,
2013).

Some species will respond more similarly to environmental factors than others. Species that
respond similarly to the environment will both increase and decrease in population abundances at
similar times, as a result of responding to similar drivers. In instances where such similarly
responding species carry out the same ecosystem services e.g. pollination, declines in species
numbers could reduce the overall provision of the ecosystem service. In contrast species with
asynchronous population dynamics performing the same ecosystem services are expected to result
in more stable ecosystem functioning and subsequent ecosystem service provision (lves et a/. 1999;
Yachi & Loreau 1999; Loreau & de Mazancourt 2013). Where biodiversity is high it is more likely

ecosystem servicing will be stable (Lefcheck et a/ 2015), as it increases the likelihood that multiple



species within an environment performing similar ecosystem services will respond differently to the
environment.

Long-term population monitoring data offer a chance to determine firstly which species share
similar population dynamics and secondly the vulnerability of specific ecosystem services. Using
long-term monitoring data offers a new approach to tackle a problem that has been ongoing since
the 1990s, with little progress (Diaz & Cabido 1997; Lavorel et al. 1997; Lavorel & Garnier 2002;
Funk et al. 2017).

1.3  How landscape configuration affects biodiversity

Landscapes can be defined as ecological systems at the kilometre scale (Pickett & Cadenasso 1995)
and the structure of a landscape directly affects the movement of organisms within it (Sutherland
et al. 2015a). Loss of habitat within a landscape and the resultant habitat fragmentation are major
drivers of species loss (Fischer & Lindenmayer 2007; Pimm et al 2014), although there is some
debate as to whether the fragmentation of habitats and landscape configuration is more or less
important than the area of habitat within a landscape (Fahrig 2003, 2017; Hanski 2015; Crooks et
al. 2017; Fletcher et al. 2018; Fahrig et al. 2019). A key feature of a landscape is the matrix; an area
of non-habitat surrounding native habitat patches of interest (Ricketts 2001). Quantifying the
impacts of the matrix is difficult, as the matrix is made up of patches with different levels of
resistance to movements for different species (Ricketts 2001; Watts et a/ 2010).

Habitat fragmentation is the reduction of areas of continuous habitat into smaller habitat
patches surrounded by areas of hostile matrix (Young et a/ 1996; Crooks et a/. 2017). Changes to
landscape configuration through fragmentation can reduce a landscape’s level of connectivity
(Delattre et al 2013a) i.e. the degree to which a landscape facilitates or impedes the movement of
an organism (Kadoya 2009). This can influence multiple ecological factors including species and
population abundance, species distribution and dispersal, genetic diversity, species persistence and
the ability of individuals to search for areas of suitable habitat (Fahrig 2003; Schooley & Branch
2011; Fletcher et al/ 2013). These in turn can have knock on effects which can alter ecosystem
processes and functions (Young et a/. 1996).

The preservation and maintenance of heterogeneous habitat is a key aim in conservation
biology. This includes the reduction of habitat fragmentation and increasing levels of connectivity
between habitat patches (Oliver et a/. 2010; Spear et al. 2010; Watts et a/ 2010). Changing aspects
of the matrix to increase species movement is one method of increasing connectivity, as described
in Eycott et al (2012). In that study movement between habitat patches was shown to be higher
when surrounding matrix is similar to habitat. However, whilst a matrix with lower levels of resistance
can promote connectivity (Baum et al,, 2004), high resistances can also lead to increased connectivity
as individuals are more likely to move rapidly in unfavourable habitat (Driscoll et al., 2013).

Habitat loss and fragmentation affect biodiversity in a number of ways. Firstly, reducing
connectivity can lead to losses in genetic variation (Ferrari et a/ 2007; Galpern et al. 2012). Where
populations become increasingly isolated as a result of increasing distances between habitat

patches, dispersal between the populations reduces due to increasing dispersal costs (Delattre et



al. 2013a). This results in a reduction in gene flow, which in turn can lead to increasing levels of
inbreeding and a loss of alleles through genetic drift, resulting in reductions in genetic variation
within populations and increasing genetic differentiation between populations (Honnay et a/. 2006).
In the short term this can reduce the fitness of individuals (Young et a/ 1996), whilst in the long-
term reductions in genetic variability can limit a species ability to adapt to changes in an
environment and reduce the likelihood of a species to survive into the future (Honnay et a/ 2006;
Segelbacher et a/. 2010). These effects are not exclusive to anthropomorphic habitat fragmentation.
For example natural landscape features like rivers, forests and mountain ranges can act as barriers
to gene flow for certain species, increasing the levels of genetic differentiation between populations
(Storfer et al 2007).

As well as affecting genetic diversity, habitat loss and fragmentation can affect biodiversity in
other ways. Habitat loss reduces the size of habitat patches, reducing both the number of species
and number of individuals the patch can support (Fahrig 2003). Decreasing population sizes can
reduce densities of individuals to a point where numbers are too low to support breeding
populations (Fischer & Lindenmayer 2007), resulting in local extinctions and biodiversity loss. As
ecosystem service provision is enhanced by biodiversity (Lefcheck et a/ 2015), these changes to the
number of individuals and species within a landscape can dramatically affect the composition of
ecosystems and therefore the functions and services that they provide (Crooks et al 2017).
Additionally, reductions in genetic diversity as a result of habitat loss can also have a negative
impact on ecosystem services and ecosystem functioning (Hajjar et a/. 2008; Bailey 2011).

Landscape configuration clearly has a major impact on biodiversity and genetic diversity, both
of which contribute to the services we derive from ecosystems. The best way that landscapes can
be managed for wildlife and therefore biodiversity, genetic diversity and ecosystem service provision
is summed up by the phrase “more, bigger, better and joined” (Lawton et a/ 2010). An increase in
the number of good quality, large habitats with high levels of connectivity between them offers the
best possible landscape configuration for the maintenance of nature and the services upon which

humans depend.

1.4  Landscape ecology

The goal of landscape ecology is to understand gene flow, organism movement and population
fluctuations with respect to the landscape and subsequently influence conservation management
strategies (Bélisle 2005). First termed by Troll (1939), the field of landscape ecology developed in
the 1960s with the combination of multiple disciplines including geography, ecology and land
management (Wiens et a/. 1993; Wu & Hobbs 2002). During the 1980s and 1990s landscape ecology
grew rapidly, especially with the introduction of population genetics (Turner 2005; Lianyong &
Eagles 2009).

1.4.1 Landscape connectivity
The concept of landscape connectivity was first used by Merriam (1984) and defined by Taylor et

al (1993) as “the degree to which the landscape facilitates or impedes movement among resources



patches”. Landscape connectivity can be split into two areas: structural connectivity, the arrangement
of habitat, and functional connectivity, how organisms move through a landscape (Ferrari et a/.
2007).

Landscape connectivity allows individuals to move between patches if a path exists between
them (Minor & Urban 2008; Matisziw et a/ 2015), this includes landscape elements that act as
stepping stones or corridors (Vogt et a/ 2009). Landscape connectivity is influenced by habitat
fragmentation, potentially resulting in species declines (Schumaker 1996) and reducing the
likelihood of population recovery or recolonisation after local extinctions (Estrada & Bodin 2008).

One method of calculating structural connectivity is by calculating the effective distance
between two patches. This method takes the cost of movement into account and determines the
path of least resistance through a landscape (Adriaensen et al 2003). A common method of doing
this is by turning a landscape into a graph made up of nodes (habitat patches) and edges
(connections between patches) (Urban & Keitt 2001; Minor & Urban 2008). The weight of the edge
can be used to give an estimation of the connectivity of the landscape (Kadoya 2009; Matisziw et
al. 2015). Using graph theory the least cost path can be calculated (Ferrari et a/. 2007). An advantage
of this method is that relatively little data is required, only species habitat requirements, dispersal
distances and patch coordinates (Kadoya 2009). Estimations of resistance values can be poor using
this method, although new techniques using genetic data are leading to improvements (Peterman

2018). Additionally a landscape’s spatial heterogeneity may limit interpretation (Fortin et a/. 2012).

1.4.2 Functional connectivity

Whilst structural connectivity looks at the effects of landscape on species movement, functional
connectivity includes the attributes of the species of interest and their responses to an environment
(Rodriguez Gonzalez et a/ 2008; Watts & Handley 2010; Auffret et a/ 2015). A key feature of
functional connectivity is the incorporation of the effects of the matrix on species movement
(Fitzgibbon et a/ 2007; Stevenson-Holt et a/ 2014). The primary reason for this is that different
species respond differently to the same habitats and therefore the connectivity of a landscape does
not have a fixed value (DiLeo & Wagner 2016). Landscapes with higher levels of functional
connectivity have higher probabilities of individual movements between patches (Bélisle 2005).

It is possible for a landscape to be functionally, but not structurally connected. For example
if two habitat patches are separated by a matrix, but organisms are able to move between patches,
they are functionally connected (Tischendorf & Fahrig 2000). The functional connectivity of a
landscape can be increased by changing the structure of the landscape to increase the amount of
movement (Kadoya 2009). This can be done by increasing the permeability of the matrix between
patches (Powney et a/ 2011).

An additional method of increasing functional connectivity between patches would be to
increase the population size within a patch. This would increase competition between individuals,
leading to density dependent dispersal (Matthysen 2005), providing sufficient additional habitat
requirements were available within an individual’s dispersal range. Whilst this may be an option in

bird and mammal species, this isn't always the case for butterfly species. Roland et a/. (2000) showed



that alpine Parnassius sp. more readily emigrated from sites with small populations and individuals
from sites with large populations were more likely to stay in the same habitat patch.

In order for habitat patches to function as a network, they must be connected (Lawton et
al. 2010). For this reason the Lawton review; "An /ndependent Review of England’s Wildlife Sites and
the Connections Between Them', was commissioned by the UK government and published in 2010
(Department for Environment Food & Rural Affairs 2010). The report recommends the enhancement
of connections between sites and suggests the use of both existing connections such as rivers as

well as manmade structures such as roadsides and cycle ways (Lawton et a/. 2010).

1.5  Genetic diversity

Genetic diversity, the amount of genetic variability within a population (Hughes et al 2008),
underpins all other levels of biodiversity including species, habitats, traits and ecosystem services
(Bruford et al 2017). Without genetic variation, populations are unable to adapt to changes in an
environment due to a lack of evolutionary resilience (Boettcher et a/ 2010; Bruford et al 2017).
Populations containing higher levels of allelic diversity present greater levels of phenotypic variation
and these levels of variation give species a greater chance to adapt (McGill et a/ 2015). Where
genetic diversity is low, as with endangered species which have undergone population bottlenecks
or prolonged inbreeding, reproductive fitness can decrease, resulting in a reduced ability of a
species to persist (Hutchinson et a/ 2003; Hughes et a/ 2008). Therefore, genetic diversity should
be a major aim of any conservation management project. The problem, however, is that for the
majority of wild species very little is known about the levels of genetic diversity; let alone how to

conserve it.

1.5.1  The current state of genetic diversity monitoring

The importance of genetic diversity in maintaining biodiversity has been acknowledged for decades,
but is often overlooked when it comes to creating policies and management strategies (Laikre 2010;
Laikre et a/. 2020). This is in spite of the fact than an estimated US$2-4.5 trillion in genetic resources
are lost annually, which could be catastrophic for both ecology and economics (Hoban et a/. 2013).
However, the contribution of genetic diversity to ecosystems is gaining increasing recognition as
scientists monitor the effects of human activities on global ecosystems (Schwartz et a/. 2007; Hoban
et al. 2013). This increasing awareness can be seen with the CBD's Strategic Goal C and Aichi Target
13:

CBD Strategic Goal C: To improve the status of biodiversity by safeguarding

ecosystems, species and genetic diversity (Convention on Biological Diversity 2011a).

Aichi Target 13: By 2020, the genetic diversity of cultivated plants and farmed and
domesticated animals and of wild relatives, including other socio-economically as

well as culturally valuable species, is maintained, and strategies have been



developed and implemented for minimizing genetic erosion and safeguarding

their genetic diversity” (Convention on Biological Diversity 2011a).

A proposed update to this strategic goal can be seen in the recently published CDB post-2020 draft
(Convention on Biological Diversity 2020d, c). This draft contains five key goals, of which the

maintenance of genetic diversity is one:

Preliminary Draft Monitoring Framework for the 2030 and 2050 Goal 3: Genetic
diversity is maintained or enhanced on average by 2030, and for [90%] of

species by 2050 (Convention on Biological Diversity 2020d).

Both the original strategic goal Aichi Target and proposed update have come under criticism, largely
due to their focus on domesticated species (Laikre 2010; Laikre et a/ 2020) and a lack of explicit
commitments to the monitoring of genetic diversity (Convention on Biological Diversity 2020c;
Laikre et al 2020).

Genetic diversity monitoring schemes can be defined as schemes which 'quantify the
temporal changes in the genetic metrics of a population’ (Schwartz et a/ 2007) and clearly the
necessity for such schemes is widely recognised (Boettcher et a/. 2010). However, because policy is
more often built upon monitoring changes in population numbers rather than genetic diversity,
genetic diversity is one of the least reported measures of biodiversity globally (Pereira et al 2013;
Geijzendorffer et al. 2016).

Despite a general lack of monitoring, there are cases where genetic diversity has been well
studied. These examples tend to focus on domestic or socio-economically important species. This
is largely due to the fact that the genetic diversity of crops and domestic animals will play an
important role in maintaining and increasing food supplies in the face of climate change (Bruford
et al. 2017). A major concern with this is that the global genetic diversity of livestock is decreasing,
in part due to intensive selective breeding programmes (Boettcher et a/ 2010). This decrease in
genetic diversity could reduce the ability of breeds to survive in a changing climate.

Although rare, there are examples of non-crop/non-domestic species genetic diversity
monitoring schemes. These include North Sea cod (Gadus morhua) (Hutchinson et al. 2003; Poulsen
et al 2006), leopard frog (Rana pipiens) (Hoffman & Blouin 2004) and red deer (Cervus elaphus)
(Nussey et al 2005). These studies found the genetic structure to be stable over time in both G.
mohua and R. pipiens but declining in C elaphus.

Recent advances in molecular technology such as next generation sequencing (NGS) have
the potential to revolutionise biodiversity monitoring schemes (Creer et al/ 2016) and
conservationists are increasingly recognising the value of genomics in conservation biology (Corlett
2017). Whilst some of these techniques have limited application to genetic diversity monitoring,
being able to tell little more than whether a species is present or absent in an environment, the use
of such techniques could revolutionise traditional biodiversity monitoring (Lawson Handley 2015).

When it comes to using molecular markers to monitor genetic diversity, an additional problem is
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that whilst we have the technology and the statistical methods, there is no clear consensus on the
best protocols or criteria to follow (Pereira et a/. 2013), or even which markers are suitable for use

and cost effective.

1.5.2 Molecular techniques for monitoring genetic diversity

Over the last fifty years genetic diversity monitoring techniques have developed markedly from
simple statistical comparisons of soluble enzymes, to whole genome sequencing at increasingly
reducing costs (Bruford et a/ 2017). The first widely used molecular method for estimating genetic
diversity in ecology was protein electrophoresis in the 1960s (Leberg 1996). Since then, many
techniques have been developed, used and been superseded by advances in technology. These
include Random Amplified Polymorphic DNAs (RAPDs), Restriction Fragment Length Polymorphisms
(RFLPs) and Amplified Fragment Length Polymorphisms (AFLPs) (Williams et a/. 1990; Vos et al. 1995;
Leberg 1996; Freeland et a/. 2011).

Another example, microsatellites, have been the molecular marker of choice for most
ecological studies until recently, and are still extensively applied in genetic monitoring programs
(Bruford et al 2017). Compared to previous methods, fewer markers are required to gain the same
amount of statistical information (Gerber et a/ 2000; Selkoe & Toonen 2006). Microsatellites are
tandemly repeated units of DNA, commonly one to six base pairs in length, distributed throughout
the genome (Schlétterer 2000; Guichoux et a/ 2011; Putman & Carbone 2014). In genetic studies
di, tri and tetranucleotide sequences with between five and 40 repeats are most frequently used
(Selkoe & Toonen 2006). Loci with five or fewer repeat units are not included as they are not
considered polymorphic (Valdes et a/ 1993). The discovery and first use of microsatellites arose in
the 1980s (Litt & Luty 1989), along with the invention of the polymerase chain reaction (PCR) (Mullis
& Faloona 1987).

Microsatellites possess a range of properties making them ideal for population genetic
studies (Balloux & Lugon-Moulin 2002; Gardner et a/ 2011). For example, microsatellites have
mutation rates in the region of 103 to 10~ events per locus per replication (compared to 10 to
107'° for background point mutations) (Freeland et a/ 2011). These mutation rates result in high
levels of allelic diversity, allowing estimations of genetic diversity (Selkoe & Toonen 2006; Véli et al.
2008). Mutations in microsatellites commonly occur as a result of slipped-strand mispairing during
DNA synthesis, causing the gain or loss of single repeat units in a step-wise fashion (Chambers &
MacAvoy 2000).

Although microsatellites can occur within coding regions, most frequently with trinucleotide
repeats that do not disrupt the open reading frame of the gene (Li et a/ 2004), microsatellites are
widely distributed throughout the genome and frequently occur within non-coding regions where
there are less constraints on range expansion (Vieira et a/. 2016). A further property of particular
microsatellites in these non-coding regions is that they often show neutral genetic variation;
whereby they have no effect on an individual's fitness (Holderegger et a/ 2006). This makes them
extremely useful for studying processes such as gene flow across a landscape. As a result of their

high mutation rates, high abundance and selective neutrality, microsatellites have been used in
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many studies to investigate genetic aspects of populations, including migration rates, population
bottlenecks and the relatedness of individuals (Balloux & Lugon-Moulin 2002; Selkoe & Toonen
2006; Leclercq et al 2010).

Until recently microsatellites were isolated by enrichment processes and screening enriched
genomic DNA libraries with oligonucleotide primers, followed by Sanger sequencing and
confirmation by PCR amplification of microsatellite containing fragments (Chambers & MacAvoy
2000). Recent technological advances have led to next generation sequencing of microsatellites
taking over from enrichment methods. The identification of microsatellites in this way is faster and
simpler, with reduced labour costs, resulting in far more loci being isolated (Gardner et a/. 2011).

Once microsatellite regions have been identified within a genome, fluorescently labelled
oligonucleotide PCR primers, or primers with fluoro-labelled tags ligated to them, can be designed
for the flanking regions; sequences of base pairs either side of the microsatellite repeat, allowing
amplification and detection (Selkoe & Toonen 2006).

Microsatellites have some limitations. Firstly, the relative specificity of microsatellites means that,
more often than not, new primers have to be developed for most species (Glenn & Schable 2005),
which can be both time and resource consuming. In some cases cross amplification can occur, but
often only with closely related species (e.g. Cassel-Lundhagen et al. 2009; Jiang et al. 2014, 2016).
Secondly, mutations in primer regions can result in amplification failure, a problem which affects
some taxa more than others (Selkoe & Toonen 2006). A final problem with microsatellites is that
datasets for the same species often cannot be combined due to differences in how the alleles are
scored by different observers and computers (Bruford et a/ 2015). These reasons, coupled with the
decreasing costs of next generation sequencing profiling techniques such as single nucleotide
polymorphisms (SNPs), mean that microsatellites are rapidly being replaced as the molecular marker
of choice for genetic monitoring.

SNPs are a next generation sequencing technique which use codominant markers and allow the
sequencing of millions of DNA fragments rapidly and cheaply compared to other techniques (Helyar
et al. 2011; Creer et a/ 2016). SNPs have rapidly taken over from microsatellites and are currently
the preferred molecular marker for many landscape genetics projects because they are abundant
throughout the genome and many can be identified for the cost of developing a much smaller
number of microsatellites (Bruford et a/ 2017). Whilst microsatellites often have greater levels of
allelic diversity, SNPs are still able to be used to segregate between populations (Helyar et a/. 2011).
Additionally SNPs can be more directly comparable between labs (Corlett 2017), which can be a
problem with microsatellite datasets.

Finding SNPs can also be both financially costly and time consuming to analyse, as it requires
many genes within a genome to be sequenced. However, as an increasing number of DNA
sequences are being made available in open access DNA databases, the time and financial resources
required for SNP detection is reducing (Holderegger & Wagner 2008). SNPs are not without their
problems, as they are not yet available for all species and can be subject to ascertainment bias
(Bruford et a/ 2015). Additional problems with SNPs include biases in the coverage of certain parts

of genomes and a lack of a reference genome. However technological advances are reducing the
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number of problems caused by such issues (Helyar et a/ 2011). Furthermore, the rapidly reducing
costs of whole genome sequencing could result in SNPs also becoming outdated. A challenge of
molecular ecology will be to incorporate previous data from older techniques such as microsatellites
into monitoring schemes using SNPs or whole genome sequencing, so as not to waste previous
effort (Bruford et a/ 2015).

Another next generation sequencing technique with huge potential for population genetics
studies is Restriction site-Associated DNA sequencing (RADSeq) (Baird et a/ 2008). RADSeq allows
the simultaneous discovery and scoring of hundreds of thousands of SNPs in many individuals for
relatively low investment (Etter et a/ 2011). RADSeq results in the amplification of a subsample of
specific sites across the genome, defined by restriction endonucleases (Davey & Blaxter 2010). The
combination of only a small percentage of a target genome being covered and the ability to be
used without a reference genome makes RADSeq an extremely useful tool for the discovery and
genotyping of SNPs in non-model organisms (van Dijk et a/ 2014).

Finally, the ability to sequence entire genomes offers a number of advantages to genetic
monitoring (Hudson 2008). A major benefit of whole genome sequencing is that it provides far
more data, allowing hugely powerful statistical techniques to be applied. This improves the reliability
of studies and increases the number of potential investigations (Ekblom & Wolf 2014). Furthermore
the process is relatively simple and can be automated (Bruford et a/ 2015). A current issue with
whole genome sequencing is that it remains costly compared to other molecular techniques
(Bruford et al 2017). However the costs are reducing rapidly, as is the practicality, with new
technologies becoming portable and able to be used in the field (Ekblom & Wolf 2014; Bruford et
al. 2015).

1.5.3 Landscape genetics

Landscape genetics combines population genetics and landscape ecology (Manel et al 2003) and
is defined as “research that explicitly quantifies the effects of landscape composition, configuration
and matrix quality on gene flow and spatial genetic variation” (Storfer et a/ 2007). It does this by
assessing how a landscape facilitates an organism’s movement in relation to gene flow and
landscape structure, including how anthropogenic elements act as barriers to gene flow (Storfer et
al. 2007; Galpern et al. 2012). This can be directly applied to conservation management (Manel &
Holderegger 2013). For example, once a barrier to gene flow has been identified, landscape
elements, such as corridors, can be introduced to increase individual movement and gene flow. This
benefits populations by potentially increasing genetic variation (Segelbacher et a/ 2010), thereby
reducing the impacts that a loss of genetic variation through genetic drift and inbreeding depression
would have on individual fitness (Lacy 1997).

Genetic connectivity, the movement of genes between populations, is maintained by the
movement of individuals between populations (Sork & Smouse 2006). Gene flow i.e. the movement
of genes across a landscape, helps to ensure the persistence of small populations and is influenced
by the makeup of a landscape and permeability of the surrounding matrix (DiLeo & Wagner 2016).

Gene flow is dependent upon successful reproduction after migration and can be transferred over

13



multiple generations, meaning that spatially distant habitat patches can be connected temporarily
(Spear et al. 2010).

To study genetic connectivity, data are collected from individuals within landscapes, most
commonly, to date, using microsatellite molecular markers (Storfer et al 2010; Prunier et al 2013).
The highly variable nature of microsatellites makes them ideal for studies investigating current
landscape changes (Anderson et a/. 2010). However, as genetic data are a result of the influence of
both historic and current landscape features, the current landscape may not accurately explain
genetic results (Balkenhol et al 2009a). Similarly, landscapes can undergo rapid change. This can
result in a lag between landscape data and genetic data (Anderson et a/. 2010). For example, species
with low dispersal rates and long generation times may not show the genetic effects of a new
landscape barrier instantly (Landguth et a/ 2010). Therefore lag time must be taken into account
when selecting molecular markers (Holderegger & Wagner 2008; Balkenhol et a/ 2009b). Landscape
genetics can be used to calculate genetic distances (Storfer et a/ 2010; Manel & Holderegger 2013)
and quantify the functional connectivity of a landscape by investigating features that enhance or
inhibit gene flow (DiLeo & Wagner 2016).

The development of Geographic Information Systems (GIS) has greatly benefited all aspects
of landscape ecology. With GIS, landscapes are converted into raster grids where each pixel is
assigned a value of resistance depending upon the permeability of the habitat type that the pixel
represents (Etherington 2011; Stevenson-Holt et a/ 2014). Resistance values are hypothesised
reductions in gene flow, most commonly determined by expert opinion (Spear et al. 2010; Galpern
et al 2012; Zeller et al. 2012).

Paths of least resistance for individuals or gene flow are calculated using these grids
(Rodriguez Gonzalez et a/ 2008; Hanks & Hooten 2013). Under least cost paths movement/gene
flow occurs along a single path (Spear et al 2010) with species specific resistances attributed to
features of the landscape (Holderegger & Wagner 2008). An alternative to least cost path analysis
is circuit theory (Hanks & Hooten 2013), which builds upon graph theory and uses concepts from
electrical systems (McRae et a/. 2008). Circuit theory looks at all possible paths across a raster grid
as gene flow is not limited to a single pathway in a landscape (Spear et a/ 2010). This is more
applicable to natural situations as multiple, wider habitat corridors allow greater levels of gene flow
(McRae & Beier 2007).

1.6  Butterflies as indicators of biodiversity

Butterflies possess a number of traits that make them useful indicators of insect biodiversity. Firstly,
they are a popular taxonomic group which can be easily identified by members of the public (Van
Swaay et al. 2008). Secondly, they have been shown to be suitable indicators for other terrestrial
insects (Thomas 2005). Finally, and perhaps most importantly, there are robust, long-term
monitoring data available for statistical analysis, with the number of monitoring sites and monitoring
schemes increasing globally (Van Swaay et a/ 2008). These three factors mean that butterflies are

ideal biological indicators of biodiversity. Therefore, it makes sense to use butterflies as a pilot taxon

14



to develop a genetic monitoring scheme and take advantage of the vast amount of data already

available.

1.6.1 Microsatellite isolation in Lepidoptera

The greater the number of microsatellite markers used in a study, the more reliable the results are
(Selkoe & Toonen 2006; Bruford et a/. 2015). Since the development of microsatellites in the 1980s,
the isolation and characterisation of microsatellites in Lepidoptera has been historically problematic.
This has resulted in a paucity of loci detected compared to related taxa (Harper et a/ 2000, 2003;
Anthony et a/. 2001; Keyghobadi et al. 2002; Meglécz et a/. 2004; Zhang 2004; Van't Hof et a/ 2007;
Beldade et a/ 2009; Mikheyev et a/. 2010; Sinama et a/. 2011). The isolation of two microsatellites
from the checkerspot butterfly (Melitaca cinxia) by Palo et al (1995) was the first case of
microsatellite isolation in Lepidoptera. After a decade of study, isolation rates remained low with
80% of attempts to isolate microsatellites in Lepidoptera yielding less than five microsatellites per
study (Zhang 2004). Up to 2011, only economically important pests or model species had more
than ten microsatellites reported (Sinama et al/ 2011). Recent advances and refinements in
microsatellite isolation techniques have led to an increase in Lepidoptera microsatellite discoveries,
however isolation still remains difficult compared to other taxa (Aarnes et a/. 2015; Cao et a/. 2015;
Jiang et al 2016).

The problems with microsatellite isolation and characterisation in Lepidoptera are the result of
multiple factors. Firstly compared to other taxonomic groups Lepidoptera have a lower frequency
of microsatellite repeat motifs (Meglécz & Solignac 1998; Zhang 2004; Van't Hof et a/ 2007).
However a recent study by Cao et a/ (2015) found that this low frequency was not universal across
the entire order, something that had been suggested a decade ago (Ibrahim et a/ 2004).

Another factor that makes Lepidoptera microsatellite development difficult are high levels of
null alleles that do not amplify and result in high levels of PCR failure (Bogdanowicz et a/ 1997,
Meglécz & Solignac 1998; Harper et al 2003; Meglécz et al 2004; Tay et al 2010; Sinama et al.
2011). Isolation of microsatellites requires PCR amplification using PCR primers to bind to flanking
regions (Callen et a/. 1993). Null alleles are the result of mutations in the flanking regions, preventing
primer binding and subsequent amplification (Dakin & Avise 2004). This frequently results in false
homozygotes, leading to deviations from the Hardy Weinberg Equilibrium (Van Oosterhout et al.
2004). Null alleles leading to PCR failure, homozygote excess and large deviations from Hardy
Weinberg Equilibrium, have been frequently recorded in Lepidoptera studies (Bogdanowicz et a/.
1997; Anthony et a/. 2001; Keyghobadi, Roland & Strobeck 2002; Harper, Maclean & Goulson 2003;
Ji, Wu & Zhang 2005; Anderson, Dawson & Freeland 2006; Mikheyev et a/. 2010).

A third reason for difficulties in Lepidoptera microsatellite isolation are repetitive sequences in
flanking regions, something that appears to be prevalent in Lepidoptera microsatellites (Zhang
2004). Lepidoptera have highly conserved flanking regions, with many microsatellite motifs sharing
similar flanking regions (Mikheyev et al/ 2010), or microsatellites occurring within minisatellite

repeats (Meglécz et al/ 2004). This makes primer design for specific flanking regions extremely
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difficult, as one primer design may result in multiple sequences amplified during PCR, creating
multiple, uninterpretable banding patterns during electrophoresis (Tay et a/. 2010).

A final difficulty in Lepidoptera microsatellite isolation is the association of microsatellites with
transposable elements (TE) (Tay et al/ 2010), which are able to multiply and insert themselves
throughout the genome (Coates et a/ 2010). Propagation of microsatellites through the genome
via TE insertion can result in microsatellites at different locations having similar flanking regions. In
Bombyx mori, a lepidopteran species with an unusually large number of identified microsatellites
(Miao et al. 2005), 12% are associated with TEs (Tay et a/ 2010).

The issues of isolation and characterisation are still problematic and result in relatively few
usable microsatellites (Table 1.1). However, the versatility of usable microsatellites makes them a
hugely useful tool in population and genetic studies, making the effort worthwhile if an end product
can be achieved.

Table 1.1 Selected microsatellite studies of Lepidoptera from which microsatellites have been
successfully characterised for population studies. References for each study are given at the bottom

of the table. Microsatellites characterised per study are shown in square brackets.

Bombycidae

Bombyx mori (Silkworm) Refs 1, 2, 3 [15, 36, 518]
Carposinidae

Carposina sasakii (Peach fruit moth) Ref 4 [35]
Crambidae

Chilo suppressalis (Rice stem borer) Refs 5, 6 [4, 12]

Diatraea saccharalis (Sugarcane borer) Ref 7 [16]

Ostrinia nubilalis (European corn borer) Refs 8, 9, 10 [10, 13, 5]

Saucrobotys futilalis (Panic moth) Ref 11 [12]
Erebidae

Arctica caja (Garden tiger moth) Ref 12 [7]

Lymantria dispar (Gypsy moth) Ref 13 [4]

Parasemia plantaginis (Wood tiger moth) Ref 14 [10]

Utetheisa ornatrix (Bella moth) Ref 15 [250]

Zale galbanata (Maple Zale) Ref 16 [5]

Hyphantria cune (Fall webworm) Ref 17 [48]
Gelechiidae

Pectinophora gossypiella (Pink bollworm) Ref 18 [13]

Tuta absoluta (Tomato leaf miner) Ref 19 [8]
Geometridae

Biston betularia (Peppered moth) Ref 20 [14]

Chiasmia assimilis Ref 21 [12]

Epirrita autumnata (Autumnal moth) Ref 22 [21]
Gracillariidae

Cameraria ohridella (Horse chestnut leaf mining moth) Ref 23 [6]
Hesperiidae

Erynnis propertius (Propertius duskywing) Ref 24 [15]

Polytremis fukia Ref 25 [11]

Polytremis nascens Ref 26 [12]
Lasiocampidae

Dendrolimus pini (Pine-tree lappet moth) Ref 27 [10]

Dendrolimus punctatus (Masson pine moth) Ref 28 [10]
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Gonometa postica (African wild silk moth) Ref 29 [6]
Lycaenidae
Arhopala epimuta (Common disc oakblue) Ref 30 [5]
Cyclargus thomasi bethunebakeri (Miami blue butterfly) Ref 31 [12]
Drupadia theda (Dark posy) Ref 30 [5]
Maculinea alcon (Alcon large blue) Ref 32 [1]
Maculinea nausithous (Dusky large blue) Ref 32 [11]
Plebejus melissa samuelis (Karner blue) Ref 33 [4]
Polyommatus bellargus (Adonis blue) Ref 34 [5]
Lycaena helle (Violet copper) Ref 35 [6]
Noctuidae
Busseola fusca (Maize stalk borer) Ref 36 [8]
Chrysodeixis includes (Soybean Looper) Ref 37 [13]
Helicoverpa armigera (Cotton bollworm) Refs 38, 39, 40, 41, 42 [5, 5, 5, 5, 30]
Helicoverpa zea (Corn earworm) Ref 43 [13]
Heliothis virescens (Tobacco budworm) Ref 44 [15]
Spodoptera exigua (Beet armyworm) Ref 45 [10]
Spodoptera frugijperda (Fall armyworm) Refs 46, 47 [174, 6]
Spodoptera litura (Common Cutworm) Ref 48 [9]
Notodontidae
Thaumetopoea pinivora (Northern pine processionary moth) Ref 49 [13]
Thaumetopoea pityocampa (Pine processionary moth) Refs 50, 51 [5, 17]
Nymphalidae
Argynnis Niobe (Niobe fritillary) Ref 52[10]
Bicyclus anynana (Squinting bush brown) Ref 53 [28]
Boloria aquilonaris (Cranberry fritillary) Ref 54 [15]
Boloria Eunomia (Bog fritillary) Ref 55 [15]
Brenthis ino (Lesser marbled fritillary) Refs 56, 57 [11, 16]
Coenonympha hero (Scarce heath butterfly) Ref 58 [7]
Dione moneta (Passionflower butterfly) Ref 59 [19]
Erebia palarica (Chapman's ringlet) Ref 60 [10]
Euphydras aurinia (Marsh fritillary) Refs 61, 62[5, 12]
Euphydryas edutha (Edith’s checker) Ref 63 [10]
Heliconius erato (Red postman) Ref 64 [15]
Maniola jurtina (Meadow brown) Ref 65 [15]
Melitaea ambigua Ref 66 [9]
Melitaea cinxia (Glanville fritillary) Refs 67, 68 [2, 5]
Melitaea protomedia Ref 66 [9]
Speyeria idalia (Regal fritillary) Ref 69 [4]
Papilionidae
Papilio zelicaon (Anise swallowtail) Ref 70 [17]
Parnassius apollo (The Apollo butterfly) Refs 71, 72 [6, 26]
Parnassius Mnemosyne (Clouded Apollo) Refs 73, 74 [3, 5]
Parnassius smintheus (Rocky mountain Apollo) Refs 75, 76 [4, 4]
Pieridae
Mylothris jacksoni knutsoni Ref 77 [8]
Psychidae
Dahlica fennicella Ref 78 [11]
Pyralidae
Plodia interpunctella (Indian meal moth) Ref 79 [25]
Saturniidae
Antheraea assama (Indian golden silkmoth) Ref 80 [87]
Graellsia isabelae (Spanish moon moth) Ref 81[10]
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Sphingidae

Hyles tithymali (Spurge hawkmoth) Refs 82, 83 [11, 8]
Tineidae

Pringleophaga marioni (Marion flightless moth) Ref 84 [15]
Tortricidae

Choristoneura fumiferana (Spruce budworm) Ref 85 [8]

Choristoneura occidentalis Ref 85 [8]

Cydia pomonella (Codling moth) Refs 86, 87 [24, 17]

Lobesia botrana (European grape vine moth) Refs 88, 89 [7, 11]

Rhyacionia leptotubula (Pine tip moth) Ref 90 [9]

Tortix viridana (Green oak leaf roller) Ref 91 [8]

Zeiraphera diniana (Larch tortrix) Ref 92 [6]
Yponomeutidae

Yponomeuta padellus (Orchard ermine) Ref 93 [9]
Zygaenidae

Reissita simonyi (Arabian burnet moth) Ref 94 [14]

Table References: 1. (Reddy et a/ 1999) 2. (Prasad et al. 2005) 3. (Miao et al. 2005) 4. (Wang et al. 2016) 5. (Ishiguro & Tsuchida 2006) 6. (Liu et a/. 2009) 7. (Pavinato et a/. 2013b) 8. (Kim et al/. 2008) 9.
(Dalecky et al 2006) 10. (Kim et a/. 2008) 11. (Grant & Bogdanowicz 2006) 12. (Anderson et a/. 2006) 13. (Bogdanowicz et a/. 1997) 14. (Galarza et a/ 2011) 15. (Bezzerides et a/. 2004) 16. (Caldas et al.
2002) 17. (Cao et al. 2015) 18.(Liu et al. 2006) 19. (Bettaibi et a/ 2013) 20. (Daly et a/. 2004) 21. (Wardill et a/. 2004) 22. (Aarnes et al. 2015) 23. (Mari-Mena et a/. 2008) 24. (Zakharov et al. 2007) 25.
(Jiang et al. 2016) 26. (Jiang et a/. 2014) 27. (A'Hara & Cottrell 2013) 28. (Ji et a/. 2005a) 29. (Delport et a/ 2005) 30. (Fauvelot 2005) 31. (Saarinen et a/. 2009) 32. (Zeisset et al. 2005) 33. (Anthony et al.
2001) 34. (Harper et al. 2000) 35. (Habel et a/ 2008) 36. (Faure & Silvain 2005) 37. (Silva et a/ 2019) 38. (Tan et a/. 2001) 39. (Ji et a/. 2003) 40. (Scott et al. 2004) 41. (Ji et al. 2005b) 42. (Venkatesan et
al. 2016) 43. (Perera et al. 2007) 44. (Perera et al. 2011) 45. (Kim et a/. 2012) 46. (Arias et al. 2011) 47. (Pavinato et a/. 2013a) 48. (Wu et a/ 2019) 49. (Cassel-Lundhagen et a/. 2009) 50. (Rousselet et al.
2004) 51. (Sauné et al. 2015) 52. (Zima et al. 2013) 53. (Van't Hof et a/ 2005) 54. (Vandewoestijne et a/ 2012) 55. (Legrand et al. 2014) 56. (Abello et al. 2012) 57. (Lebigre et al. 2015) 58. (Cassel 2002)
59. (Massardo et a/. 2012) 60. (Vila et a/. 2009b) 61. (Petenian et a/. 2005) 62. (Sinama et a/. 2011) 63. (Mikheyev et a/ 2010) 64. (Flanagan et a/. 2002) 65. (Richard et a/. 2015) 66. (Nakahama et a/. 2015)
67. (Palo et al. 1995) 68. (Sarhan 2006) 69. (Williams et a/ 2002) 70. (Zakharov & Hellmann 2007) 71. (Petenian et a/. 2005) 72. (Mira et al. 2014) 73. (Meglécz & Solignac 1998) 74. (Gratton & Sbordoni
2009) 75. (Keyghobadi et al. 1999) 76. (Keyghobadi et a/ 2002) 77. (Zima et al. 2014) 78. (Chevasco et al. 2012) 79. (Grace et al. 2005) 80. (Arunkumar et a/. 2009) 81. (Vila et a/. 2010) 82. (Hundsdoerfer
et al. 2010) 83. (Mende et al 2011) 84. (Groenewald et a/. 2011) 85. (Lumley et a/. 2009) 86. (Franck et a/. 2005) 87. (Zhou et al. 2005) 88. (Amsellem et a/. 2003) 89. (Reineke et al. 2015) 90. (Zhu et al.

2011) 91. (Schroeder et al 2009) 92. (Delamaire et a/. 2010) 93. (Voetdijk et a/ 2007) 94. (Klitsch et a/ 2003)

1.6.2 Justification for using butterflies

While there are considerable issues with microsatellite isolation in many Lepidoptera, using a
taxonomic group with such robust monitoring data means that the benefits outweigh the negatives,
providing microsatellites can be characterised. In this study we use the meadow brown butterfly, M.
Jurting, as a study species for three reasons. Firstly, long running population data are available.
Secondly, M. jurtina is a much-studied species, with considerable literature already published.
Thirdly, microsatellite isolation has already been conducted resulting in the characterisation of
fifteen loci (Richard et al/ 2015). Consequently, investigations into genetic diversity are already
underway, with Villemey et a/ (2016) using these loci to investigate the effects of specific landscape

factors on M. jurtina gene flow in France (see below).

1.7  The meadow brown butterfly, Maniola jurtina

1.7.1 Life history and background

M. jurtina is a common satyrine butterfly distributed across much of the western Palearctic, spanning
from the Canary Islands to Kazakhstan, and Algeria to southern Scandinavia (Tolman & Lewington
1997). M. jurtina has undergone various declines across Europe over the past 20 years (Van Swaay
et a/. 2013), most severely in Finland, Malta, Luxembourg, Sweden and Russia (Asher et a/. 2001).
These declines are largely considered to be the result of changes in land use, such as the removal
of hay meadows and increasing agricultural intensification (Asher et a/ 2001), resulting in
fragmented landscapes (Delattre et al. 2010). Despite these recent declines M. jurtina populations

are now considered stable across much of Europe (Van Swaay et a/. 2019) and it remains one of
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the most abundant butterfly species in the United Kingdom (UK) (Fox et a/. 2006), classified as least
concern under the Red List of British butterflies (Fox et a/ 2011).

Over the past 70 years M. jurtina has been the subject of a great deal of study and as a
result much is already known about many aspects of its biology, including life history and ecology
(Scali & Masetti 1973; Dowdeswell 1981; Brakefield 1982b, a; Haeler et a/ 2014; Lebeau et a/ 2016,
2018), historical distributions (Thomson 1987; Schmitt et a/. 2005; Habel et a/. 2009; Dapporto et al.
2011, 2014; Kreuzinger et al 2015), evolutionary biology (Dowdeswell & Ford 1952; Creed et al.
1959; Forman et al. 1959; Dowdeswell et a/ 1960; Dowdeswell 1962), and dispersal and movement
behaviours (Conradt et a/ 2000; Schneider et al. 2003; Delattre et a/ 2010; Evans et a/. 2019, 2020).

M. jurtina can be split into four subspecies in the British Isles based upon size, colour and
distribution: the large and brightly coloured M. jurtina splendida occurs in Western Scotland, the
largest, M. jurtina iernes, in Ireland, M. jurtina cassileridum is smaller, with clear striations on the
underside of the hind wings and is found on the Isles of Scilly, finally M. jurtina insularis is found
throughout England, Wales and southern Scotland (Dowdeswell 1981).

All subspecies are found in open grassland habitats (Schmitt et a/ 2005), with eggs
deposited upon a range of species within the grass family (Poaceae) (Delattre et al 2010). After
hatching the larvae feed on a range of grasses before overwintering (Ouin et al 2008), emerging
again in March. After re-emerging, the larvae feed at night until pupation occurs between May and
August (Brakefield 1987). Adults typically fly from June to August, peaking in late July, (Delattre et
al. 2010). A second wave of emergence is present in southern England during October on chalk
grasslands, however no reproductive isolation between the two emergence peaks occurs (Goulson
1993b; Thomas & Lewington 2010).

Adult lifespans in the British Isles are estimated at between five and 12 days (Brakefield
1982b), during which time males and females exhibit different behaviours to the extent that they
occupy different ecological niches (Dowdeswell 1981; Brakefield 1982a). Males show increased flight
activity, keeping low to the vegetation, no higher than two meters from the ground (Ouin et a/.
2008), in search of females to mate with (Brakefield 1982a). Alternatively, males will perch in the
vegetation in order to intercept and mate with passing females (Lebeau et a/ 2017). In contrast,
females mate once, usually within the first 24 hours of emergence (Brakefield 1982a), and then
spend the majority of their time feeding or depositing eggs (Delattre et al 2010; Lebeau et al.
2016). Both sexes feed upon a range of nectar providing flower species, however they will
preferentially feed upon knapweeds (Centaurea sp.) and thistles (Cirsium sp.) if available within an
environment (Brakefield 1982a; Lebeau et a/ 2018).

M. jurtina is a relatively sedentary species, with individuals typically remaining within closed
populations (Ouin et a/. 2008). On average adult M. jurtina individuals move around an area with a
radius of 320 meters. However in mark-release-recapture studies, individuals have been found up
to 2.1km away from where they were released (Schneider et a/ 2003). Rather than moving randomly
throughout a landscape M. jurtina have been shown to recognise boundaries (Conradt & Roper
2006) between areas of habitat e.g. meadows, and non-habitat e.g. harvested wheat fields (Delattre

et a/. 2010). Individuals display two distinct dispersal strategies. Firstly ‘foray searching’ in which
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individuals fly in loops around a point of departure (Conradt et a/. 2003; Delattre et a/. 2013b); and
secondly 'direct flight" where individuals fly in straight lines over longer distances. This behaviour is
seen twice as often in females and is believed to be an adaptation for dispersal across areas of
hostile habitats e.g. arable crops (Ouin et a/ 2008; Delattre et a/ 2010, 2013a).

1.7.2  Maniola jurtina as a model for evolutionary biology

In the 1940s M. jurtina became a key model organism in early ecological genetics research, with
particular interest in variations in the number of hindwing spots on individuals within populations,
both spatially and temporally (Dowdeswell 1961; Dowdeswell & McWhirter 1967; Brooke et a/ 1985).
Spotting patterns were first studied on the Isles of Scilly in 1946 by Dowdeswell et a/ (1949). Here
it was found that individuals on large islands had similar wing spot patterns, but differences occurred
between individuals on smaller islands, such as the Isle of Tean. Additionally, ecological changes
such as the removal of cattle on Tean, were found to alter previously stable wing spot pattern
distributions (Dowdeswell et al 1957). It was then concluded that wing spot variation was largely a
result of island specific selection and that migration between the islands was therefore minimal.
This was supported by mark-release-recapture results which found no migration between the islands
of Tean and St Martins over a distance of less than 300 meters (Dowdeswell et a/. 1949).

Subsequent investigations on mainland populations found that male spot distributions
across eight southern British counties matched those found on Tean, but female distributions did
not (Dowdeswell & Ford 1952). An exception to this was found at a boundary region in West
Cornwall, with females south of this boundary exhibiting the same spot distribution seen on Tean
(McWhirter 1957). This was suggested to be a hybridisation zone between two British races of M.
Jurtina (M. jurtina cassiteridum and M. jurtina insularis) (Clarke 1970).

Further investigation into M. jurtina spot patterns determined that spot number was
controlled by polygenes (Brakefield 1984), groups of genes which also control other aspects of
development. An example being that the genes involved in the maturation speed of the larvae also
result in a high number of wing spots in the adult butterfly (Thomas & Lewington 2010).
Furthermore differences in spot patterns between males and females were linked to their different
behaviours and resource requirements (Brakefield 1982a). Studies also found that hindwing and
forewing eyespot patterning were highly significantly correlated, with small forewing spots resulting
in fewer hindwing spots. The combination of these factors led to the hypothesis that avian predation
acted as a selective factor (Bengston 1981), with more active males selected for higher spots to
distract predators, and less active females selected for lower spots and greater camouflage
(Brakefield 1984). Habitat was also shown to account for the variation in spot number (Brakefield
1984), with uniform grassland sites selecting for fewer or no spots (Thomas & Lewington 2010).

More recently Baxter et a/ (2017) investigated whether the distribution of hindwing spot
patterns first observed by Dowdeswell et a/ (1949) and then later by Handford (1973a) had remained
constant. In addition to confirming that spot pattern distribution has remained relatively unchanged

since the 1960s, they also carried out empirical tests to confirm whether the original assumptions
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of minimal gene flow between islands was valid. By analysing 176 AFLPs they determined significant

genome wide differentiation between islands (Baxter et a/. 2017) (see below for further details).

1.7.3  Maniola jurtina as a model species for phylogeography

As well as being a model organism for population genetics studies, M. jurtina has also been the
subject of a great deal of study regarding its phylogeography (Tauber 1970; Thomson 1973, 1987;
Goulson 1993a; Schmitt et a/ 2005; Habel et a/ 2009; Richard et a/. 2015; Villemey et a/ 2016; Baxter
et al. 2017). This is a result of contradictory patterns in both morphological and allozyme studies
(Dapporto et al. 2011)

Early work on the subject was conducted by Tauber (1970), using morphological
measurements and paleo-ecological theory. Tauber suggested that M. jurtina originated in Africa
and spread into Europe by two dispersal routes, an eastern and a western one. Although the idea
of an African origin was not widely accepted, subsequent morphological (Thomson 1973) and
allozyme distribution studies (Thomson 1987) also suggested that two distinct lineages of M. jurtina
occurred. As such it is generally accepted that M. jurtina can be split into a western Atlantic-
Mediterranean lineage (Maniola jurtina jurtina) and an eastern-Mediterranean-Asian lineage
(Maniola jurtina janira), with a hybridisation zone between the two in central Europe (Thomson
1987) (Fig. 1.1).
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Figure 1.1 Current distributions of the two genetic lineages of M. jurtina with the western lineage
(M. jurtina jurtina) in black and the eastern lineage (M. jurtina janira) in white. Yellow indicates areas

of hybridisation where the two lineages overlap as shown in (Voda 2015).
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Further allozyme work by Schmitt et a/ (2005) supported these findings and determined that the
two lineages likely diverged at the beginning of the last glacial maximum, around 40,000 years ago,

via the occupation of two separate glacial refugia (Fig. 1.2).
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Figure 1.2 Hypothesised glacial distribution of M. jurtina reproduced from (Dapporto et a/. 2011).
Black dots indicate the western lineage M. jurtina jurtina, white dots indicate the eastern lineage M.

Jurtina janira.

A subsequent allozyme study by Habel et a/ (2009) found three distinct genetic groupings across
Europe, in contrast to the two suggested previously: a western European grouping, a central/eastern
European grouping and an ltalian/Maghreb grouping. Furthermore, they found that the Moroccan
populations studied were more genetically similar to the Italian lineage, despite being
geographically closer to the western European one. These results led to the conclusion that Africa
was in fact colonised by the ltalian lineage of M. jurtina (Habel et al 2009), contrary to Tauber
(1970).

Using morphometrics Dapporto et a/. (2009) contradict Habel et a/. (2009). Again, their study
only supported the two lineages of M. jurtina. They also found that populations on western Italian
islands showed genital morphologies most similar to the western lineage, despite mainland
populations belonging to the eastern lineage. Their findings led to the conclusion that
Mediterranean islands also acted as a glacial refuge as well as the mainland peninsulas (Dapporto
et al. 2009).

Dapporto et al. (2011) then attempted to clarify the situation, by using both allozyme and
morphometric data. They determined that recent, postglacial gene flow had resulted in the
discrepancies between the morphometric and allozyme data. This was attributed to postglacial
range contractions and expansions (Dapporto et a/. 2011). This work was continued by Dapporto &

Bruschini (2012), who suggested that the entire Mediterranean was originally occupied by the
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western lineage of M. jurtina and subsequently colonised by the eastern lineage from the Balkans
(Fig. 1.3).
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Figure 1.3 Hypothesised recolonization and invasions of M. jurtina after the last glacial maximum,
reproduced from (Dapporto et a/. 2011). Black dots indicate the western lineage M. jurtina jurtina,
white dots indicate the eastern lineage M. jurtina janira. Grey dots indicate areas of hybridisation

between the two lineages. Arrows show direction of recolonization by the eastern lineage.

A recent study by Kreuzinger et a/. (2015) using both nuclear and mitochondrial genetic markers
does not support the above findings. In their study the authors investigated all seven species within
the Maniola genus and determined them all to belong to a single, highly variable “super species”
Maniola jurtina. They also found only moderate genetic differentiation between two lineages of M.
Jurtina (when including all seven Maniola species) and refer back to the original “out of Africa”
hypothesis suggested by Tauber (1970) almost fifty years ago.

Clearly further research is required to fully determine the phylogeography of M. jurtina.
However, despite no clear-cut conclusions these studies do provide valuable information regarding

the contemporary genetic diversity of the species across Europe.

1.7.4 Maniola jurtina landscape genetics studies and microsatellite isolation
M. jurtina use systematic search methods and looping flight when searching for suitable habitat
(Conradt et al 2000). As a result of modern farming practices landscapes have become increasingly
fragmented, resulting in declines in M. jurtina (Delattre et al/ 2010). Therefore, the ability of
individuals to disperse across these fragmented landscapes is of increasing interest.

Previous studies into the landscape genetics of M. jurtina have been carried out using
allozymes (Goulson 1993a; Wood & Pullin 2002; Schmitt et a/ 2005; Habel et a/ 2009). All of these
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studies found high levels of genetic diversity but only weak levels of genetic differentiation between
populations. These levels of variation were considered higher than expected for a sedentary butterfly
(Goulson, 1993a), however Schmitt et a/, (2005) ascribed the results to a high number of individuals
with a great ability to adapt to environmental change. The levels of heterozygosity found in their
study were more than double those found in Goulson (1993a) using some of the same loci, however
the different lab techniques employed mean the two studies cannot be directly compared. These
results were further supported by Habel et a/ (2009) who also found high levels of genetic diversity
and low differentiation, using some of the loci used in (Schmitt et a/ 2005).

The next major investigation into the landscape genetics of M. jurtina occurred with the
isolation and development of fifteen microsatellites (Table 1.2) (Richard et a/, 2015). DNA from six
male and six female individuals was used and enriched for microsatellites. In total 646 microsatellite
containing regions were found, with 374 suitable for primer design. Fifteen were selected. These
were then tested on 96 individuals from six populations across France (Richard et a/ 2015). One
locus was found to be sex-linked and discarded. Although moderate frequencies of null alleles were
found among seven loci, all fourteen remaining loci were used to estimate pairwise Fsr values.
Pairwise Fsrvalues were all below 0.02, similar to those reported by Goulson (1993a) and Wood &
Pullin (2002), suggesting that isolation by distance was negligible at the study’s scale (~600km)
(Richard et al 2015). The authors suggest that the low Fsr values reported in this and previous
studies could be due to either previously unreported long distance dispersal events, or stepping
stones between populations allowing gene flow (Richard et al 2015), with contradicting evidence
supporting both options (Schneider et a/ 2003; Delattre et a/. 2010).

The microsatellites isolated in Richard et a/, (2015) were used by Villemey et a/ (2016) to
determine whether certain landscape features have an effect on M. jurtina gene flow. The authors
sampled a total of 1681 samples across 18-30 locations within three regions in France, over a total
distance of 600km. Using both circuit theory and least cost paths, they determined that grasslands
and linear grass elements enhance gene flow, whilst arable landscapes and forests limit gene flow
(Villemey et al 2016). Their analysis only explained five percent of the genetic variation observed,
suggesting that either certain unmeasured landscape elements may have an effect on gene flow or
there are other, non-landscape, factors causing larger changes in gene flow (Villemey et a/ 2016).
As with previous studies they also found high levels of gene flow across regions, with low Fsr values.
They agreed with Schmitt et a/, (2005) in that the high abundance of M. jurtinais linked to the low

levels of genetic differentiation.

Table 1.2 Fifteen microsatellite loci isolated from M. jurtina. Reproduced from (Richard et a/ 2015).

* sex-linked locus, # high null allele frequency.

Locus Primer sequence (5'-3") Repeat motif

' F: PET-CGTGTCGCCTAAACCACATC
Mj0008 (ACATY?
R: TGGCAACCCTAAACCCTACG

' F: PET-CAACATCGGGAGTCGAAACG
M;j3956 (GATA)Y
R: CTCAGCCAGGATACCCACTC

24



Locus Primer sequence (5'-3") Repeat motif

, F: PET-TTAGACCGTGATCCCACTGC
Mj5331 (TATC)™®
R: ATTTCGATAGGCAACGAGGC
, F: 6FAM-GCTAGCTCGTGGGTACTCTG
M;j5287 (GATA)"
R: CTCCAAGCAATAAGACCGCC
, F: 6FAM-AAGTTACAAGAGCGTTGGCG
M;j7232 (CTGTY
R: GCGGGAACTCTTGGGTTTTC
, F: 6FAM-ATGATCCATAGCTGCGTTGC
M;j4870 (ATGT)’
R: CTCCTTAGCGCTTACACGTC
, F: NED-ATCTGCGGATTTGCAGTTGG
M;j7132 (TATG)™
R: CACTATTGAGCACGTGTGTCC
, F: NED-TGATCTTTGCCAGCAGGAAC
Mj5522 (GATA)
R: AGTGTAAGCTGGCCCTAAAC
, F: NED-CTTCCGCAAAATAACGTCTGC
Mj3637 (TCTAY
R: AGATACTCCATTGACCCGGC
, F: PET-GCGTTCTGATTACCACCCTG
M;j5647 (TATG)™
R: GCGACAGTCCCCTAAGATCG
, F: PET-ATTCCACAAACGAGCCAACG
M;j0247 (GATG)®
R: ACTCCGATGGTAAGAGGTGC
_ F: PET-TAATTAGAGTTTGCGCGGGG
M;j2410* (TGTA)’
R: CGCACACCGCAGTATAAGTG
_ F: VIC-CGGTTTTGCCGATAGCGTAG
M;j5563 (ATCT)’
R: CGCAAGGCAATAGACCACTC
_ F: VIC-GTTGCATTGGCACACTCCTC
Mj0272# (AGAT)’
R: CAGCTGCACACTACGACAAG
_ F: VIC-CCCTTAGAATAAGAACTCGGCTC
M;j0283 (AGAT)?
R: TGTTCGCACATGCTTAGTCC

The most recent investigation into the genetics of M. jurtina was by Baxter et a/. (2017). In this study
DNA from 196 individuals was collected from samples across five islands on the Isles of Scilly.
Twelve AFLP primers were used, resulting in 176 polymorphic bands. They then used a permutation
test to determine that significant levels of genetic structure were present between islands, but found
no evidence of isolation by distance (Baxter et a/. 2017). They suggested that these results confirm
the assumptions Dowdeswell et al (1949) made, based upon their mark-release-recapture studies,
i.e. that little migration occurs between islands.

All previous studies into the genetic diversity of M. jurtina show high levels of genetic
diversity within populations. Below the level of postglacial lineages (Schmitt et a/ 2005; Habel et al.
2009) all studies show little genetic differentiation between populations. Baxter et a/. (2017) are the
exception to this, finding distinct population structure between islands. These results are very

interesting not only because of the apparent structure that they show, but also because of the
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required assumptions regarding open water barriers (Baxter et a/ 2017), which are in direct contrast
to observations by Dennis & Shreeve (1996).

Despite being one of the best studied butterflies of the past century it is clear that there
are still many unanswered questions about the biology of M. jurtina to be investigated. In this study
we will investigate a number of aspects of M. jurtina biology using combinations of population,

experimental and genetic data.

1.8  Overall project aims

Biological monitoring schemes are an extremely valuable tool in nature conservation. Whilst the
current range of species and biological aspects covered is already sizable, as is the number of
questions that monitoring data can be used to answer, there will always be room for more
monitoring and for a wider range of applications of recording data. This thesis will focus on a new
use for monitoring data, as well as describe a new biological monitoring scheme for genetic
diversity.

The application of monitoring data to predict the resilience of ecosystem services has the
potential to save huge amounts of time and effort, by reducing the need to collect specific trait-
based datasets. As reductions to biodiversity put increasing pressure on ecosystem services, the use
of already available data to determine the resilience of specific services offers a new, more efficient
solution to the problem.

Currently there is a severe lack of monitoring data on the genetic diversity of many plant
and animal species. This recording black hole is most severe in regard to wild species, with no direct
socio-economic value. This is in spite of the growing recognition of the importance of genetic
diversity to maintaining biodiversity and ecosystem services. A major part of this thesis will cover
the work in developing a pilot genetic monitoring scheme for M. jurtina. In theory the methods
used should be applicable to a range of other species, increasing the possibilities for other genetic

monitoring schemes.

The follow topics will be addressed, each forming a separate chapter that will help to address gaps
in biodiversity monitoring highlighted at the start of the introduction, i.e. novel applications of
monitoring data to existing problems, a lack of monitoring data for genetic diversity, and the

combination of monitoring data with experimental and genetic data to investigate species biology.

Chapter 2 - Predicting resilience of ecosystem functioning from co-varying species' responses to
environmental change

In this chapter | use long-term monitoring data to determine the similarities of species’ population
dynamics via correlations. Using a hierarchical clustering algorithm, | then create a dendrogram
showing which species respond most similarly to environmental change. | then create proxies for
ecosystem services and using Mantel tests investigate whether they are spread evenly across

response guilds, or clustered into specific groups of species.
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Chapter 3 — Monitoring the genetic diversity of Maniola jurtina
In this chapter | use microsatellite markers to measure levels of genetic diversity and divergence
across fifteen populations of M. jurtina in southern England over time. The dataset used comprises
eight continuous years of samples.
The following hypotheses are tested in this chapter:
7) High levels of gene flow are present in M. jurtina populations across the south of England.
2) Levels of genetic diversity among M. jurtina populations in the south of England do not

change over time.

Chapter 4 — The genetic diversity of Maniola jurtina across Europe
In this chapter | use microsatellite markers to measure the genetic diversity of M. jurtina across
Europe. Using a total of 810 samples from eleven countries spanning 2525 kilometres | investigate
whether population structuring occurs at the continental scale.
The following hypotheses are tested in this chapter:
1) Greater levels of genetic differentiation are present among populations of M. jurtina across
Europe than compared to just the UK.

2) M. jurtina populations across Europe exhibit significant isolation by distance effects.

Chapter 5 — The influence of chalk grasslands on the phenology and ecology of Maniola jurtina in
the UK

In this chapter | use a combination of long-term monitoring, genetic and experimental data to
investigate the effects of geology and topology on M. jurtina phenology. Using a number of
statistical approaches including linear, general linear and mixed effects modelling | determine to
what extent flight periods are protracted on chalk sites and whether these are associated with any

levels of population structuring or drought tolerance. Overall, | test the following:

1) To what extent are M. jurtina population flight periods protracted on chalk grasslands in
the UK.?
2) Are populations of M. jurtina clustered into genetically structured populations based upon

the same habitat conditions?
3) Are populations of M. jurtina on chalk grasslands more drought tolerant than populations
in other habitats?
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Chapter 2. Predicting resilience of ecosystem functioning from co-varying

species' responses to environmental change

Published as: Greenwell MP, Brereton T, Day JC, Roy DB, Oliver TH. Predicting resilience of
ecosystem functioning from co-varying species' responses to environmental change. Ecol
Evol. 2019; 00:1-16. https ://doi.org/10.1002/ece3.5679

2.1 Abstract

Understanding how environmental change affects ecosystem function delivery is of primary
importance for fundamental and applied ecology. Current approaches focus on single environmental
driver effects on communities, mediated by individual response traits. Data limitations present
constraints in scaling up this approach to predict the impacts of multivariate environmental change
on ecosystem functioning.

We present a more holistic approach to determine ecosystem function resilience, using
long-term monitoring data to analyse the aggregate impact of multiple historic environmental
drivers on species’ population dynamics. By assessing covariation in population dynamics between
pairs of species, we identify which species respond most synchronously to environmental change
and allocate species into ‘response guilds’. We then use ‘production functions’ combining trait data
to estimate the relative roles of species to ecosystem functions. We quantify the correlation between
response guilds and production functions, assessing the resilience of ecosystem functioning to
environmental change, with asynchronous dynamics of species in the same functional guild
expected to lead to more stable ecosystem functioning.

Testing this method using data for butterflies collected over four decades in the United
Kingdom, we find three ecosystem functions (resource provisioning, wildflower pollination, and
aesthetic cultural value) appear relatively robust, with functionally important species dispersed
across response guilds, suggesting more stable ecosystem functioning. Additionally, by relating
genetic distances to response guilds we assess the heritability of responses to environmental
change. Our results suggest it may be feasible to infer population responses of butterflies to
environmental change based on phylogeny - a useful insight for conservation management of rare
species with limited population monitoring data.

Our approach holds promise for overcoming the impasse in predicting the responses of
ecosystem functions to environmental change. Quantifying co-varying species’ responses to
multivariate environmental change should enable us to significantly advance our predictions of

ecosystem function resilience and enable proactive ecosystem management.
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2.2 Introduction

Ecological systems are essential to human society for many reasons, including the provision of
ecosystem functions and services (Diaz et a/ 2013). These services include regulation of climate,
prevention of flooding, provision of resources and cultural well-being (Costanza et a/ 1997). A
rapidly rising global population is leading to an increasing demand for ecosystem services (Biggs
et al 2012), however consequent anthropogenic drivers degrading ecosystems means that their
ability to deliver these services is increasingly at risk (Millennium Ecosystem Assessment 2005; UK
National Ecosystem Assesment 2011). A key factor in the maintenance of ecosystem functions and
services is biodiversity (Hector & Bagchi 2007; Isbell et a/ 2011; Cardinale et a/. 2012; Harrison et
al. 2014; Lefcheck et al 2015). Human activities, including habitat fragmentation, pollution and
climate change have led to declines in both species richness and abundance, as well as increasing
levels of extinction risk (Pimm et a/. 2014; Tittensor et a/. 2014; Newbold et a/ 2015).

Understanding how ecosystem services will respond to changes in species assemblages is
regarded as an urgent priority for informing ecosystem management (Diaz et al., 2013; Oliver et al.,
2015; De Palma et al,, 2017). Indeed the ability to predict ecological functions from species’ traits
has been hailed as the 'Holy Grail’ of functional ecology (Lavorel & Garnier 2002; Suding & Goldstein
2008; Funk et al. 2017). Yet, after decades of research, there is still limited ability to make predictions
of multiple environmental drivers on ecosystem functioning for multiple species in real-world
situations. Previous attempts to predict the impact of environmental changes on ecosystem
functions and services have focused on a ‘reductionist’ approach, attempting to determine how
ecological traits (‘'response traits’) mediate community responses to environmental change, and how
altered community composition then leads to changes in ecosystem function delivery (mediated by
species’ ‘effect’ traits; Diaz et al. 2013).

Since its introduction into ecological literature by Holling (1973), the use of the term resilience
has encompassed a number of different definitions, leading to confusion and no clear consensus
within the literature (Walker et al 2004). A key reason for this is that resilience can be split into
ecological resilience i.e. the magnitude of disturbance that a system can experience before shifting
into a different state, including the ability of a system to maintain its functioning, structure and
identity (Berkes et al. 2003; Folke et al 2004; Elmqvist et al. 2007; Suding et al. 2008; Chappin et al.
2009; Gunderson & Allen 2010), aspects that are sometimes termed ‘resistance’ (Donohue et al.
2013), and engineering resilience i.e. the time taken for a system to return to equilibrium after a
perturbation (Pimm 1984; Holling 1996). Whilst engineering resilience draws from a more classical
use of the term outside of ecology, stemming from the etymology of the word (Gunderson & Allen
2010), it should not be considered as the definitive term for resilience in ecology (Walker et a/.
2004). It should also be noted that resilience, along with constancy and persistence are factors that
contribute to the overall stability of an ecosystem (Grimm & Wissel 1997), which also encompasses
a number of other factors including robustness and variability (Donohue et a/ 2013). In this study,
we focus specifically on the ability of an ecosystem function to be maintained in the face of
environmental perturbations, therefore integrating aspects of resistance and adaptive capacity from

Holling's (1973) definition of ecological resilience, and recovery from Pimm'’s (1984) engineering
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resilience definition. Sometimes, the same underlying mechanisms can be responsible for both
resistance and recovery, and rapid recovery can appear as resistance depending on the time window
of measurement (Oliver et al., 2015). Therefore, using resilience as an umbrella term for resistance
and recovery makes good sense, and is increasingly widely used by others (e.g. Kohler et al., 2017;
Beller et al, 2019). Specifically, the term resilience hereon refers to ‘the degree to which an
ecosystem function can resist or recover rapidly from environmental perturbations, thereby
maintaining function above a socially acceptable level' (Oliver et al., 2015).

The resilience of any particular ecosystem function to a certain environmental driver is related
to the correlation between response and effects traits (Suding et a/. 2008; Diaz et a/. 2013; Oliver et
al. 2015). For example, if all species which are important pollinators of a certain crop are highly
susceptible to warmer winters (i.e. positive correlation between response and effects traits) then
crop pollination would have a low resilience to that aspect of environmental change. In contrast a
lack of correlation would lead to the maximum resilience of the ecosystem function (Larsen et al.
2005; Diaz et al 2013).

There are, however, a number of significant limitations with this approach that constrain its
applicability. Firstly, the number of species for which accurate trait data are available is severely
limited, typically belonging to plant species (e.g. Kattge et al. 2011). Where trait data are available
for other taxa they tend to be ‘soft traits’ such as body size, with tenuous or unknown correlations
to environmental change and/or ecosystem functioning. There can also be significant disagreements
regarding trait measurements between different datasets for the same species (Middleton-Welling
et al. 2018). Importantly, even where accurate trait data are available, trait-based analyses cannot
always be reliably transferred to different regions (Powney et a/ 2014) and in many cases the
goodness of fit of the relationships between putative response traits and environmental change or
between putative effect traits and ecosystem function are too low to be used predictively (Lavorel
& Garnier 2002; Luck et al 2012).

In some case, the same trait can be used as both the response and effect trait. For example,
body size can be used as a response trait when investigating the effects of agricultural intensification
on pollinators and can also be used as an effect trait to predict pollination efficiency (Larsen,
Williams, & Kremen, 2005). Here, the ability to predict the effects of agricultural intensification on
pollinators depends on two relationships: a regression of agricultural intensification on body size,
and a regression of body size on pollination. Unfortunately the goodness of fit for such relationships
is often low (Lavorel & Garnier 2002; Luck et a/ 2012). Furthermore, in the majority of cases, a
different effect trait must be used from the response trait meaning an additional relationship
between the two traits must be calculated, adding further uncertainty and reducing the predictive
power of the models.

The substantial sources of uncertainty severely constrain our ability to predict the delivery of
ecosystem functions under any particular aspect of environmental change. It may explain why the
few successful demonstrations have been limited to studying plant communities (Lavorel et a/. 2011),
with most focussing on single ecosystem functions (primary regulating services), and only 11% of

studies considering more than two ecosystem functions (Hevia et a/ 2017). Furthermore only 4% of
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trait-based approaches consider the simultaneous effects of multiple environmental drivers (Hevia
et al. 2017), even though we know that drivers such as climate and land use change strongly interact
in their impacts on biodiversity (Brook et a/ 2008; Oliver & Morecroft 2014). We expect the
environment to change across multiple variables (e.g. multiple different aspects of climate and land
use change), therefore additively combining predictions of the effects of single drivers in order to
understand the effects of multiple drivers on general resilience of ecosystem functioning makes the
overall uncertainty in these reductionist predictive frameworks untenable.

These problems may explain the apparent impasse in functional ecology whereby attempts to
develop a predictive framework using a reductionist ‘Holy Grail' approach have been ongoing since
the late 1990s (Diaz & Cabido 1997; Lavorel et a/. 1997), with revisits in the early 2000s (Lavorel &
Garnier 2002), and again more recently (Funk et al 2017). After three decades of methodological
development with only limited application (e.g. see Gross et al. 2008 and Suding & Goldstein 2008),
new methods are urgently needed to predict the resilience of ecosystem functioning under
environmental change.

Here, we propose a more holistic approach, utilising long-term population monitoring data that
reflect the aggregate effects of multivariate environmental change on species’ population dynamics.
Using this method, groups of species with similar responses to multiple historic environmental
drivers, identified through more synchronous population dynamics, can be allocated into ‘response
guilds’. The distribution of effects traits across these response guilds can then inform on the
resilience of ecosystem functioning.

Changes in population dynamics are due to the interactions between organisms and the
combined biotic and abiotic effects of their environments (Wallner 1987). Covariance in the
population dynamics of any two species is determined by a number of factors including direct and
indirect species interactions (e.g. competition effects), similarity in responses to environmental
change (e.g. population responses to weather), and in the fundamental aspects governing
population growth (e.g. intrinsic rate of population increase and density dependence; Birch, 1948;
Wallner, 1987; Walther et al., 2002; Loreau & de Mazancourt, 2013).

If multiple species perform the same ecosystem function and decline synchronously (e.g.
through strong positive correlations between response and effect traits; Suding & Goldstein, 2008)
then the overall ecosystem function delivered by the species community is likely to decline, albeit
just temporarily. This may lead to levels of functioning falling below some threshold that causes a
socially unacceptable deficit in ecosystem services (e.g. yield deficits due to a loss of pollination
function). Conversely, asynchronous dynamics of species in the same functional guild are expected
to lead to more stable ecosystem functioning and subsequent ecosystem service provision (lves et
al 1999; Yachi & Loreau 1999; Loreau & de Mazancourt 2013).

To explore these risks to ecosystem function, in this study, we map ecosystem functions onto
species ‘response guilds’ identified through analysis of the covariance between species’ historical
responses to environmental change. We also explore how phylogenetic relationships between
species can be related to response guilds (Diaz et a/ 2013), which will lend additional understanding

to species conservation and ecosystem management.
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To demonstrate our method we use butterfly time series data. Butterflies are often used as
indicators for other taxonomic groups (Thomas 2005). They perform a range of ecosystem functions
that underpin supporting, regulating and cultural services and have excellent population time series
data available. Three ecosystem functions were selected to demonstrate how this new method can
be used to examine the resilience of ecosystem functioning: 1) the provision of food to higher
trophic levels, as lepidopteran larvae are a key food source for many bird species during chick
development (Visser et a/. 2006); 2) outcrossing pollination function, comprising the important role
that butterflies play in dispersing wildflower pollen over large distances (Courtney et a/ 1982); 3)
aesthetic cultural function, through members of the public experiencing culturally important
taxonomic groups, which underpin cultural ecosystem services that support wellbeing (Clark et al.
2014).

2.3  Materials and methods

2.3.1 Creating a population dynamics correlation matrix of inter-annual changes in
abundance

UK-wide annual abundance indices for 54 UK butterfly species from 1976 to 2014 were available
from the UK Butterfly Monitoring Scheme (UKBMS). UKBMS data were collected by volunteers using
the "Pollard walk’ method (Pollard & Yates 1993). Collated indices were calculated by the UKBMS in
a two-step method. First, site abundance indices were calculated by fitting a Generalised Additive
Model to count data from each site, in order to estimate missing data values within a year (Rothery
& Roy, 2001; further description can be found in Botham et al,, 2013). Second, the site abundance
indices were used to calculate national collated indices, as with other European species monitoring
schemes (ter Braak et a/ 1994). This was achieved using a log-linear Poisson regression model to
calculate expected counts each year, with a site factor to take into account differences between
sites (UKBMS 2016) and a year factor to account for missing years. These national-level abundance
time series reflect aggregate changes of UK populations to broad environmental conditions, such
as weather effects (e.g. Roy, Rothery, Moss, Pollard, & Thomas, 2001), as well as density dependence
(Pollard et al 1987).

Using these national abundance time-series, for each species inter-annual changes were
calculated by subtracting the standardised log abundance index from that of the year preceding it,
creating a dataset containing the yearly changes in species abundance for all species from 1977 to
2014. Using the base R function cor (R Core Team 2016), a population dynamics correlation matrix
was created using Pearson’s correlation coefficient, for the inter-annual changes in species
abundance between each pair of species (Fig. 2.1). Only complete pairs of observations were
included in the correlations. The population dynamics correlation matrix was then transformed by
multiplying by -1, resulting in the pairs of species with least synchronised population dynamics
having positive values (i.e. creating a distance matrix). After this transformation, all values were
increased by +1. This was necessary as the methods used to perform a hierarchical cluster analysis
do so using Euclidean distances between variables, therefore negative values cannot be included.

All future references to the population dynamics correlation matrix refer to this newly transformed
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matrix, where a value of zero indicates perfectly positively correlated interannual dynamics between
species, a value of 1 indicates no correlation and a value of 2 indicates perfect negative correlation
(i.e. opposite dynamics).

A hierarchical cluster analysis was performed using this transformed population dynamics
correlation matrix, using the Aclust function in the program R (R Core Team 2016). Species were
grouped sequentially into clusters based upon their similarity until all species were grouped into a
single cluster (R Core Team 2016). Response guilds were then defined by plotting a dendrogram

and allocating all species on a branch below a threshold into guilds (Fig. 2.1, Table 2.1).
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Figure 2.1 Comparison of interannual population changes for three butterfly species. Green-veined
white Pieris napi and small white Pjeris rapae have highly correlated population dynamics (Pearson's
r = 0.81), indicating they have responded to past environmental change in the same way. Green-
veined white P. napi and orange tip Anthocharis cardamines have much less correlated population
dynamics (r = 0.05), indicating they respond differently to changes in the environment; that is, the

same environmental drivers have different effects on the overall populations.
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Figure 2.2 Population dynamics dendrogram showing “response guilds,” which are groups of species
with similar population dynamics. Species with more correlated population dynamics join further to
the right-hand side of the dendrogram. Here, four resolutions of response guild are shown (also

see Table 2.1), but further grouping is possible.

Table 2.1 Allocation of species into response guilds at different levels of resolution. Different
resolutions are achieved by plotting all species onto a dendrogram and selecting species on a
branch below a threshold point (see Fig. 2.2). Species with the same number in the table are in the
same response guild, meaning they tend to have more similar population dynamics (i.e. have

responded to past environmental change in similar ways).

Species allocation into guilds at:
Resolution 1 Resolution 2 Resolution 3 Resolution 4
Erebia aethiops 1 1 1 1
Cupido minimus
Thecla betulae
Melanargia galathea
Pyronia tithonus

Species
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Species

Resolution 1

Species allocation into guilds at:

Resolution 2

Resolution 3

Resolution 4
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2.3.2 Comparison of inter-annual population dynamics with phylogenetic relationships

In order to determine whether similarities in species population dynamics are related to the genetic
relatedness of species (Fig. 2.3) a Mantel test was carried out using a matrix of genetic distances
and the population dynamics correlation matrix. Using 1000 possible phylogenies of British
butterflies created by Roy et a/ (2015), for each phylogeny we extracted branch lengths between
all pairs of UK butterfly species using the cophenetic function from the ape package in R (Paradis
et al. 2004). Average branch lengths between each pair of species across all trees were then
calculated and inputted into a matrix of phylogenetic distances. The phylogenetic and population
dynamics correlation matrices were then trimmed to include only species occurring in both (n = 43
species in total). The similarity of the two matrices was determined via a Mantel test with 9999
permutations, using the mante/ function from the ecodist package in R (Goslee & Urban 2007). P-
values were determined by comparing the sum of the distance values between the two matrices to
the sums of randomised permutations of the matrices. Under the assumption that if the two matrices
are related, the sum of their values will be high and randomisation of the matrices will result in the
sums being lower. P-values are calculated by dividing the number of times that the sum of the
matrices is higher than the original non-randomised matrices by the number of permutations plus
the number of times the sum was higher. Further details can be found in Mantel (1967) and
explained in (Diniz-Filho et a/. 2013).
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Figure 2.3 Population dynamics dendrogram with butterfly species names coloured by family to
show phylogenetic patterning of population dynamics. Species with more correlated population

dynamics join further to the right-hand side of the dendrogram.

2.3.3 Calculating proxies of species’ roles in ecosystem functioning

We combined ecological theory with published trait datasets to develop new proxies for the relative
roles of UK butterfly species in delivering three broad types ecosystem functions: 1) the provision
of food to higher trophic levels, 2) wildflower pollination (outcrossing) function, and, 3) aesthetic
cultural function. Our basic approach is to develop ‘production functions’ which combine relevant
trait data to estimate relative roles of species in a community in contributing to ecosystem function.
Beyond these broad functions we can also calculate several 'sub-functions’, (e.g. wildflower
pollination function is assessed for different plant families). This approach is an extension of
traditional community functional ecology approaches that often use a single trait or functional
grouping as a proxy for ecosystem functioning (e.g. Luck et al, 2012; Funk et al., 2017). It allows
better incorporation of basic ecological process understanding into our predictions of species’
functional roles (e.g. outcrossing pollination can be a function of both insect mobility and plant

association). The approach can also be extended further in light of new understanding and available
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data (e.g. outcrossing pollination is also likely affected by amount of pollen carried on an insect’s
body and the likelihood of pollen transfer during flower visitation). Thus, we see our method as a
provisional approach towards more nuanced investigation of ecosystem functioning, beginning with
the basic production functions below. Standardised trait values for all species can be found in Table
2.2.

Table 2.2 Standardised trait scores for five example traits; larval biomass, cultural function and three
levels of pollination outcrossing function. Trait scores scaled between zero and one by dividing all

scores by the maximum value for that trait across all species. See main text for data sources.

General Brassicaceae

) Cultural ) o Caryophyllaceae
) Biomass ) wildflower pollination o
Species Function o pollination Index
Index (B) Index (©) pollination Index (Penontytacend
Index (P)  (Psrassicaceae)
Aglais io 0.125 0.699 0.116 0.074 0
Aglais urticae 0.121 0.396 0.21 0.138 0
Anthocharis cardamines <0.001 0 <0.001 >0.001 0
Aphantopus hyperantus 0.25 0.326 0.19 0 0
Argynnis adippe NA 0 NA NA NA
Argynnis aglaja <0.001 0 <0.001 0 0
Argynnis paphia 0.002 0 0.002 0 0
Aricia agestis <0.001 0 <0.001 0 0.001
Aricia artaxerxes <0.001 0 <0.001 0 0
Boloria euphrosyne <0.001 0 <0.001 0 >0.001
Boloria selene <0.001 0 <0.001 0 >0.001
Callophrys rubi <0.001 0 <0.001 0 >0.001
Carterocephalus palaemon NA 0 NA NA NA
Celastrina argiolus 0.002 0.067 0.004 0 0
Coenonympha pamphilus 0.006 0 0.005 0 0.008
Coenonympha tullia <0.001 0 <0.001 0 0
Colias croceus <0.001 0 <0.001 0 0
Cupido minimus <0.001 0 <0.001 0 0
Erebia aethiops <0.001 0 <0.001 0 0
Erynnnis tages <0.001 0 <0.001 0 >0.001
Euphydryas aurinia NA 0 NA NA NA
Gonepteryx rhamni 0.005 0.062 0.005 0.003 0
Hamearis lucina NA 0 NA NA NA
Hesperia comma <0.001 0 <0.001 0 0
Hipparchia semele <0.001 0 <0.001 0 0
Lasiommata megera 0.001 0 0.001 0 0
Leptidea sinapis <0.001 0 <0.001 0 0
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General

Brassicaceae

) Cultural ) o Caryophyllaceae
Species Blomass Function Wlld.flov.ver pollination pollination Index
Index (B) pollination Index
Index (C) (Pcaryophyliaceae)
Index (P)  (Pprassicaceae)
Limenitis camilla <0.001 0 NA 0 0
Lycaena phlaeas 0.003 0.059 0.005 0 0
Maniola jurtina 1 0.911 1 0 0
Melanargia galathea 0.009 0.099 0.008 0 0
Melitaea athalia NA 0 NA NA NA
Neozephyrus quercus <0.001 0 NA 0 >0.001
Ochlodes sylvanus 0.011 0.106 0.008 0.010
Papilio machaon
ritanmicus <0.001 0 <0.001 0 >0.001
Pararge aegeria 0.13 0.177 0.11 0 0
Pieris nap/ 0.25 0.26 0.35 0.383 0
Pieris brassicae 0.612 0.923 0.627 0.250 0
Pieris rapae 0.561 0.985 0.898 0.561 0
Plebeius argus <0.001 0 <0.001 >0.001 0
Polygonia c-album 0.031 0.18 0.029 0 0
Polyommatus bellargus <0.001 0 NA 0 0
Polyommatus coridon <0.001 0 NA 0 0
Polyommatus icarus 0.017 0.173 0.027 0 0
Pyrgus malvae NA 0 NA NA NA
Pyronia tithonus 0.355 1 0.325 0 0
Satyrium pruni NA 0 NA NA NA
Satyrium w-album <0.001 0 <0.001 0 0
Thecla betulae <0.001 0 <0.001 0 0
Thymelicus acteon <0.001 0 <0.001 0 0
Thymelicus lineola NA 0 NA 0 0
Thymelicus sylvestris 0.018 0 0.017 0 0
Vanessa atalanta 0.068 0.396 0.081 0 0
Vanessa cardui 0.013 0.071 NA 0 0

2.3.3.1 Provision of food to higher trophic levels

We aimed to create an index of total butterfly larval biomass which reflects the provision of food
to higher trophic levels i.e. as a food source for many bird species during chick development (Visser
et al 2006). Using updated 10km resolution butterfly occupancy data provided by Butterfly
Conservation (Asher et al 2001; Fox et al 2015) and abundance data from the stratified-sampling
UK Wider Countryside Butterfly Survey (WCBS), described in Brereton et a/ (2011), we calculated an

estimate for the relative average expected density of individuals across the UK. These relative
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national density scores were calculated using Equation 1 below, where D = relative national density
of individuals, O = average number of 10km? grid squares across the UK occupied by a species
between 2009 to 2017, A = average number of observations for a species between 2009 to 2017
from the WCBS survey, and OAn.x = maximum O.A score across all species. Thus, the index is
standardised to scale between zero and one, with a relative national density of one for the most

widely occurring species- the meadow brown Maniola jurtina.

D = (O.A) / OAax [1]

This index of relative national density was then combined with larval length data (L; in mm)
described in Carter and Hargreaves (1986), to estimate the relative total butterfly biomass across
the UK, under the assumptions that a) larval length is proportionally related to larval biomass with
a constant scaling factor, and b) species with high adult abundances also have a high larval
abundances and, therefore, provide more food biomass to higher trophic levels. Using Equation 2
below, a relative larval biomass score for each species was calculated, where B = total larval biomass

index and DL, = highest D.L score of all species of all species (M. jurtina).

B = DL / DLmax [2]

2.3.3.2 Wildflower pollination (outcrossing) function

Pollination by butterfly species is an important source of outcrossing and maintenance of the
genetic diversity of wild flowers, as many species travel further distances than other pollinators
(Courtney et al. 1982). The relative national density (D), combined with species’ mobility scores, was
used as a proxy for wildflower outcrossing pollination function (P), under the assumption that
species with a greater number of individuals, and higher levels of movement provide a greater
function. Mobility indices (M) were taken from Cowley et al. (2001). To standardise the index

between zero and one, all values were divided by the highest D.M. score (DM ).

P = (D.M) / DM ax [3a]
Additionally we estimated pollination function for each plant family individually (P,), where X = 1 if
a butterfly species visited the plant family or X = 0 if the species did not (data from Dennis, 2010;
Equation 3b below). To standardise the index between zero and one, the denominator DMX .y
reflects the maximum D.M.X score across all butterfly species for any given plant family X.

Py = (D.M.X) / DMXnax [3b]

For this case study we present results for two plant families, Brassicaceae and Caryophyllaceae,

chosen because each are visited by similar numbers of butterfly species (eight and nine species
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respectively; Dennis, 2010), which are clustered differently across the population dynamics

dendrogram (Fig. 2.4).

2.3.3.3 Aesthetic cultural function

Butterflies are a culturally important taxonomic group, constituting a major part of the general
public's engagement with nature (Clark et a/ 2014). By determining which species the general public
have the highest awareness of, it is possible to estimate the level to which people may notice
declines in species. For butterflies, large amounts of data are collected by skilled volunteers on
UKBMS sites or WCBS squares across the wider countryside. Unlike UKBMS or WCBS transects, the
Big Butterfly Count (BBC) encourages data collection by members of the general public in short 15
minute surveys over a one month period in summer (Dennis, Morgan, Brereton, Roy, & Fox, 2017).
As a result, the survey is a better measure of which species members of the public see most often
in their local environment. Using published results from the BBC described in Dennis et al. (2017),
the mean average number of recordings for the 18 most recorded UK butterfly species between
2011 and 2017 were calculated. Relative cultural function scores were calculated using Equation 4,
where C = relative cultural function score, Y = individual species average score from the BBC survey,
and Ynax = highest species average BBC score (gatekeeper Pyronia tithonus). Species that did not
occur in the top 18 species in the BBC had negligible occurrence in local environments and were

given a score of zero.

C = Y / Ymax [4]

2.3.3.4 Associations between ecosystem function proxies and species’ response guilds

Species’ scores for their relative role in providing different ecosystem functions were mapped onto
the population dynamics dendrogram, showing which species provided the highest levels of
functioning and where they clustered (Figs. 2.4 & 2.5). In order to determine whether functionally
important species were distributed non-randomly across the population dynamics dendrogram, the
differences in scaled (unit variance and zero mean) ecosystem function scores between all pairs of
UK butterfly species were calculated and absolute values were inputted into a matrix of Euclidean
distance. Each ecosystem function score matrix then underwent a Mantel test, as described
previously, with the transformed population dynamics correlation matrix to determine whether the

two showed significant associations.
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Figure 2.4 Standardized Brassicaceae and Caryophyllaceae pollination scores (/) mapped onto the
population dynamics dendrogram. Species proposed to provide a higher level of outcrossing

pollination function for Brassicaceae and Caryophyllaceae are indicated by circles.
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Figure 2.5 Resource provisioning to higher trophic levels, general wildflower outcrossing pollination,
and cultural function scores mapped onto the population dynamics dendrogram. For resource
provisioning and pollination, the ten species with the highest index scores have been mapped and
are indicated by coloured squares and triangles, respectively. For cultural functioning, all species

with a score greater than zero have been mapped and are indicated by green circles.

24  Results

2.4.1 Comparison of inter-annual population dynamics with phylogenetic relatedness

The results of the Mantel test show that increasing values in the transformed population dynamics
correlation matrix are significantly positively associated with increasing genetic distances between
species (p < 0.05, Table 2.3). Therefore, the greater the genetic distance between two species, the
greater the difference in their population dynamics, suggesting that closely related species respond
more similarly to environmental change than more distantly related species (r = 0.151; Table. 2.3),

i.e. in UK butterflies we find there to be sigificant heritability in species’ population dynamics.
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Table 2.3 Mantel test results relating differences in butterfly population dynamics, genetic distances

matrix and all trait matrices.

Observed Significance Lower Upper
Matrix 1 Matrix 2 correlation (Simulated confidence confidence
(Mantel r) p-value) limit (2.5%) limit (97.5%)

Population )

) Phylogenetic tree 0.143 0.003 0.100 0.185
dynamics
Population )

) Larval biomass -0.279 0.868 -0.567 0.089
dynamics
Population )

] Cultural function 0.086 0.141 -0.006 0.157
dynamics
Population General wildflower

, o -0.162 0.665 -0.517 0.198
dynamics pollination score
Population Brassicaceae

, o -0.232 0.663 -0.419 0.000
dynamics pollination score
Population Caryophyllaceae

, o 0.489 0.163 0.000 0.780
dynamics pollination score

2.4.2 Comparing trait distributions with population dynamics

There were no significant associations between the transformed population dynamics correlation
matrix and either the larval biomass or cultural function matrices (p = 0.868 and p = 0.141
respectively (Table 2.3)). Additionally, none of the matrices of pollination functioning (general
wildflower pollination, Brassicaceae or Caryophyllaceae) showed any significant associations with
the population dynamics correlations (p = 0.665, p = 0.663 and p = 0.163 respectively (Table 2.3)).
Therefore, functionally important species are not patterned across the dendrogram in a manner
significantly different from random for any of the traits investigated, i.e. they are not significantly

clustered within response guilds.

2.5 Discussion

The need to predict the effects of environmental change on ecosystem services remains an urgent
priority (Diaz et al 2013; Oliver et al 2015; De Palma et al 2017). Previous methods have so far
failed to adequately address this priority and a fresh perspective is required to overcome the
decades-long impasse (Diaz & Cabido 1997; Lavorel & Garnier 2002; Funk et a/ 2017). In this paper,
we have demonstrated an alternative method that begins to overcome some of the previous
constraints, by using long-term monitoring data to inform on overall species’ responses to past
environmental change (i.e. integrated across multiple aspects of historic environmental change).
This eliminates the need to ascertain relationships between individual response and effects traits,
and combine these additively in order to understand overall responses to multivariate environmental
change and the subsequent effects on function. Using long-term monitoring data, we show that

correlations between species’ population dynamics can be used to determine whether functionally
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important species respond to historic environmental drivers in the same way, which according to
theory should inform on the resilience of ecosystem functioning (Lavorel & Garnier 2002; Loreau &
de Mazancourt 2013; Oliver et al. 2015). Essentially, rather than considering the correlations between
individual response and effect traits, we consider the correlation between ecosystem function
proxies and 'response guilds’, in order to predict ecosystem service resilience.

Applying this approach for three types of ecosystem functions that underpin supporting,
regulating and cultural services provided by UK butterflies, we found that provision of food for
higher trophic levels, wildflower pollination function and aesthetic cultural function appear relatively
resilient to environmental change. These functional traits were spread across a number of response
guilds, suggesting uncorrelated or even asynchronous responses of functionally important species,
which should lead to more stable ecosystem functioning (Loreau & de Mazancourt 2013; Mori et
al 2013) and lower levels of ecosystem function deficit (Allan et a/ 2011; Oliver et a/. 2015). The
investigation into the stability of wildflower pollination function showed that butterfly species that
visit the family Caryophyllaceae showed more clustering into response guilds than those that are
important for Brassicaceae pollination, perhaps suggesting a greater resilience of pollination of the
latter, although in both cases the overall correlation between ecosystem function and population
dynamics matrices was not significant.

We propose that a higher number of functionally important species across multiple response
guilds leads to more resilient ecosystem functioning. Therefore any species which is the sole
representative of a response guild should be more important for resilience, as these species have
asynchronous dynamics compared with others and so will have more influence on the statistical
averaging (‘portfolio’) effect that results in an overall more stable ecosystem function from a
community (Ives et a/ 1999; Tilman 1999; Yachi & Loreau 1999). Using cultural function in UK
butterflies as an example, we find that in some cases, multiple functionally important species are
aggregated into the same response quild, e.qg. Pieris rapae, Pieris napi, Pieris brassicae, Aphantopus
hyperantus, and Pararge aegeria (Fig. 2.5, Table 2.1). In other cases, however, important functional
species are isolated in their own response guilds, for example, the holly blue butterfly Celastrina
argiolus (Fig. 2.5, Table 2.1). We suggest that this species is particularly important because in years
when the other species are in synchronised decline, this may be one of the few remaining species
apparent in gardens, ensuring at least some butterflies are seen and providing the maintenance of
cultural services. Populations of this species appear to respond to an interacting set of drivers
related to weather and parasitoids in a unique way (Oliver & Roy 2015).

In our analysis of UK butterflies, we found that population dynamics show some degree of
heritability, with species more closely related more likely to respond to environmental drivers in the
same way (Fig. 2.3). This fits with the niche conservatism theory proposed by Harvey & Pagel (1991),
whereby closely related species are more likely to be ecologically similar (Ackerly 2009). Interestingly,
it contrasts with results from Diamond, Frame, Martin, & Buckley (2011) who found little evidence
of a phylogenetic signal in UK butterflies phenological responses. Our findings of a phylogenetic

patterning in population dynamics suggest there might be potential opportunity for conservationists
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to infer how rarer, data-sparse species respond to environmental change based on the responses
of related species for which population dynamics data are available.

Although we believe our methodology offers significant advances over previous reductionist
approaches for predicting resilience of ecosystem functioning in real world situations, it has several
limitations. First, our method is most applicable to species for which long-term monitoring data are
available e.g. in the UK this primarily comprises groups such as plants, butterflies, birds, aphids,
moths and ground beetles e.g. Morecroft et al. (2009). Other spatially replicated standardised
recording schemes, such as for pollinators, are still in their infancy, although should produce usable
data for this method in due course (Pocock et a/ 2015; Hayhow et a/ 2016). Furthermore, as well
as an expansion in population monitoring schemes, there has also been a recent increase in the
taxonomic coverage and participation in citizen science distribution recording schemes (Pocock et
al. 2017a). In some cases, yearly changes in the total number of biological records (georeferenced
records of a species presence at a particular time) can be used as a proxy for yearly changes in
species’ abundance, as shown by Mason et al., (2018). Using such proxies for time series data would
open up this method to a far greater range of species and ecosystem functions, greatly increasing
its potential implementation.

Second, using our approach to predict resilience of ecosystem functioning in the future
requires the assumption that patterns of species’ covariance will remain similar over time. This is a
reasonable assumption to some degree, since morphological and physiological traits determine
responses to environmental change (supported by our result reflecting significant heritability), and
such traits can only change relatively slowly through evolution. However, it remains feasible that
newly arising environmental drivers of change could affect individual species idiosyncratically, e.g.
a newly arriving pathogen which is species-specific. Therefore, some deliberation is needed with
regards to the appropriate level of uncertainty when making predictions, as in any ecological
forecasting attempt (Oliver & Roy 2015).

Finally, there are still constraints in applying these methods based on the availability of
functional ‘effect’ traits. To demonstrate the applicability of the method, we used three basic proxies
for ecosystem functions delivered by butterflies. Uncertainty remains in the appropriateness of these
proxies; for example, we assume that all species found in urban gardens have equal cultural value,
with total cultural function scaling proportionally with relative butterfly density. However, certain
species might be more culturally important than others (e.g. see Hiron, Part, Siriwardena, &
Whittingham, 2018), and there may be diminishing marginal returns of cultural value with increasing
butterfly abundance. Whilst such concerns are not critical in demonstrating the applicability of the
method, further refinement of trait selection and calculation will be necessary for using this method
for conservation strategies and in predictive frameworks. Nevertheless, our approach needs far less
trait specific information than previous reductionist approaches because we bypass the need to
assess response traits for every species and for multiple different aspects of environmental change.
Finally, in this study, we have not proposed levels of asynchrony in population dynamics below
which ‘safe’ thresholds of ecosystem function resilience are passed, and further work is necessary,

incorporating social science research into levels of acceptable environmental risk.
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In summary, whilst there remains uncertainty in the links between species traits, population
changes and ecosystem function, our method is more practical and feasible than previous
reductionist approaches. It uses long-term monitoring data based on co-varying species’ responses
to multiple aspects of environmental change, and we hope it offers a significant advancement in

our ability to predict ecosystem function resilience.
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Chapter 3. Landscape genetics of Maniola jurtina in Southern England

3.1 Abstract

The effects of habitat loss and fragmentation on biodiversity are well studied. However, whilst
measures such as species abundance or diversity are easily quantifiable, understanding the effects
of habitat loss on more cryptic measures of biodiversity, such as genetic diversity, are more
complicated. Whilst the importance of genetic diversity has been recognised by the Convention of
Biological Diversity, attempts at monitoring or improvement have been minimal, with very few cases
of genetic monitoring occurring outside of domesticated or socioeconomically important species.
Using microsatellite markers, we present the results of a pilot genetic monitoring scheme for the
meadow brown butterfly Maniola jurtina. By collecting and analysing samples yearly from 15 sites
across the south of England we show that all populations sampled appear to belong to a single,
large population with high levels of gene flow and genetic diversity, and low levels of genetic
differentiation. Our results also show that for the populations studied there has been very little
change in genetic diversity over time. These results provide further information regarding the
biodiversity of a well-studied species and also show that the monitoring of a wild species’ genetic

diversity is an achievable aim, and one that could be carried out for many species.
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3.2 Introduction

3.2.1 The effects of landscape on species movements and gene flow

The structure and configuration of a landscape has a direct effect on the movement of organisms
within it (Sutherland et a/ 2015a). Landscapes that facilitate the movement of individuals between
habitat patches are more connected than those that impede movement (Taylor et al/ 1993).
However, the degree of connectivity of a landscape can be specific to individual species (Watts &
Handley 2010), especially when considering the attributes and responses of the species being
studied i.e. functional connectivity (Auffret et a/ 2015).

Habitat loss and the fragmentation of habitats within a landscape can be major drivers of
species loss (Pimm et al. 2014), however there is debate within the literature about which of these
two factors has the greater effect on species declines, and this too, is likely to be species-specific,
with sedentary species disproportionately affected by fragmentation (Fahrig 2003, 2017; Hanski
2015; Crooks et al. 2017; Fletcher et al. 2018; Fahrig et a/. 2019). Habitat fragmentation, the reduction
of areas of continuous habitat into smaller patches surrounded by areas of dissimilar non-habitat
(matrix) (Crooks et al. 2017), can lead to subsequent reductions in connectivity and the degree to
which a landscape facilitates the movement of an organism (Kadoya 2009; Delattre et a/. 2013b). In
turn this can result in a reduction of gene flow between populations (Keyghobadi 2007), potentially
raising extinction risks due to factors such as increasing genetic drift and inbreeding depression
(Keyghobadi 2007; Frankham 2010; Shirk et a/ 2010).

Reductions to genetic diversity as a result of habitat fragmentation can be lessened by
connecting fragmented habitats via corridors and stepping stones (Hale et a/ 2001; Baum et a/.
2004). However there are relatively few recorded cases where gene flow has been re-established
after such measures (Frankham 2010). It would be better therefore, to ensure that habitats remain
connected and gene flow does not become disrupted between populations. To measure this
connectivity often requires monitoring of the genetic diversity of populations, where direct
observation of individual movements is unfeasible. By tracking changes in genetic diversity
conservationists can identify isolated populations and begin mitigation attempts to improve gene
flow. The data required for such hands-on management are lacking for the majority of species

impacted by landscape perturbations.

3.2.2 Landscape effects on Maniola jurtina ecology

The meadow brown butterfly, Maniola jurtina (Linnaeus 1758), is a common satyrine butterfly
species, classified as ‘Least Concern’ under the red list of British butterfly species (Fox et a/ 2011).
However, the species has undergone declines across Europe over the past 20 years, due to changes
in agricultural practices and increasing habitat fragmentation (Delattre et a/ 2010; Van Swaay et al.
2013). M. jurtina are generalists, feeding on a range of nectar plants and using multiple grass species
(Poaceae) as host plants (Lebeau et a/ 2016). Adult flight movement through a landscape is non-
random, with individuals exhibiting ‘foray search’ and ‘direct flight' movements. Additionally
individuals are able to recognise boundaries between areas of habitat and non-habitat (Conradt et
al. 2000, 2003; Delattre et a/. 2010, 2013b). Typical individuals are relatively sedentary compared to
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other butterfly species (see silver studded blue Plebejus argus and painted lady Vanessa carduiin
Thomas & Lewington (2010), moving around an area with a radius generally less than 500m
(although longer distance movements of up to 2.1km have been recorded (Schneider et a/. 2003)).

Since the mid twentieth century, much research has been conducted on M. jurtina covering
a wide range of biological topics. These include evolutionary genetics (e.g. Creed et a/, 1959;
Dowdeswell, 1961; Brakefield & van Noordwijkl, 1985; Brakefield & Shreeve, 1992 and references
within), ecology and life history (e.g. Brakefield, 1982a, 1982b; Lebeau et al., 2018), dispersal and
movement (e.g. Conradt et a/ 2000; Wood & Pullin 2002; Schneider et a/. 2003; Ouin et a/ 2008;
Delattre et a/ 2013; Evans et a/ 2019, 2020), and historical distributions (e.g. Dapporto et a/, 2011
and references within). However, despite this large body of information, relatively few studies
specifically investigate its genetic diversity.

Studies that have investigated the genetic diversity of M. jurtina have found a wide range
of heterozygosity within populations across Europe (see Thomson, 1987; Goulson, 1993; Schmitt et
al, 2005; Habel et a/, 2009; Richard et al, 2015). However, as suggested by Schmitt et a/ (2005),
these differing estimates are likely the result of differing molecular techniques and therefore not
comparable. These techniques include allozyme analysis using starch gel electrophoresis by
Thomson, (1987) and Goulson (1993), allozyme analysis using cellulose acetate electrophoresis by
Schmitt et a/, (2005) and more recently microsatellites by Richard et a/ (2015).

A recent study by Richard et al/ (2015) using microsatellite markers and M. jurtina
populations in France determined that, at the scale of the study, distance had little effect on pairwise
differentiation between populations (Fsr = -0.008 to 0.016, maximum distance Aquitaine to Lorraine
~ 670km), with low pairwise Fst scores (<0.02) calculated between all pairs of sites (Richard et al.
2015). The authors conclude that these results suggest high levels of gene flow could be down to
either previously unrecorded long range dispersal, or stepping stones between populations,
functionally connecting areas of habitat (Richard et a/ 2015).

Further investigations using the same microsatellite markers determined that linear
grassland elements enhance M. jurtina gene flow, whilst woodlands and arable landscapes limit
gene flow (Villemey et a/ 2016). Their findings support the known ecology of M. jurtina and its
utilisation of a range of grass species as host plants. As well as grasslands being a common habitat
type across Europe, an additional reason for the high levels of genetic diversity in M. jurtina may
be due to its high abundance and widespread distribution (Schmitt et a/ 2005). Evidence to support
this comes from another widespread, abundant European butterfly species (Pieris napi), which has
also been found to have high levels of genetic diversity and low levels of genetic differentiation
(Schmitt & Hewitt 2004). These results were attributed to P. napi belonging to large, continuous
populations.

The most recent investigation into the genetic diversity of M. jurtina used AFLPs on
populations of M. jurtina on the Isles of Scilly, UK (Baxter et al 2017). The authors found genome
wide differentiation and population structuring among five islands, suggesting restricted migration
between islands and the suggestion that open water can inhibit M. jurtina gene flow. This work

supports mark-release-recapture studies conducted by Dowdeswell et a/, (1949) which found
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restricted dispersal both within and between the same islands used by Baxter et a/ (2017). However
these studies contradict direct observations of sea crossings, recorded in Dennis & Shreeve (1996)
and mark-release-recapture work by Shreeve et a/, (1995) that show M. jurtina are capable of

crossing open water in numbers (Dennis & Shreeve 1996; Dapporto et a/. 2009).

3.2.3 Monitoring genetic diversity

Previous studies specifically investigating the genetic diversity of M. jurtina have been for single
time points. For example Goulson (1993a) sampled individuals across a single flight season in 1990,
whilst Villemey et al. (2016) sampled individuals in 2013. Differences and advances in the molecular
technologies used mean the results are not directly comparable, therefore it is not possible to infer
changes in genetic diversity from multiple independent studies over time. Specific long-term studies
are required to monitor genetic diversity, using a consistent, comparable methodology.

Such studies, quantifying the temporal changes in the genetic metrics of a population
(Schwartz et al. 2007), are rare outside of socio-economically important species (Hutchinson et al.
2003; Hoffman & Blouin 2004; Nussey et al. 2005; Poulsen et al 2006). This is despite the need for
such schemes being increasingly recognised globally (Boettcher et a/ 2010), and genetic diversity
regarded as a key measure of biodiversity (Pereira et a/. 2013). Monitoring has become a necessity
because genetic diversity is the foundation for all other levels of biodiversity (Bruford et al. 2017),
and populations with high levels of genetic diversity are more able to adapt to environmental
change (McGill et al. 2015). The Convention on Biological Diversity (CBD) determined that by 2020
we will have developed and implemented methods for maintaining and minimising genetic erosion
of cultivated plants, farmed and domesticated animals, and of wild relatives, including other socio-
economically and culturally valuable species (Convention on Biological Diversity 2011b). A recent
proposed update to this target expanded this aim to maintain and enhance genetic diversity by
2030 and for 90% of species by 2050 (Convention on Biological Diversity 2020c, d). These aims have
come under criticism, as the vast majority of species globally, including M. jurtina, do not fall into
these narrow categories highlighted by the CBD and such knowledge is currently lacking for the
vast majority of wild species (Laikre 2010; Laikre et a/. 2020).

3.2.4 Chapter aims
Previous studies into the genetic diversity of M. jurtina have resulted in a range of estimates as to
the levels of genetic diversity, heterozygosity and population differentiation of this species (Goulson
1993a; Schmitt et a/ 2005; Richard et a/ 2015). In this chapter microsatellite markers were used to
determine levels of genetic diversity and population structure for M. jurtina populations across
southern England. It was expected that the results would support the previous studies finding high
levels of gene flow.

This chapter will also investigate whether the genetic diversity of M. jurtina is variable over
time, comparing the results from fourteen populations before and after a time gap of five years.
Yearly comparisons were also undertaken with three populations to see if there were any annual

changes in the levels of genetic diversity.
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Finally, this chapter assesses the future utility of long-term monitoring for the genetic

diversity of British populations of M. jurtina and the practicalities and problems associated with it.

33 Methods

3.3.1 Sample collection and preparation

Over the eight-year study period a total of 1024 individual Maniola jurtina samples were collected
from 15 sites in the South of England (Fig. 3.1). Sites encompassed a range of M. jurtina habitat
types including lowland calcareous grassland, non-chalk grassland, woodland and open heathland.
All sites also host a UKBMS transect, a 2-4km route where volunteer observers record butterflies at
specific times of day and during specific weather conditions throughout the summer (Pollard &
Yates 1993). Further information on sample collection and preparation can be found in Appendix
A.
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Figure 3.1 A) Fifteen sites around the Chiltern Hills from which Maniola jurtina samples were

collected for genetic analysis. Large black circles signify non-chalk sites (n = 7), large white circles

signify chalk sites (n = 8). Main towns are marked with red diamonds. Inset map shows the locations

of 540 UKBMS transect sites from which the 15 used in this analysis are a subsample. Sites with

coloured rings are the three sites used for the time series analysis: Blue = Aston Upthorpe (AU),

Red = Bowdown (B) and Orange = Crabtree plantation (C). Yearly abundance for these sites shown

in plot B. Data for 2012, 2015 & 2016 for C missing due to no recording transects being carried

out in those years.
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3.3.2 Molecular analysis
All samples were archived as taxonomic vouchers at -20°C at the University of Reading. DNA
extractions were carried out using leg tissue. DNA from samples collected in 2012 and 2013 was
extracted prior to the project starting by Melanie Gibbs from the UK Centre for Ecology & Hydrology
(UKCEH), using DNeasy Blood and Tissue Kits (Qiagen), following the manufacturers guidelines. DNA
from samples from Aston Upthorpe (AU), Bowdown (B) and Crabtree plantation (C) from 2014
onwards and samples from all sites in 2017 were extracted using prepGEM Universal (MicroGEM),
following the manufacturer’s guidelines, optimised by halving the reaction volumes resulting in 20pL
eluted DNA. Genotyping was carried out using six microsatellite markers isolated by Richard et a/
(2015). For further information regarding novel primer development and evaluation, and pre-existing
primer evaluation please see Appendices B and C respectively.

Polymerase Chain Reactions (PCRs) were conducted in a total volume of 11yl containing
TuL template DNA, 6.25uL QIAGEN multiplex PCR master mix (3mM MgCly), 0.625uL tagged forward
primer (5' labelled with 6-FAM, NED or PET), 0.625uL reverse primer, 1.25uL QIAGEN Q solution,
2.25pL RNase-free water. Further details of PCRs, including primer concentrations can be found in
Appendix C. PCRs were carried out in an Eppendorf Mastercycler nexus eco with an initial
denaturation for 15:00 at 95°C, followed by 40 cycles of 00:30 at 94°C, 01:30 at 56°C & 01:00 at
72°C, and a final extension 10:00 at 72°C. All PCR reactions underwent fragment analysis using an
Applied Biosystems 3730 DNA Analyser. The results were then scored using GeneMarker® version
1.5 (SoftGenetics) using the standard default settings for animal fragments. Any individual for which
there were more than two loci with missing data were removed from the analysis (5.96% of samples).
Further samples were then removed to ensure that all populations had a maximum of 5% missing

data per locus. This ensured that no loci were dropped in the analysis due to insufficient data.

3.3.3 Statistical analysis

Each set of analyses were undertaken separately for all samples in 2012 (totalling 252 individuals
across 14 sites), all samples in 2017 (totalling 287 individuals across 15 sites) and a subset of all
samples from three sites (AU, B, C) from 2012 to 2019 (totalling 432 individuals). These datasets are
herein referred to as 2012, 2017 and All Years.

3.3.3.1 Site characteristics

Euclidean distances between sites were calculated from the GPS coordinates of each site using the
function dlistm in the R package Geosphere (Hijmans 2019). Renkonen'’s habitat percentage similarity
was estimated for each pair of sites (Renkonen 1938; Jost et a/ 2011), following the methods
outlined in Powney et a/. (2014), Only habitat data within a 500m radius about the centroid of each
site was included in the calculation of habitat similarity, using land use classifications from the
UKCEH Land Cover Map 2000 (Fuller et a/ 2002)..
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3.3.3.2 Microsatellite analysis

Linkage disequilibrium among pairs of loci was tested for in Genepop v4.7 (Rousset 2008), to
determine whether genotypes at each loci were independent from those at other loci. This was
carried out via a test of composite linkage disequilibrium as described by Weir (1996). Null allele
frequencies i.e. the frequency of alleles for which amplification did not occur, were also calculated.
The observed and expected heterozygosities (H, and H. respectively) across the whole dataset, for
individual loci and averaged across all loci, were calculated using the R package PopGenReport
(Adamack & Gruber 2014; Gruber & Adamack 2015), as were deviations from Hardy Weinberg
equilibrium (HWE). Significant deviations from HWE indicate population processes such as

inbreeding, drift or genetic substructure and were calculated via a Chi? test in PopGenReport.

3.3.3.3 Genetic diversity, divergence and structure

For each locus Wright's F statistics (Wright 1965) (defined in Excoffier (2001) as Fi;: the correlation
between genes within individuals () relative to the genes of the total population (T), Fst: the
correlation between genes within a subdivision (S) relative to the genes of the total population (T),
and Fis (inbreeding coefficient): the correlation between genes within individuals (I) relative to those
within a subdivision of the population (S)) were calculated across all sampling locations using
Genepop. An estimate of Rsy, a measure of differentiation that accounts for allele size variance in
genetic markers that undergo stepwise mutation, such as microsatellites (Slatkin 1995), was
calculated in FSTAT 2.9.4 (Goudet 1994). Additionally, for each site the allelic richness i.e. the average
number of alleles per locus was calculated using the rarefaction procedure, based upon minimum
samples sizes of 11, 14 and nine for the three datasets (2012, 2017 and all years) respectively. The
number of private alleles, those occurring within a single population, per site were calculated using
PopGenReport, as were the expected (H.) and observed (H,) heterozygosity for each locus and the
percentage differences between H, and H,. Expected heterozygosities for each site and across all
sites were calculated using Arlequin v 3.5.2.2 (Excoffier & Lischer 2010).

Effective population sizes (N.) were estimated using two methods, the bias corrected linkage
disequilibrium method (Hill 1981; Waples 2006; Waples & Do 2010), and the heterozygote excess
method (Pudovkin et a/ 1996; Zhdanova & Pudovkin 2008) both implemented in NeEstimator V2
(Do et al. 2014). The bias corrected linkage disequilibrium method is based upon the random linkage
disequilibrium due to chance in each generation of a finite population (Hill 1981) and has a greater
precision than alternate, temporal methods to estimate N, when using microsatellite data (Waples
& Do 2010). In contrast the heterozygote excess method indirectly estimates N, based upon an
increase in the observed proportion of heterozygotes away from proportion expected at HWE,
within a finite population (Pudovkin et al 1996).

Population structure was investigated using STRUCTURE v.2.3.4 (Pritchard et al. 2000; Falush
et al. 2007). Structure uses a Bayesian, model-based clustering method to assign individuals into K
number of populations, which are characterized by the allele frequencies per locus. Samples are
assigned to populations based upon whether their genotypes are admixed. Separate models are

run using Markov Chain Monte Carlo (MCMCQ) iterations, with increasing values of K up to a
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maximum K i.e. the number of sampling locations (Pritchard et a/. 2000; Falush et a/ 2003). For all
models in this study the parameter set used an admixture model and correlated allele frequencies
with a 100,000 burn-in and 1,000,000 MCMC replications per chain. For each possible value of K,
twenty chains were run. The most likely value of K within the sample sets was estimated using the
programme STRUCTURE Harvester (Earl & VonHoldt 2012), which estimates an ad hoc statistic,
Delta K, which is used to determine the most likely value of K based upon the rate of change in
the log probability of data between successive values of K (Evanno et a/ 2005). Where K = 1 the
use of Delta K is not applicable (Evanno et a/. 2005), instead the STRUCTURE output bar plots
showing the estimated membership coefficients were used to confirm K = 1. To aid visualisation of
the STRUCTURE outputs the full results of each run were uploaded to CLUMPAK (Kopelman et al.
2015) and run through the main pipeline to identify the optimal cluster label alignments across the
different values of K tested.

Contemporary migration rates between sites were estimated using BayesAss v.3.04 (Wilson
& Rannala 2003). A burn-in of 10,000 and 10,000,000 MCMC repetitions were used with a thinning
interval of 800, and mixing parameters of 0.8 for migration rates, 0.4 for allele frequencies and 0.8
for inbreeding coefficients. MCMC convergence was monitored for each set of samples by plotting
the profile of the likelihood and prior values over time using Tracer v1.7.1 (Rambaut et a/ 2018).
For each run the MCMC did not reach convergence. The number of MCMC repetitions was increased
to 100,000,000, however convergence still did not occur and as a result BayesAss was abandoned
from the study. Instead Slatkin's private allele method for estimating migrants, which estimates
average gene flow between populations by measuring the average number of migrants exchanged
(Slatkin 1985), was calculated in Genepop. This was estimated across the entire 2012 and 2017
datasets and done on a yearly basis for the three sites across eight years to provide an annual
estimate of migration.

For measures of genetic distance, individuals were pooled on a per site basis. Weir and
Cockerham’s pairwise Fst values were calculated using Fstat v. 2.9.4 (Goudet 1994), which calculates
the multilocus estimator of Fst between each pair of populations using a weighted ANOVA (Weir &
Cockerham 1984). Estimates of isolation by distance (IBD) were calculated by plotting pairwise Fsr
values against (log) Euclidean distances between sites, with a Mantel R test using the mante/
function from the R package Ecodist (Goslee & Urban 2007). Pairwise Fsr values were also plotted
against the level of habitat similarity between each site pair in a Mantel R test.

In addition to the yearly estimates of migration rates calculated for each year within the All
Years dataset described above, changes in pairwise Fs; between sites, the effective population sizes
and census population sizes were also plotted. Census population sizes were calculated from a

relative population abundance score for each site from UKBMS monitoring data.

3.3.3.4 Landscape genetics

The effects of landscape features on M. jurtina geneflow were investigated using the R package
ResistanceGA (Peterman 2018). ResistanceGA optimizes resistance surfaces, “spatial layers that

assign a value to each landscape or environmental feature that represents the degree to which that
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feature impedes or facilitates connectivity for an organism of interest” (Spear et a/. 2010), using a
genetic algorithm (GA) from the R package GA (Scrucca 2013). This method removes the subjectivity
and bias in the parameterisation of resistance surfaces when using expert opinion or trial and error
(Peterman 2018; Peterman et a/ 2019; Winiarski et a/ 2020). Detailed methods for ResistanceGA
can be found in Peterman (2018).

Initial landscape surfaces were derived from the UKCEH Land Cover Map 25m Raster (LCM)
(Rowland et al. 2017). Three different parameterisations were considered (Fig. 3.2). Firstly, a binary
surface with pixels allocated either as grass (M. jurtina habitat) or non-grass (non-habitat). Secondly,
each pixel was either defined as non-grass or as one of the four non-heathland grass types classified
in the LCM (Improved, Neutral, Calcareous and Acid). Finally, pixels were classified into seven broad
habitat classifications: Woodland (Broadleaf and Coniferous woodland), Arable (Arable and
Horticulture), Improved Grassland, Semi-Natural Grassland (Neutral, Calcareous and Acid Grassland),
Heathland (Heather, Heather Grassland, Inland Rock), Freshwater, and Built-up Areas (Urban and
Sub-urban). No other habitat types occurred in the sample landscape. Due to computational and
time limitations, initial runs were carried out at a 250m resolution, using the modal 25m pixel value
within each 250m pixel. For the binary landscapes 100m resolution surfaces were also generated
and tested.

In total five competing models were tested: a null model i.e. geographic structure has no
effect on geneflow, an IBD model i.e. distance between populations rather than landscape structure
affects geneflow, and the three isolation by resistance (IBR) models: binary grass/non-grass, multiple
grasses and multiple variables. Two measures of genetic distance were used in the analysis. Fsr and
the proportion of different alleles between populations (PODA). PODA was obtained by subtracting
the proportion of shared alleles between populations (POSA) from one i.e. PODA = 1 — POSA. POSA
was calculated using the pairwise propShared function from PopGenReport,.

Using ResistanceGA an initial random population was generated and assigned resistance
values using the parameter values being tested. Pairwise effective distances were then calculated
across the landscape using random walk commute times with the gdistprep function from the R
package gdistance (van Etten 2017). A linear mixed effects model, with genetic distance as the
response variable and scaled and centred pairwise effective distance as the predictor variable, was
fitted to the data with a maximum likelihood population effects (MLPE) parameterization to account
for non-independence within the pairwise data (Peterman 2018). Log-likelihood values were
obtained from the model. After sufficient repetitions to create populations that were 15 times the
number of parameters, the GA began selection, with the 5% of individuals with the best log-
likelihood values carried on to the next generation. A new population was then created through
crossover and mutation. The process was repeated until 40 generations had passed with no

improvement to the log-likelihood results (Peterman 2018).
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For each resistance surface the process was run twice to confirm convergence and
parameter estimates (Peterman 2018). Akaike information criterion (AIC) were used to assess model
fits. For each optimized resistance surface, the replicate with the greatest log-likelihood value was
used in a bootstrap analysis, to determine the best supported resistance surface using the
Resist.boot function from ResistanceGA, with 75% population resampling and 1000 iterations. The
pairwise responses and distance matrices from each optimized surface were subsampled without
replacement. Fit statistics were then calculated by refitting the MLPE model, with the frequency that

a model was top ranked providing support for the accuracy of optimization (Peterman 2018).
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Figure 3.2 Maps showing the four landscape surfaces used in the ResistanceGA analysis.

A) Study landscape at the 100m pixel resolution. Binary landscape grass and non-grass. Dark green
= grass, white = non-grass. B) Study landscape at the 250m pixel resolution. Binary landscape grass
and non-grass. Dark green = grass, white = non-grass. C) Study landscape at the 250m pixel
resolution, multiple grass types included. Green = improved grassland, light green = neutral

grassland, lime green = calcareous grassland, brown = acid grassland. D) Study landscape at the

250m pixel resolution, multiple habitat types included. Brown = arable, red = woodland, green =

improved grassland, light green = semi-natural grassland, blue = freshwater, black = built up areas,

purple = heathland. Site locations marked by yellow points.
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3.4  Results

3.4.1 Microsatellites, HWE and GE

There was no evidence of linkage disequilibrium between pairs of loci for any of the three datasets
(Table 3.1). With the exception of a few loci at single locations and time points, site locus
combinations had a low frequency (<0.2) of null alleles (Tables 3.2, A-C). In all three datasets the
microsatellites displayed a high level of variability (Table 3.3), with the highest values of A, occurring
at Mj5331 (0.877, 0.902 and 0.905 for 2012, 2017 and All Years respectively) and the lowest occurring
at Mj4870 (0.262, 0.279 and 0.277). Across each dataset all loci showed a non-significant level of
heterozygote deficit across the population as a whole, the greatest occurring at Mj4870 with deficits
of 31.444% (2012), 24.596% (2017) and 24.337% (All Years) (Table 3.3). The high heterozygote deficit
of this locus led to all analyses being re-done with the locus Mj4870 removed. This had no significant
effect on the overall results therefore the locus was included. No Fsrvalues were significantly greater
than zero at any locus within any of the three datasets. However, Fs values were significantly greater

than zero at the following loci (Table 3.3), indicating potential deviations from HWE:

e 2012 Mj7232, Mj4870, Mj0247
e 2017 Mj7232, Mj4870, Mj0247, Mj5522
e Allyears Mj7232, Mj4870, Mj0247, M;j5522

Table 3.1 Composite linkage disequilibrium test outputs for all locus pair combinations for the
datasets 2012, 2017 and All Years.

2012 2017 All Years
Chi? df p-Value Chi® df p-Value Chiz df p-Value
Mj7232 Mj5522 33498 28 0218 30.528 30 0439 19476 44 1.000
Mj7232 Mj0247 17.833 22 0.716 23.029 26  0.631 3.754 34 1.000
Mj5522 Mj0247 17482 22 0.736 7734 26 1.000 28455 36  0.811
Mj7232 M;j4870 25673 28  0.591 30.842 30 0423 35302 44 0822
Mj5522 M;j4870 19.728 28 0.874 15,522 30 0.986 35110 46  0.879
Mj0247 M;j4870 8.877 22 0.994 20015 26  0.791 24946 36 0917
Mj7232 Mj7132 27608 28 0485 16.554 30 0978 14.614 42 1.000
Mj5522 Mj7132 18.644 28  0.909 23,531 30 0.793 15.838 44 1.000
Mj0247 Mj7132 5.156 22 1.000 13.529 26 0.979 11.729 34 1.000
Mj4870 Mj7132 21817 28 0.790 23315 30 0.802 27830 44 0.973
Mj7232 Mj5331 6.305 24 1.000 24854 26 0.527 9.982 40 1.000
Mj5522 Mj5331 11532 24 0.985 14212 26 0.970 11.567 42 1.000
Mj0247 Mj5331 12.538 20 0.896 13.037 22 0.932 19.544 34 0.978
Mj4870 Mj5331 11.300 22 0.970 17472 26 0.894 21974 42 0.995
Mj7132 Mj5331 24511 24 0433 11.868 26  0.992 37668 42  0.661

Locus pair
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Table 3.2 Locus by populations estimated null allele frequencies for A) 2012 B) 2017 and C) Subset of three sites for 2012-2019 inclusive. Values in bold
exceed 0.2 frequency of null alleles. NA = no information available. This is due to only 9 individuals occurring in the dataset for the site year combination

B-14 and all individuals being homozygous at 173 for the locus Mj4870.

3.2.A 2012 null allele frequencies

ARN ARS AU B C CH D HP LC LW MC SD TC WW  Mean
Mj7232 0.000 0.032 0.087 0.012 0037 0061 0.165 0.114 0.151 0.074 0.067 0.126 0.127 0.076 0.081
Mj5522 0.000 0.036 0.025 0.049 0.044 0.000 0.000 0.000 0.000 0.000 0.000 0.067 0.000 0.025 0.018
Mj0247 0.058 0.222 0.032 0.000 0.040 0.038 0.060 0033 0.035 0.083 0010 0082 0.092 0.000 0.056
Mj4870 0.159 0.169 0.094 0.000 0.092 0.151 0.000 0.202 0.192 0.135 0.161 0.113 0.114 0.107 0.121
Mj7132  0.000 0.000 0.000 0.040 0.031 0.022 0.000 0.000 0.010 0.000 0.000 0.113 0.000 0.000 0.015
Mj5331 0.000 0.049 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.031 0.000 0.000 0.006

3.2.B 2017 null allele frequencies

ARN ARS AU B C CH D HP LC LW MC PF SD TC  WW Mean
Mj7232 0.028 0.145 0.000 0.137 0.079 0.096 0.022 0.032 0.086 0.000 0.171 0.050 0.048 0.013 0.032 0.063
Mj5522 0.000 0.055 0.048 0.000 0.000 0.000 0.030 0.055 0.006 0.013 0.029 0.021 0.076 0.074 0.000 0.027
Mjo247 0.042 0.030 0.000 0.085 0.018 0.000 0.041 0.000 0.000 0.037 0.111 0.064 0.068 0.000 0.048 0.036
Mj4870 0.075 0.205 0.000 0.000 0.000 0.064 0.086 0.003 0.159 0.151 0.000 0.113 0.150 0.189 0.128 0.088
Mj7132 0.022 0.065 0.000 0.045 0.000 0.000 0.091 0.000 0.000 0.028 0.000 0.000 0.047 0.002 0.000 0.020
Mj5331 0.000 0.000 0.000 0.032 0.000 0.000 0.000 0.000 0.030 0.028 0.028 0.027 0.000 0.000 0.000 0.010




3.2.C Null allele frequencies across all years

2012 2013 2014 2015 2016
AU B C AU B C AU B C AU B C AU B C
Mj7232 0.087 0.012 0.037 0.083 0.208 0.032 0.000 0.094 0.027 0.104 0.081 0.215 0.154 0.108 0.020
Mj5522 0.000 0.049 0.044 0.017 0.176 0.000 0.000 0.000 0.000 0.000 0.023 0.000 0.000 0.000 0.064
Mj0247 0.032 0.000 0.040 0.017 0.000 0.178 0.106 0.000 0.008 0.112 0.090 0.000 0.118 0.102 0.101
Mj4870 0.094 0.000 0.092 0.000 0.125 0.263 0.000 NA 0.103 0.000 0.053 0.000 0.093 0.102 0.153
Mj7132 0.000 0.040 0.031 0.047 0.000 0.060 0.099 0.096 0.000 0.051 0.000 0.000 0.000 0.000 0.024
Mj5331 0.000 0.000 0.000 0.000 0.000 0.000 0.064 0.000 0.000 0.002 0.000 0.000 0.000 0.017 0.000
3.2.C continued
2017 2018 2019
AU AU AU B C Mean
M;j7232 0.000 0.137 0.079 0.045 0.060 0.051 0.000 0.050 0.300 0.083
M;j5522 0.048 0.000 0.000 0.000 0.023 0.011 0.000 0.003 0.108 0.024
Mj0247 0.000 0.085 0.018 0.056 0.126 0.137 0.181 0.073 0.000 0.066
Mj4870 0.000 0.000 0.000 0.096 0.196 0.000 0.143 0.081 0.098 0.073
M;j7132 0.000 0.045 0.000 0.060 0.000 0.000 0.000 0.030 0.025 0.025
M;j5331 0.000 0.032 0.000 0.026 0.000 0.012 0.000 0.000 0.000 0.006




Table 3.3 Population-wide expected and observed heterozygosity, and percent difference ((E - O)/E*100), Fr, Fis, Fst and Rer at each locus. Bartlett's K-

squared: 2012 = 0.049, df = 1, p-value = 0.8248. 2017 = 0.03, df = 1, p-value = 0.8618. All years = 0.006, df = 1, p-value = 0.9403.

Locus Number of Number of o o H? vs Ho % Fir (p-value) Fst (p-value) Fis (p-value) Rst
samples alleles difference

Mj7232 251 13 0.804 0.733 -8.824 0.091 (0.001) 0.006 (0.967) 0.085 (0.002) -0.014
Mj5522 251 11 0.860 0.813 -5.548 0.058 (0.007) 0.012 (0.700) 0.046 (0.057) -0.013
Mj0247 250 29 0.941 0.808 -14.179 0.144 (0.000) 0.003 (1.000) 0.141 (0.000) 0.002
2012 M;j4870 248 5 0382 0.262 -31.444 0.316 (0.000) -0.015 (1.000) 0.326 (0.000) -0.022
Mj7132 248 10 0.768  0.758 -1.291 0.015 (0.342) 0.002 (0.997) 0.014 (0.380) 0.005
Mj5331 252 26 0.894  0.877 -1.901 0.021 (0.186) 0.002 (1.000) 0.019 (0.211) -0.009
Mean 250 15.7 0.775  0.709 -10.531 0.107 (-) 0.002 (-) 0.105 (-) -0.009
Mj7232 285 12 0.798 0.762 -4.488 0.048 (0.035) 0.002 (0.999) 0.046 (0.049) -0.013

Mj5522 281 12 0.862  0.809 -6.226 0.064 (0.008) 0.000 (1.000) 0.064 (0.006) 0.011
Mj0247 283 31 0.941 0.842 -10.614 0.105 (0.000) 0.000 (1.000) 0.105 (0.000) -0.007
2017 M;j4870 282 6 0370  0.279 -24.596 0.252 (0.000) 0.000 (0.982) 0.252 (0.000) 0.020
Mj7132 282 10 0.741 0.752 1.500 -0.013 (0.692) 0.007 (0.911) -0.020 (0.770) 0.005
Mj5331 286 22 0.894  0.902 0.913 -0.007 (0.667) 0.002 (1.000) -0.009 (0.692)  -0.010

Mean 283 15.5 0768 0.724 -7.252 0.075 (-) 0.002 (-) 0.073 (-) 0.001
Mj7232 426 14 0819  0.719 -12.234 0.125 (0.000) 0.016 (0.429) 0.111 (0.000) 0.004

Mj5522 426 12 0.865  0.806 -6.888 0.071 (0.000) 0.012 (0.739) 0.059 (0.001) 0.002
Al Mj0247 424 31 0936 0.758 -19.083 0.190 (0.000) 0.002 (1.000) 0.188 (0.000) -0.010
Vears Mj4870 428 6 0367 0.277 -24.337 0.247 (0.000) 0.006 (0.949) 0.243 (0.000) 0.001
M;j7132 427 10 0.737  0.707 -4.055 0.042 (0.048) 0.003 (0.999) 0.039 (0.064) -0.009
Mj5331 430 24 0.898  0.905 0.757 -0.006 (0.680) 0.008 (0.988) -0.014 (0.808)  -0.008
Mean 427 16.2 0.770  0.695 -10.973 0.112 () 0.008 (-) 0.104 (-) -0.003




3.4.2 Population genetic diversity
The genetic diversity, relatedness and effective population sizes of M. jurtina for each dataset can
be found in Table 3.4. H, across the whole datasets was 0.772 in 2012, 0.764 in 2017 and 0.764
across All Years. In 2012 genetic diversity (He and A;) was similar across all populations with H,
ranging from 0.729 (C) to 0.825 (WW) and A, ranging from 6.337 (C) to 7.726 (AU). Two private
alleles (Ap) occurred at ARS, AU and SD and TC. CH, D, LW, MC and WW each had a single private
allele and all other sites had no private alleles.

In 2017 He and A, were similar across all populations with H. ranging from 0.713 (AU) to
0.805 (CH) and A, ranging from 7.239 (ARS) to 8.695 (PF). Five private alleles (Ap) occurred at PF,
with two at LC. MC and TC each had a single private allele and all other sites had no private alleles.

Across all years He and A, were similar across all populations (Fig. 3.3), with He ranging from
0.704 (B-14) to 0.814 (AU-13) and A, ranging from 5.931 (C-12) to 7.135 (AU-12). Two private alleles
(Ap) occurred at AU-12 and AU-19, with one occurring at C-12, AU-13, B-13, AU-15, C-16, AU-18
and C-18. All other sites had no private alleles.

Across all three datasets using both the heterozygote excess and the linkage disequilibrium
method effective population sizes were estimated at infinity. In some case the point estimates were

estimated at infinity, in others the confidence limits included infinity.
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Figure 3.3 Changes in yearly (A) individual allelic richness values, (B) mean combined allelic richness
values, (C) individual expected heterozygosity, and (D) mean combined expected heterozygosity for
each of the three sites AU, B and C for the years 2012 — 2019.
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Table 3.4 Sample sizes, genetic diversity, allelic richness, number of private alleles and effective
population sizes for M. jurtina populations in the south of England. All values are estimated on a
per population basis.

Hexp €xpected heterozygosity, A, = allelic richness, A, = Private alleles, N.(1) = effective population
size estimated using the heterozygote excess method, N.(2) = effective population size estimated

using linkage disequilibrium method.

Data set Year Site Sample Size Mean Hep (s.d)  Ar Ay Ne(1) Ne(2)
2012 Only 2012 All Sites 252 0.774 (02000 - 13 - -
2012 Only 2012 Aston Rowant North (ARN) 22 0.782 (0.180) 7.624 0 oo o)
2012 Only 2012 Aston Rowant South (ARS) 18 0.787 (0.207) 8.003 2 oo )
2012 Only 2012 Aston Upthorpe (AU) 18 0.792 (0.177) 8299 2 o0
2012 Only 2012 Bowdown Forest (B) 20 0.765 (0.214) 7650 0 oo ©
2012 Only 2012 Crabtree Plantation (C) 20 0.729 (0.252) 6688 0 ©
2012 Only 2012 Coombe Hill (CH) 20 0.763 (0.204) 7519 1 oo o0
2012 Only 2012 Dancersend (D) 16 0.737 (0.263) 7646 1 oo ©
2012 Only 2012 Howbery Park (HP) 16 0.777 (0.178) 8099 0 o ©
2012 Only 2012 Lardon Chase (LC) 14 0.792 (0.187) 7737 0 o ©
2012 Only 2012 Little Whittenham (LW) 20 0.766 (0.184) 7556 1 o o0
2012 Only 2012 Moore Copse (MC) 20 0.774 (0.224) 8079 1 oo )
2012 Only 2012 Swyncombe Down (SD) 21 0.787 (0.161) 7937 2 oo )
2012 Only 2012 The Crong (TC) 16 0.760 (0.221) 7.820 2 oo )
2012 Only 2012 Wytham Woods (WW) 11 0.825 (0.154) 8333 1 oo o0
2017 Only 2017 All Sites 287 0.764 0.215 -9 - -
2017 Only 2017 Aston Rowant North (ARN) 21 0760 0.176 8278 0 o o)
2017 Only 2017 Aston Rowant South (ARS) 17 0.753 0224 7765 0 oo oo
2017 Only 2017 Aston Upthorpe (AU) 14 0713 0.269 8500 0 o 0
2017 Only 2017 Bowdown Forest (B) 17 0.738 0246 8039 0 o ©
2017 Only 2017 Crabtree Plantation (C) 20 0.783 0.199 8444 0 oo ©
2017 Only 2017 Coombe Hill (CH) 20 0.805 0.145 8689 0 o o0
2017 Only 2017 Dancersend (D) 15 0.776 0223 8806 0 o ©
2017 Only 2017 Howbery Park (HP) 20 0786 0.163 8438 0 o o0
2017 Only 2017 Lardon Chase (LC) 20 0.796 0.176 9.096 2 oo ©
2017 Only 2017 Little Whittenham (LW) 20 0784 0229 8682 0 o 0
2017 Only 2017 Moore Copse (MC) 16 0.736 0.266 8.858 1 oo oo
2017 Only 2017 Pamber Forest (PF) 37 0771 0223 9.030 5 oo oo
2017 Only 2017 Swyncombe Down (SD) 15 0.747 0279 8773 0 oo 0
2017 Only 2017 The Crong (TC) 15 0771 0213 8286 1 oo 0
2017 Only 2017 Wytham Woods (WW) 20 0745 0192 8097 0 oo 0
All Years - All Sites 342 0.764 0.214 - 11 - -
All Years 2012 Aston Upthorpe (AU) 18 0792 0177 7591 2 o 0

66



Data set Year Site Sample Size Mean Hep (s.d)  Ar Ay Ne(1) Ne(2)

All Years 2012 Bowdown Forest (B) 20 0.765 0214 7.034 0 oo o0
All Years 2012 Crabtree Plantation (C) 20 0.729 0.252 6.215 1 o0 o0
All Years 2013 Aston Upthorpe (AU) 11 0814 0174 7.548 1 o) o)
All Years 2013 Bowdown Forest (B) 16 0.758 0.166 7.185 1 oo )
All Years 2013 Crabtree Plantation (C) 16 0.794 0.155 7.079 0 o o)
All Years 2014 Aston Upthorpe (AU) 20 0764 0177 6.647 0 oo o0
All Years 2014 Bowdown Forest (B) 9 0704 0354 6833 0 o oo
All Years 2014 Crabtree Plantation (C) 15 0.755 0.237 6865 0 o oo
All Years 2015 Aston Upthorpe (AU) 35 0.740 0.258 7.121 1 ) oo
All Years 2015 Bowdown Forest (B) 25 0.747 0225 6985 0 oo oo
All Years 2015 Crabtree Plantation (C) 10 0.739 0288 7324 0 o ©
All Years 2016 Aston Upthorpe (AU) 20 0.808 0.142 7363 0 o o0
All Years 2016 Bowdown Forest (B) 20 0.775 0189 7069 0 oo ©
All Years 2016 Crabtree Plantation (C) 20 0.799 0.150 7.067 1 oo ©
All Years 2017 Aston Upthorpe (AU) 14 0713 0269 6.885 0 o o0
All Years 2017 Bowdown Forest (B) 17 0.738 0246 6885 0 ©
All Years 2017 Crabtree Plantation (C) 20 0.783 0199 7226 0 oo ©
All Years 2018 Aston Upthorpe (AU) 21 0773 0169 6927 1 oo o0
All Years 2018 Bowdown Forest (B) 20 0747 0246 7203 0 oo o)
All Years 2018 Crabtree Plantation (C) 21 0.766 0.251 7.141 1 o) o)
All Years 2019 Aston Upthorpe (AU) 18 0.757 0223 7100 2 oo 0
All Years 2019 Bowdown Forest (B) 16 0771 0187 7.148 0 oo o)
All Years 2019 Crabtree Plantation (C) 10 0796 0.183 6908 0 oo

3.4.3 Genetic structure, differentiation and gene flow

For all three datasets used within this study, using the six microsatellites described, no evidence of
structure was found between these populations using the programme STRUCTURE. No population
was found to be genetically distinct from any other population, i.e. K = 1 (Fig. 3.3), therefore
STRUCTURE harvester was not used to determine K.

Within each dataset pairwise Fsr was very low and there was very little variation within the
data (2012: mean = 0.003, variance = 0.00005, 2017: mean = 0.002, variance = 0.00004, Across all
years: mean = 0.008, variance = 0.00008) (Tables 3.5, 3.6 and 3.7). For 2012 and 2017 no Fsr scores
between site pair combinations were significantly greater than zero. Across all years pairwise Fsr
was significantly greater than zero for eight site/year pairwise combinations (C-12 and AU-14, C-12
and AU- 16, C-12 and C-16, C-12 and AU-19, AU-15 and AU-18, AU-16 and AU-18, C-17 and AU-
19, AU-18 and AU-19).

Additionally, there was no evidence of IBD between pairwise site combinations and pairwise
Fsr values within any dataset (Fig. 3.4) (2012: p = 0.280 and Mantel r value of 0.079. 2017: p = 0.279
and Mantel r value of -0.078. All years: p = 0.078 and Mantel r value of 0.085), nor did habitat
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similarity have a significant effect on pairwise Fsr (Fig. 3.5) (2012: p = 0.870, Mantel R = -0.155. 2017
p = 0.091, Mantel R = 0.174. All Years p = 0.930, Mantel R = -0.104). Yearly changes to pairwise Fsr
can be seen in Fig. 3.6.

When only using data from the All Years dataset, the estimated number of migrants per
generation according to Slatkin’s private allele method ranged from 3.140 migrants in 2016 to 6.023
in 2018. However, when using all available sites for the years 2012 and 2017, in 2012 the number
of estimated migrants drops to 5.085 (5.452 using only three sites) and the 2017 estimate increases
to 13.141 (from 4.367) (Table 3.8).

68



Likelihood

Likelihood

Likelihood
Q
&

Likelihood
=3
&

Likelihood

Likelihood

Figure 3.4 STRUCTURE individual assignment bar plots for M. jurtina individuals collected within the study area in A) 2012 B) 2017 C) Across eight years
(2012-1017 inclusive). Individuals split by site on the x axis and likelihood of assignment of the individual into genetic clusters on the y. Colours indicate

different genetic clusters. Plot show K = 1 and K = 2 for all three datasets.



Table 3.5 Pairwise Fsr values between fourteen pairs of sites in 2012. Values below the diagonal = Fsr scores. Values above the diagonal indicate significance

level p-values. P-values obtained after 1820 permutations, indicative adjusted nominal level (5%) for multiple comparisons is 0.000549. All values are non-

significant.

ARN ARS AU B C CH D HP LC LW MC SD TC Ww
ARN - 0.003 0.315 0.271 0.006 0.039 0.558 0.126 0.086 0.035  0.001 0.066 0.263 0.248
ARS 0.014 - 0.039 0.003 0.001 0.048 0.027 0.051 0.423 0.037  0.391 0.009 0.014 0.057
AU -0.002  0.005 - 0.736 0.065 0.366 0.929 0.315 0.574 0.508  0.051 0718 0.765 0.332
B 0.004 0.011 -0.006 - 0.134 0.252 0.83 0.655 0.427 0.655  0.011 0442 0311 0.24

0.013 0.018 0.006 0.003 - 0.025 0.073 0.087 0.009 0632 0004 0098 003 0.04
CH 0.006 0.003 -0.006 -0.005 0.005 - 0.083 0.531 0.443 0.29 0232 0449 0.189 0.677
D -0.005 0.012 -0.006 -0.001 0.004 0.004 - 0.213 0.111 0.169 0004 0286 0.725 0.142
HP 0.015 0.010 0.006 0.002 0.005 0.003 0.014 - 0.562 0.623  0.308 0.4 0.287  0.599
LC 0.011 -0.008  -0.001 0.001 0.007 0.001 0.013  -0.003 - 0252 0149 0114 0177 0.712
LW 0.012 0.003 -0.005 -0.007 -0.005 -0.004 0.007 -0.005 0.000 - 0495 0702 0.087 0.148
MC 0.021 -0.002  0.008 0.010 0.015 0.003 0.020 0.005 -0.002  0.000 - 0.004 0.042 0.086
SD 0.004 0.011 -0.009 -0.004 0.004 -0.005 0.005 0.000 0.009 -0.005 0.015 - 0.246 0419
TC 0.000 0.009 -0.006  0.000 0.008 -0.001 -0.007  0.008 0.002 0.007  0.007 -0.001 - 0.229

WwW 0.004 0.006  -0.001 0.001 0.004 -0.004 0.014 -0.005 -0.016  0.001 0.007 -0.007 0.007 -




Table 3.6 Pairwise Fsr values between fifteen pairs of sites in 2017. Values below the diagonal = Fs; scores. Values above the diagonal indicate significance

level p-values. P-values obtained after 2100 permutations, indicative adjusted nominal level (5%) for multiple comparisons is 0.000476. All values are non-

significant.

ARN ARS AU B C CH D HP LC LW MC PF SD TC Ww
ARN - 0.037 0.229 0.333 0.036 0515 0459 0.207 0.260 0.014 0.034 0.035 0.073  0.020 0.003
ARS 0.004 - 0.290 0.073 0.060 0.142 0450 0.387 0.140 0.103 0.336 0.062 0414  0.053 0.019
AU 0.004  -0.003 - 0.897 0390 0388 0412 0.714 0.211 0.289 0.680 0.522 0.866 0326  0.330
B 0.013  0.006 -0.003 - 0.098 0.092  0.306 0.896 0.389 0.167 0.487 0.882 0.958 0451  0.055

0.007  -0.003 0.003 0.005 - 0370  0.275 0.730 0.545 0.766 0.263 0.090 0.788  0.146  0.018
CH 0.001 0.012 0.011 0.020 0.002 - 0.127 0.339 0.719 0.390 0.411 0.123 0485  0.141  0.027
D 0.001  -0.011 0.002 0.001 -0.003  0.012 - 0.411 0.864 0.843 0.929 0.268 0.619  0.600 0.034
HP 0.003 -0.004 -0.003 -0.009 -0.006 0.003 -0.002 - 0.436 0.600 0.845 0.891 0.947 0467 0.171
LC 0.006  0.003 0.013 0.004  -0.003 0.003 -0.010 -0.003 - 0.929 0.255 0.255 0.731 0.177  0.105
LW 0.012  0.000 0.008 0.012  -0.007 0.004 -0.008 0.002 -0.008 - 0.359 0.435 0.932 0.031 0.008
MC 0.009 -0.003 -0.005 -0.003  0.001 0.014 -0.012 -0.006  0.005 0.006 - 0.552 0.761 0.380 0.135
PF 0.009  0.000 -0.005 -0.004 0.000 0011 -0.006 -0.006 0.002 -0.001 -0.006 - 0.917 0565 0.010
SD 0.014 -0.004 -0.005 -0.007 -0.008 0.008 -0.002 -0.005 0.001 -0.009 -0.003 -0.005 - 0428 0.149
TC 0.015  0.004 0.003 0.005  -0.004 0003 -0.002 -0.003 0.000 0.005 0.006  -0.002 -0.002 - 0.451

WwW 0.007  0.009 -0.005 0.012 0.011 0.011 0.010 0.000 0.008 0.015 0.003 0.008 0.007  0.005 -




Table 3.7 Pairwise Fsr values between three pairs of sites across eight years (2012-2019). Values below the diagonal = Fsr scores. Values above the diagonal
indicate significance level p-values. P-values obtained after 5520 permutations, indicative adjusted nominal level (5%) for multiple comparisons is 0.000181.

Fst scores significantly greater than zero are in bold

AU-12 B-12 C-12 AU-13 B-13 C-13 AU-14 B-14 C-14 AU-15 B-15 C-15 AU-16 B-16 C-16
AU-12 - 0.747 0.057 0.022 0.803 0.849 0.042 0.156 0.078 0.011 0.084 0.283 0.007 0.078 0.259
B-12 -0.006 - 0.134 0.114 0.547 0.889 0.002 0.014 0.080 0.070 0.302 0.050 0.032 0.167 0.016
C-12 0.006 0.003 - 0.001 0.002 0.067 0.00018 0.002 0.001 0.001 0.0004 0.007 0.00018 0.0004 0.00018
AU-13 0.017 0.005 0.021 - 0.206 0.180 0.001 0.113 0.036 0.115 0.115 0.024 0.119 0.010 0.001
B-13 -0.004 0.004 0.025 0.016 - 0.171 0.114 0.420 0.042 0.133 0.229 0.202 0.019 0.174 0.044
C-13 -0.007 -0.009 0.005 0.004 0.016 - 0.004 0.188 0.212 0.006 0.088 0.344 0.177 0.339 0.025
AU-14 0.001 0.006 0.024 0.019 -0.002 0.016 - 0.118 0.377 0.002 0.149 0.664 0.030 0.195 0.031
B-14 0.007 0.008 0.011 0.025 0.006 0.011 0.005 - 0.516 0.226 0.379 0.446 0.083 0.381 0.142
C-14 0.010 0.007 0.018 0.016 0.020 0.006 -0.003 -0.003 - 0.060 0.661 0.413 0.075 0.466 0.168
AU-15 0.008 0.005 0.012 0.014 0.006 0.019 0.011 -0.003 0.007 - 0.392 0.190 0.099 0.047 0.002
B-15 0.006 0.005 0.019 0.016 0.004 0.016 0.004 -0.003 0.001 -0.005 - 0.608 0.372 0.422 0.021
C-15 0.001 0.005 0.017 0.025 0.004 0.006 -0.010 -0.011 -0.003 -0.002 -0.008 - 0.773 0.859 0.242
AU-16 0.008 0.002 0.029 0.003 0.009 0.004 0.006 0.013 0.009 0.003 -0.001 -0.003 - 0.328 0.058
B-16 0.005 0.000 0.018 0.018 0.010 0.002 0.002 -0.001 0.000 0.005 0.000 -0.008 -0.003 - 0.105
C-16 0.002 0.008 0.031 0.022 0.017 0.012 0.010 0.016 0.014 0.021 0.017 0.010 0.002 0.004 -
AU-17 0.000 -0.007 0.008 0.026 0.006 0.007 0.004 -0.005 0.011 0.001 0.005 -0.002 0.010 0.002 0.020
B-17 0.004 0.004 0.003 0.023 0.014 0.003 0.027 -0.002 0.015 -0.001 0.005 0.002 0.009 0.000 0.019
Cc-17 -0.005 -0.004 -0.004 0.000 0.002 -0.004 0.007 0.001 0.004 0.008 0.013 0.007 0.012 0.011 0.014
AU-18 0.002 0.004 0.013 0.023 0.013 -0.005 0.008 0.012 0.005 0.023 0.016 0.009 0.022 0.019 0.023
B-18 0.006 -0.002 0.009 0.015 0.001 0.014 0.004 -0.002 0.012 0.002 0.004 -0.004 0.010 0.007 0.020
C-18 -0.007 0.000 0.003 0.016 0.026 0.001 0.016 0.017 0.007 0.017 0.014 0.006 0.016 0.014 0.020
AU-19 0.010 0.012 0.028 0.019 0.020 0.015 -0.002 -0.001 -0.001 0.005 0.001 -0.014 -0.005 -0.003 0.008
B-19 0.005 0.011 0.012 0.019 0.006 0.018 0.003 -0.004 0.013 0.002 -0.001 -0.002 -0.003 0.000 0.008

C-19 0.001 0.012 0.017 -0.001 0.018 0.010 0.012 0.002 -0.004 0.007 0.010 -0.002 0.003 -0.006 0.007




Table 3.7 Continued

AU-17 B-17 C-17 AU-18 B-18 C-18 AU-19 B-19 C-19
AU-12 0.570 0.501 0.464 0.534 0.203 0.890 0.006 0.086 0.301
B-12 0.773 0.380 0.472 0.626 0.552 0.418 0.001 0.005 0.027
C-12 0.050 0.136 0.213 0.030 0.090 0.029 0. 00018 0.007 0.006
AU-13 0.244 0.057 0.145 0.005 0.026 0.006 0.085 0.050 0.274
B-13 0.632 0.182 0.431 0.194 0.412 0.019 0.003 0.423 0.087
C-13 0.332 0314 0.235 0.549 0.081 0.349 0.017 0.017 0.111
AU-14 0.067 0.001 0.001 0.003 0.072 0.001 0.381 0.539 0.067
B-14 0.508 0.178 0.198 0.096 0.314 0.003 0.584 0.589 0.243
C-14 0.072 0.037 0.011 0.069 0.012 0.017 0.544 0.258 0.607
AU-15 0.324 0.367 0.001 0. 00018 0.020 0.0004 0.036 0.767 0.358
B-15 0.338 0.186 0.003 0.016 0.100 0.005 0.163 0.859 0.236
C-15 0.271 0.376 0.010 0.047 0.384 0.043 0.888 0.866 0.564
AU-16 0.109 0.038 0.001 0. 00018 0.004 0.002 0.619 0.701 0334
B-16 0.333 0.469 0.001 0.002 0.030 0.004 0.183 0.617 0.758
C-16 0.005 0.070 0.004 0.001 0.008 0.001 0.101 0.248 0.367
AU-17 - 0.901 0.376 0.191 0.598 0.165 0.068 0.168 0.042
B-17 -0.003 - 0.098 0.164 0.669 0.195 0.016 0.132 0.176
C-17 0.003 0.005 - 0.361 0.171 0.366 0. 00018 0.042 0.018
AU-18 0.015 0.015 0.003 - 0.149 0.205 0. 00018 0.001 0.001
B-18 -0.002 -0.001 0.006 0.011 - 0.054 0.001 0.051 0.077
C-18 0.008 0.007 -0.005 0.011 0.008 - 0.0004 0.003 0.055
AU-19 0.008 0.015 0.018 0.021 0.013 0.017 - 0.716 0.244
B-19 0.006 0.010 0.004 0.026 0.015 0.017 0.002 - 0.801
C-19 0.025 0.012 0.007 0.031 0.015 0.009 0.008 0.001 -




Table 3.8 Estimated number of migrants per population using Slatkin’s private allele method.

Dataset Year Nm
2012 2012 5.085
2017 2017 13.141
All Years 2012 5.452
All Years 2013 3.399
All Years 2014 4312
All Years 2015 5.440
All Years 2016 3.140
All Years 2017 4.367
All Years 2018 6.023
All Years 2019 5.779
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Figure 3.5 Pairwise Fsr values for M. jurtina plotted against Euclidean distances for A) fourteen sites
in 2012, B) fifteen sites in 2017 and C) Three sites over eight years (2012 — 2019). All relationships
are non-significant. Individual points are coloured by the combined proportions of good habitat
within a 10km buffer around each site, within each site pair. Habitats are classified as good or bad
based upon Villemey et al. (2016), whereby grassland elements were found to enhance gene flow

in M. jurtina (classified as good habitat) and woodlands and arable lands inhibited gene flow
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Figure 3.6 Pairwise Fsr values for M. jurtina plotted against an index of habitat similarities for A)

fourteen pairwise site combinations in 2012 B) fifteen pairwise site combinations in 2017 and ¢)

three pairwise site combinations across eight years from 2012 to 2019. All relationships are non-

significant.
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3.4.4 Landscape genetics

For each genetic distance measure, replicate ResistanceGA runs resulted in no differences in AlCc,
log-likelihood values, or ranking of features between runs for the binary resistance surface. Replicate
runs for the multiple grasses and multiple variables resistance surfaces showed only marginal
differences between AICc or log-likelihood, however some changes occurred in the ranking of the
best performing factor.

There was little evidence of either IBD or IBR in M. jurtina populations across the study area.
Despite each of the initial runs ranking the IBR models higher than both the IBD null models based
upon log-likelihood, using AlCc the null model was the best fitting model across all runs. However,
there was only a marginal difference in AlCc (<2) between the null and binary landscape models at
250m resolution using PODA. This was not the case with Fsr (AAICc = 2.056). The subsequent
bootstrap analyses ranked the distance model more favourably to all other models tested (Table
3.10). The null model was not included in the bootstrapping. Further bootstrap analyses containing
both resolutions of the binary surface marginally ranked the 250m resolution surface higher than

the 100m resolution surface for both measures of genetic diversity (Table 3.10).
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Table 3.9 Model selection results from ResistanceGA analysis (Peterman 2018) using PODA at (A) 250m and (B) 100m landscape resolution, and Fsr at (C)
250m and (D) 100m landscape resolution.

Genetic Surface
. . Optimised Surface k AIC AlCc AAICC R’m R°c LL
Distance  Resolution (m)
(A)
PODA 250 Null 1 -473.588 -473.28 0.000 0.000 0.293 239.794
PODA 250 Binary Grass/Non-Grass 3 -474.472 -472.29 0.990 0.098 0.313 241.236
PODA 250 Euclidean Distance 2 -471.606 -470.606 2.674 0.0002 0.293 239.803
PODA 250 Multiple Grasses 6 -473974  -463.474 9.806 0.090 0.321 240.987
PODA 250 Multiple Variables 8 -474.091  -450.091 23.189 0.094 0.322 241.046
(B)
PODA 100 Null 1 -477.588 -477.28 0.000 0.000 0.293 239.794
PODA 100 Multiple Grasses 2 -475606 -474.606 2.674 0.0002 0.293 239.803
PODA 100 Binary Grass/Non-Grass 3  -476.052 -473.871 3.409 0.086 0.312 241.026
©
Fst 250 Null 1 -773443  -773.135 0.000 0.000 0.280 389.721
Fsr 250 Binary Grass/Non-Grass 3 -773.261 -771.079 2.056 0.060 0.286 390.630
Fst 250 Euclidean Distance 2 -771.443  -770.443 2.692 0.000 0.280 389.721
Fst 250 Multiple Grasses 6 -774.865 -764.365 8.770 0.120 0.318 391.432
Fst 250 Multiple Variables 8 -774488 -750.488 22.647 0.109 0.314 391.244
(D)
Fst 100 Null 1 -777443  -777.135 0.000 0.000 0.280 389.721
For 100 Multiple Grasses 2 775443  -774.443 2.692 0.000 0.280 389.721
Fer 100 Binary Grass/Non-Grass 3 -774.241 -772.059 5.076 0.027 0.281 390.121

K = number of parameters fit in each model. AIC = original AIC value from MLPE mixed effects model. AICc = AIC value adjusted for number of populations and parameters optimized. AAICc

= difference between AlCc of model and the minimum AICc across all models. R?’m = marginal R% R%c = conditional R2 LL = log-likelihood of the MLPE model.



Table 3.10 Summary results of the bootstrap analysis conducted using the resist boot function from ResistanceGA (Peterman 2018) for PODA at (A) 250m, (B) 100m and
(C) combined 250m and 100m landscape resolution, and Fsr at (D) 250m, (E) 100m and (F) combined 250m and 100m landscape resolution.

Genetic Surface - Average Average Average Average Average Average Percentage
Distance Resolution (m) Optimised Surface k AIC AlCc Weight R2m LL Rank Top Ranked
A
PODA NA Euclidean Distance 2 -246.430 -244.930 0.000 0.721 0.012 125.215 1439 56.1
PODA 250 Binary Grass/Non-Grass 3 -246.219 -242.790 2.140 0.279 0.115 126.109 1.561 439
PODA 250 Multiple Grasses 6 -239.763 -218.763 26.167 0.000 0.100 125.881 3.000 0
PODA 250 Multiple Variables 8 -235.838 -163.838 81.092 0.000 0.104 125919 4.000 0
B)
PODA NA Euclidean Distance 2 -246.664 -245.164 0.000 0.732 0.013 125.332 1.392 60.8
PODA 100 Binary Grass/Non-Grass 3 -246.263 -242.835 2.329 0.268 0.106 126.132 1.608 39.2
©
PODA NA Euclidean Distance 2 -246.560 -245.060 0.000 0.585 0.013 125.280 1.804 494
PODA 250 Binary Grass/Non-Grass 3 -246.306 -242.878 2.182 0.211 0.115 126.153 1.946 279
PODA 100 Binary Grass/Non-Grass 3 -246.143 -242.715 2.345 0.204 0.106 126.072 2.250 227
PODA 250 Multiple Grasses 6 -239.880 -218.880 26.18 0.000 0.102 125.940 4.000 0
PODA 250 Multiple Variables 8 -235.959 -163.959 81.101 0.000 0.106 125.980 5.000 0
()
Fsr NA Euclidean Distance 2 -403.396 -401.896 0.000 0.765 0.014 203.698 1.333 70.7
Fsr 250 Binary Grass/Non-Grass 3 -402.672 -399.244 2.652 0.235 0.085 204.336 1.738 26.8
Fsr 250 Multiple Grasses 6 -397.535 -376.535 25.361 0.000 0.123 204.767 2.941 2.5
Fsr 250 Multiple Variables 8 -393.315 -321.315 80.581 0.000 0.114 204.657 3.988 0
®
Fsr NA Euclidean Distance 2 -403.819 -402.319 0.000 0.814 0.014 203.910 1.157 843
Fsr 250 Binary Grass/Non-Grass 3 -402.519 -399.090 3.229 0.186 0.060 204.259 1.843 157
F
Fsr NA Euclidean Distance 2 -403.224 -401.724 0.000 0.662 0.014 203.612 1.491 67
Fsr 250 Binary Grass/Non-Grass 3 -402.518 -399.090 2.634 0.202 0.086 204.259 1.985 24.6
Fsr 100 Binary Grass/Non-Grass 3 -401.813 -398.384 3.340 0.135 0.055 203.906 2.636 6
Fsr 250 Multiple Grasses 6 -397.439 -376.439 25.285 0.000 0.126 204.720 3.906 24
Fst 250 Multiple Variables 8 -393.214 -321.214 80.510 0.000 0.117 204.607 4.982 0

K = number of parameters fit in each model. Average AIC = averaged original AIC across 1000 bootstrap iterations. AlCc = averaged AIC value adjusted for number of populations and parameters optimized, across 1000
bootstrap iterations. Average Weight = averaged AlICc weight across 1000 bootstrap iterations; AAICc = difference between AlCc of model and the minimum AICc across all models; Average R?’m = averaged marginal
R? across 1,000 bootstrap iterations. Average LL = average log-likelihood value across 1000 bootstrap iterations. Average Rank = Average rank position of model over 1000 bootstrap iterations. Percentage Top Ranked

= Percentage of times that each model was ranked best across 100 bootstrap iterations.



3.5 Discussion

Despite a number of studies previously investigating measures of genetic diversity in M. jurtina
(Thomson 1987; Goulson 1993a; Wood & Pullin 2002; Schmitt et a/ 2005; Habel et a/ 2009; Richard
et al. 2015; Villemey et al. 2016; Baxter et a/. 2017), none of these do so over more than a single
time point. Many of these studies are also not directly comparable to this one, nor to each other
owing to the differing analytical techniques used. However, those by Richard et a/ (2015) and
Villemey et al (2016) use the same microsatellite markers as this study, allowing more reliable
comparisons to be made.

By sampling M. jurtina individuals yearly from the same sites we have produced the first
temporal dataset of genetic diversity for this species. Our results show that M. jurtina in the south
of England appear to belong to a single, large population, with high levels of gene flow and low
levels of genetic differentiation. These results are supported by the results of the above studies,
which report similar findings in a range of different M. jurtina populations. The results also support
the findings of Habel et a/. (2013), in that the levels of genetic diversity and differentiation reported
here are in line with those of other generalist Lepidoptera species.

We also show that the genetic diversity of this species in the south of England is relatively
stable, with little change in measures of genetic diversity or differentiation over time. However,
these results should be interpreted with caution owing to a number of limitations in the study (see

below).

3.5.1 Population genetic diversity

Allelic richness was consistent across all three datasets used in this study. The mean number of
alleles per locus (15.58) was considerably higher than in Schmitt et a/ (2005) (2.65), and also higher
than those of all 22 grassland Lepidoptera species reported in Habel et a/ (2013). It should however
be noted that all 22 of these studies, including Schmitt et a/ (2005) were calculated using allozyme
polymorphisms, not microsatellites and are therefore not directly comparable. It should also be
noted that of the 22 species investigated by Habel et al (2013) M. jurtina had the third highest
mean number of alleles per locus (2.65), behind only Polyommatus icarus (common blue) (2.94) and
Coenonympha pamphilus (small heath) (3.17).

When compared to other microsatellite analyses the results from this study are lower than those
reported in Villemey et al (2016), but similar to those in Richard et a/ (2015). The differences
between this study compared to Villemey et al (2016) could be due to differences in sample sizes
(1681 in Villemey et al (2016) vs <300 in this study). Sample sizes in Richard et a/ (2015) were
lower still (96), yet the number of alleles per locus were similar to this study. A potential reason for
this may be higher levels of genetic diversity within the French M. jurtina populations compared to
those in the UK, as is often the case with island and mainland populations (Frankham 1997).

The levels of allelic richness recorded in microsatellite studies in M. jurtina are higher than in
other satyrine species e.g. Coenonympha hero (Cassel 2002), Bicyclus anynana (Van't Hof et a/.
2005), £rebia palarica (Vila et al. 2009b). They are also higher than the specialist chalk grassland
lycaenids Polyommatus bellargus (Adonis blue) and P. coridon (chalkhill blue) (O'Connor 2014), with
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which M. jurtina often shares habitats. Levels of allelic richness appear to be similar to those found
in the meta-population forming nymphalid species Melitaca cinxia (Sarhan 2006). These results
should be interpreted with care due to the relatively low number of samples used in the estimation
of allelic richness as a result of the rarefaction process.

Excluding the locus Mj4870 all loci displayed very high levels of heterozygosity, with a high
mean level of heterozygosity across all loci. This is unsurprising as previous studies using allozymes
have found higher levels of heterozygosity in M. jurtina compared not only to other insects (Graur
1985), but to many other lepidopteran species (Schmitt et al 2005). These high levels of
heterozygosity and genetic diversity are found in other widespread, common, generalist butterflies
(Schmitt et a/ 2003; Habel et a/ 2005, 2009).

Observed heterozygosity was lower than expected in the majority of cases across each dataset,
however the levels of heterozygote deficit or excess did not represent significant departures from
HWE at any locus. With the exception of locus Mj4870, the results from this study are again similar
to those reported in Richard et a/ (2015) and Villemey et a/ (2016). There is some significant, but
low-level inbreeding occurring within populations, indicated by significant positive F;s scores, but
this is unlikely to be the cause of the lower heterozygosity and greater heterozygote deficit seen in
locus Mj4870. Inbreeding, as well as other biological aspects such as strong selection pressures or
the Wahlund effect (whereby reductions in observed heterozygosity occur due to cryptic population
structuring (Wahlund 1928; Dharmarajan et a/ 2013)) are causes of heterozygote deficit. These
generally affect all loci used, rather than a single locus (Dakin & Avise 2004; Selkoe & Toonen 2006),
although this is not always the case (Dharmarajan et a/ 2013). A more locus specific reason for
heterozygote deficit would be the presence of null alleles (Selkoe & Toonen 2006). Whilst these are
present for Mj4870 at a higher rate than at the other loci in this study, the mean frequency of null
alleles remains below the frequency of 0.2, above which analytical problems can occur (Dakin &
Avise 2004). As described in the methods the analysis was repeated with the locus Mj4870 removed,
but this had no significant effect on the results. This combined with the non-significant departure
from HWE meant that the locus was retained.

All estimates of effective population size were either infinite, or included confidence intervals
that reached infinity, meaning “there was no evidence for variation in the genetic characteristic
caused by genetic drift due to a finite number of parents” (Do et a/. 2014), i.e. there was insufficient
signal in the data to accurately predict effective population sizes. This is perhaps not surprising as
methods to estimate contemporary N are less effective with large population sizes. In studies such
as this with relatively small sample sizes and low numbers of loci it is very difficult to gain useful
information regarding N, of large populations (n > 1000) (Waples & Do 2010). To gain enough
data for a more accurate estimation, a greater number of samples would have to be collected and
analysed. However, as M. jurtina have large census population sizes, the increased sampling required
per site would likely be impractical. N, allows an understanding of the rate of genetic diversity loss
after genetic drift has occurred (Freeland et a/ 2011), therefore gaining a greater understanding of
N. would be highly beneficial for monitoring M. jurtina genetic diversity. Fluctuations in census

population sizes, as recorded by population monitoring schemes, are key factors influencing N, and
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the ability to predict how N, may be affected by severe fluctuations in census population sizes, e.g.
during a drought year, would be of great interest. Whilst this would be highly beneficial, the

practicality of gaining such information renders it unfeasible using the described methods.

3.5.2 Population genetic differentiation

Fsr scores for each locus and averaged across all loci were extremely low (<0.01), and in all cases
were not significantly different from zero. Additionally Rst scores (an analogous method for
estimating genetic structure better suited to microsatellites (Slatkin 1995; Meirmans & Hedrick 2011)
were also extremely low (means <0.002). These values indicate very little genetic differentiation
between loci, suggesting high levels of gene flow between populations. Pairwise Fsr scores between
pairs of populations resulted in mean Fsr values >0.01 between all sites. Again, indicating very low
genetic differentiation between sites, suggesting high levels of gene flow. These results are in
alignment with these previous microsatellite studies showing negligible differentiation between sites
(Fst < 0.05) (Richard et al. 2015). Additionally previous allozyme studies also report low Fsr scores
across similar size areas (Goulson 1993a; Wood & Pullin 2002).

The lack of genetic differentiation suggested by the pairwise Fsr scores is supported by the
results of the STRUCTURE analyses, which were unable to partition the sampled populations into
anything other than single clusters. These results provide further evidence to suggest that at the
scale of the study all individuals belong to a single, large population of M. jurtina in the south of
England. Again, these results should be treated with caution owing to the low number of
microsatellite loci employed in the analysis. Where too few loci are used it can be impossible for
the clustering algorithms to result in anything other than a lack of evidence for population
structuring. It has also been shown that even relatively large numbers of microsatellite loci can
result in incorrect population structure inference (Orozco-Terwengel et al. 2011). However, as the
loci employed were highly polymorphic the results can be interpreted with some confidence despite
the low numbers used. Nevertheless, it is important to interpret the results from the STRUCTURE
analysis alongside more traditional measures of population structuring such as Fqr.

Using Slatkin's (1985) private allele method, all estimates of Nm are greater than 2, a
threshold which the author defined as indicating high levels of gene flow. The levels of migration
and gene flow estimated in this study are well in excess of the ‘'one migrant per generation’ rule of
thumb that states “the appropriate level of gene flow for maintaining genetic diversity and
preventing inbreeding depression in fragmented populations is one migrant individual per local
population per generation” (Wang 2004). Whilst informative and lending further evidence to the
idea of a single population of M. jurtina in the south of England, these estimates of Nm are less
informative than Bayesian methods which estimate contemporary migration rates between
populations, as have been used in similar studies of genetic diversity e.g. Vanhala et a/. (2014). Such
methods were not viable in this study due to a lack of resolution in the data that prevented MCMC
convergence. The lack of convergence was likely due again to the low number of microsatellites

available in this study.
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3.5.3 Isolation by distance and the effect of landscape on gene flow

We found no evidence of IBD between pairs of sites. This is consistent with the results of Richard
et al. (2015) who also found a negligible effect of IBD at a much larger scale. Furthermore, there
was no evidence to suggest that the similarity of habitats from which populations were collected
had any effect on the levels of genetic diversity.

Additionally, when surrounding habitats were taken into account there was no clustering of
sites into groups based upon habitat irrespective of distance as would be expected if landscape
were having a strong effect upon gene flow (Fig. 3.5). Site pairs geographically closer together with
high proportions of good surrounding habitat did not exhibit higher levels of F<r than distant sites
with poor surrounding habitat. Evidence of this would have been site pairs with greater proportions
of good habitat (green points) plotted consistently higher on the y axis of Fig. 3.5 than site pairs
with bad habitat (red points), regardless of their position along the x axis. What we see instead is
an even spread of green points on the y axis and a clustering of green points towards the left of
the x axis. The x axis clustering is an artefact of the locations of the sites chosen, with the better
sites for M. jurtina occurring closer together in the Chiltern Hills.

At the scale of this study distance between sites, the similarity of sites and the amount of
good surrounding habitat had little effect on levels of gene flow in M. jurtina. Landscape does have
some effect on M. jurtina movement and gene flow as shown by Villemey et al (2016), with
grassland elements enhancing gene flow and arable and woodland areas inhibiting it. However, as
no site in this study had less than 60% good habitat cover within a 10km area of its centroid, it is
likely that the high levels of grassland between sites allow high levels of gene flow. An interesting
point of further study would be to see if the levels of genetic diversity and differentiation are similar
in areas with less grassland, such as in more urbanised, agricultural or forested areas.

The results from the landscape analysis are consistent with the other findings in this study,
suggesting that, at the study scale, landscape features have minimal effect on geneflow with little
evidence of either IBD or IBR. The initial results were inconclusive, with minimal differences in AlCc
and log-likelihood (LL) values between the null, IBD and binary surface IBR models. However,
bootstrapping determined that IBD was a better fit than IBR. The null model was not included in
the bootstrapping, however there was no evidence of IBD found using Mantel tests. This, as well as
the null model being a better fitting model than IBD according to both AlCc and LL in the initial
ResistanceGA analysis, is strong evidence to suggest that the landscape has little effect on geneflow
at the study scale. These results provide further evidence that populations within the study area can
be considered as one large population with high levels of geneflow. It should be noted that as with
the other analyses in this study, the low number of microsatellites used may not provide sufficient
resolution to determine landscape barriers. Additionally, sample size has a large effect on the error
rate with ResistanceGA, with confidence deteriorating when fewer than 25 samples points are used
(Winiarski et al. 2020). Although a total of 287 individuals were used in the analysis, they were
collected from 15 populations, resulting in 15 data points. This may explain why Villemey et al.

(2016) had differing results, with grassland areas enhancing geneflow in their study. It is likely that
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at our study scale no landscape features had any significant effect on geneflow, and that if any fine

scale resistance exists it cannot be determined due to the resolution of the data.

3.5.4 Changes to genetic diversity over time

The results from the two single years 2012 and 2017 are very consistent with each other indicating
little change in the genetic diversity of the species between those two years. Minor differences
occur, but the significance of all results is the same for both years. The results for the three sites
from 2012 to 2019 inclusive are also consistent between years, with no major changes in genetic
diversity of differentiation over time. A small number of site pair combinations display Fsr values
with significant scores, however the levels of differentiation are still below the 0.05 threshold
considered to indicated moderate genetic differentiation (Freeland et a/ 2011). Aside from the small
number of loci, an additional limitation needs to be taken into account when addressing the results
of the time series data. As only three sites were used in the analysis it is likely that the resolution
of data is poorer than for 2012 and 2017 for which 14 and 15 sites were used respectively. This is
most noticeable in the estimation of migration rates. When using all 15 sites in 2017 Nm is estimated
at 13.141. When using just three this drops considerably to 4.367. This is still indicative of high
levels of gene flow i.e. greater than 2 (Slatkin 1985), but heavily implies that the reduced amount

of data available in the time series data is affecting the analysis.

3.5.5 Limitations and further work

As mentioned throughout this discussion some limitations need to be considered when interpreting
the outputs of this study. Firstly, the length of time for which the study has been running is not
long enough to begin to properly analyse any changes over time to the genetic diversity of the
species. Further monitoring is required over a longer period before statistically valid tests can be
carried out on the time series data.

Secondly, the number of individuals sampled at each population may not have been
sufficient to fully detect the levels of genetic diversity present. In microsatellite studies sampling
between 20 and 30 individuals from a population is thought to be enough to accurately estimate
allele frequencies, with further sampling effort yielding little further resolution (Pruett & Winker
2008; Hale et al 2012). In this study attempts were made to sample 20 individuals from each site,
each year. However, this was not always possible due to adverse weather conditions in some years
resulting in fewer samples flying during the collection period. Sample sizes were further reduced by
analytical problems such as a lack of DNA amplification. Although 20 samples would have been at
the low end of sufficient population sizes, the lowest sample size in this study was reduced to just
nine individuals. It is likely therefore that not all the allele frequencies estimated are completely
accurate due to the low number of samples from some populations.

The major limitation of this study is the low number of microsatellite loci used. Whereas
increasing sample sizes in microsatellite studies is only informative up to a point, increasing the
number of microsatellites greatly increases the power and reliability of the results (Selkoe & Toonen

2006; Bruford et a/ 2015). The problem with this is that microsatellite development can be costly
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as well as resource and time intensive (Glenn & Schable 2005; Selkoe & Toonen 2006; Orozco-
Terwengel et al 2011).

As highlighted by the attempted novel primer development in Appendix B, microsatellite
characterisation in Lepidoptera is particularly challenging for a number of reasons. Firstly the
frequency of microsatellite repeat motifs can be lower in many Lepidoptera than in other species
(Meglécz & Solignac 1998; Zhang 2004; Van't Hof et a/ 2007). Secondly, microsatellite flanking
regions in Lepidoptera experience high mutation rates, leading to null alleles and amplification
problems (Bogdanowicz et a/ 1997; Keyghobadi et a/. 2002; Harper et al. 2003; Sinama et al. 2011).
Flanking regions in Lepidoptera are also characteristically repetitive (Zhang 2004), with many
microsatellite motifs sharing similar flanking regions (Mikheyev et a/. 2010), or with microsatellites
occurring within minisatellite repeats (Meglécz et al 2004). A final reason for difficulties in
Lepidoptera microsatellite isolation are their association with transposable elements (Tay et a/. 2010),
which are able to multiply and insert themselves throughout the genome (Coates et a/. 2010) and
can lead to many microsatellites having similar flanking regions.

The resolution and resulting conclusions that could be made from this study would have
been greatly improved by an increased number of microsatellite loci. Only six of the 15 microsatellite
loci isolated by Richard et a/ (2015) were used in this study due to amplification issues, sex-linkage
and null alleles in the other nine. This was also the case with Villemey et a/ (2016), who were also
only able to use six of the 15 loci (five of which were used in this study and one (Mj0008) that was
not). Despite efforts to isolate more loci (see appendix B) only loci isolated by Richard et a/ (2015)
were used in this study. Isolation of more microsatellite loci and then analysis of the samples used
in this study would be an interesting area of further investigation as it would show whether the
conclusions drawn here are valid or if there is some structuring of populations that was missed due
to the low resolution of the data. Isolation of microsatellite markers may be considerably easier in
future studies owing to the publication of a draft genome sequence (Singh et a/ 2020) .

Another logical area of further investigation would be to determine whether the differences
in measures of genetic diversity and differentiation between this study and those of Richard et a/.
(2015) and Villemey et al. (2016) are due to inherent differences between the British and mainland
European populations. Analysing additional samples from France and also from a number of
different sites across Europe would give an indication of the genetic diversity and differentiation of
the species across a much larger area.

The most important next step to be taken would be to continue to monitor the genetic
diversity of this species across the south of England. Using the same sample sites and markers
offers a rare opportunity to continuously monitor the genetic diversity of a wild species, as desired

by the convention on biological diversity (Convention on Biological Diversity 2011a).

3.5.6 Conclusions and implications
The results of this study confirm those previously investigating measures of genetic diversity in M.
Jurtina. Using the available loci individuals in the south of England appear to belong to a single,

large population, with very high levels of genetic diversity and low levels of genetic differentiation,
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as is seen in other generalist Lepidoptera species with continuous populations. Whilst the distance
any individual can travel is limited, gene flow over generations does not appear to be, with the
population displaying properties of panmixia.

This study has also shown a potential method for monitoring the genetic diversity of a wild
species over time using microsatellite markers. The standard laboratory and analytical techniques
employed in this study mean that monitoring other species would be possible using the same
methods. Owing to the problems of microsatellite isolation in Lepidoptera, the monitoring of the
genetic diversity of other species may in fact be easier than in this study, providing researchers are
able to commit time and resources to a long-term temporal data set. Such monitoring schemes are

essential in order to prevent the future erosion and loss of genetic diversity in wild species.
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Chapter 4. Quantifying the genetic diversity of Maniola jurtina across Europe

4.1 Abstract

The meadow brown butterfly, Maniola jurting, is a well-studied species with much known about its
life history, phenology and evolutionary history. Despite many investigations into the post glacial
distribution of M. jurtina across Europe using molecular markers, no studies have quantified the
contemporary levels of genetic diversity of the species across the continent. Using microsatellite
markers, we investigate the genetic diversity of M. jurtina across Europe, with samples collected
from 39 sites across 11 European countries, over 2500km. Overall, we find high levels of genetic
diversity across the continent and low levels of genetic differentiation between populations at a
lower spatial scale. We find some population structuring between populations in the United
Kingdom and the European mainland, suggesting restricted geneflow, but not complete isolation,
between the two. These results support previous studies into M. jurtina genetic diversity and allow

a greater understanding of this already well studied species.
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4.2  Introduction

4.2.1 Genetic diversity

Genetic diversity is important for the long-term persistence of species (Booy et a/. 2000). High levels
of genetic diversity result in greater levels of phenotypic variation, which in turn allow for
populations to better adapt to environmental change (Boettcher et al/ 2010; McGill et a/ 2015;
Bruford et a/ 2017). In contrast, populations with low levels of genetic diversity can display reduced
reproductive fitness, which can lead to subsequent population declines (Frankham et a/ 2011). The
maintenance of genetic diversity should therefore be a priority for conservation projects (Schmitt
& Hewitt 2004), however this has so far been overlooked for many wild species. In order to maintain
genetic diversity, it is important to first develop an understanding of how genetically diverse a
species actually is. To do so typically requires the use of whole genome sequencing, molecular
markers e.g. microsatellites, Amplified Fragment Length Polymorphisms (AFLPs), Restriction site
associated DNA (RAD) sequencing, DNA sequences, or protein polymorphisms (Hughes et a/. 2008)
to measure quantitative characteristics such as allelic richness or heterozygosity. These can then be
compared within and between populations, giving a measure of the differences between them
(Booy et al. 2000).

4.2.2 The meadow brown butterfly, Maniola jurtina

The meadow brown butterfly, Maniola jurtina (Linnaeus 1758), is a common satyrine species.
Although the most abundant butterfly in the UK (Fox et a/ 2006) and across Europe more widely,
M. jurtina has experienced declines across the continent over the past 20 years (Van Swaay et al.
2013), most severely in Finland, Malta, Luxembourg, Sweden and Russia (Asher et al. 2001). These
declines are largely a result of increasing agricultural intensification (Delattre et a/ 2010) and the
resultant replacement of hay meadows with arable crops (Asher et a/ 2001). As discussed in Chapter
3, the genetic diversity of M. jurtina is relatively high across the study area in the south of England,
with all individuals recorded belonging to one large population, apparently at panmixia. The levels

of genetic diversity appear to remain stable over the eight years of the study.

4.2.3  Maniola jurtina phylogeography

Whilst there are no previous temporal studies into the contemporary genetic diversity of M. jurtina
(see Chapter 3), the genetic diversity of the species across Europe at a spatial scale and its historical
distribution have received a great deal more attention (Tauber 1970; Thomson 1973, 1987; Goulson
1993a; Schmitt et al 2005; Habel et a/ 2009; Dapporto et al. 2011; Richard et al. 2015; Villemey et
al. 2016; Baxter et al 2017).

Initial work on the subject by Tauber (1970), using morphological measurements and paleo-
ecological theory suggested that M. jurtina originated in Africa and spread into Europe by two
dispersal routes, an eastern and a western one. Although the idea of an African origin was not
widely accepted, subsequent morphological (Thomson 1973) and allozyme studies (Thomson 1987)
have confirmed the presence of two distinct lineages of M. jurtina a western Atlantic-Mediterranean

lineage (Maniola jurtina jurtina) and an eastern-Mediterranean-Asian lineage (Maniola jurtina janira),
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with a hybridisation zone between the two in central Europe (Thomson 1987). Further allozyme
work by Schmitt et a/. (2005) suggested that the two lineages diverged around 40,000 years ago,
at the beginning of the last glacial maximum, with populations surviving in mainland glacial refugia
in the Iberian, Italian and Balkan peninsulas.

A subsequent allozyme study by Habel et a/ (2009) found three distinct genetic groupings
across Europe: a western European grouping, a central/eastern European grouping and an
Italian/Maghreb grouping. Their findings also led to the conclusion that Africa was in fact colonised
by the Italian lineage: M. jurtina junira (Habel et al 2009), contrary to Tauber (1970). Using genital
morphology measurements Dapporto et a/. (2009) found contrasting evidence to Habel et a/. (2009),
supporting only the two original lineages. Differences in the genital morphologies between island
and mainland populations also led to the conclusion that Mediterranean islands also acted as a
glacial refuge as well as the mainland peninsulas (Dapporto et a/. 2009).

Combining allozyme and morphometric data Dapporto et a/ (2011) determined that recent,
postglacial gene flow, as a result of range contractions and expansions had caused the discrepancies
between the two previous studies. Further work by Dapporto & Bruschini (2012) suggested that the
entire Mediterranean was originally occupied by the western lineage M. jurtina jurtina and
subsequently colonised by the eastern lineage from the Balkans.

A more recent study by Kreuzinger et al/ (2015) using both nuclear and mitochondrial
genetic markers found contrasting evidence again, not supporting the findings of Dapporto et a/.
(2011) and Dapporto & Bruschini (2012). In their study the authors investigated all seven species
within the Maniola genus and determined them all to belong to a single, highly variable “super
species” Maniola jurtina. They also found only moderate genetic differentiation between two
lineages of M. jurtina (when including all seven Maniola species) and refer back to the original “out
of Africa” hypothesis suggested by Tauber (1970) almost fifty years previously (Kreuzinger et al,
2015).

Clearly further research is required to fully determine the phylogeography of M. jurtina.
However, despite no clear-cut conclusions these studies do provide valuable information regarding
the contemporary genetic diversity of the species across Europe. Both Schmitt et a/ (2005) and
Habel et a/ (2009) found very high levels of genetic diversity and allelic richness within M. jurtina
populations, considerably higher than those of other satyrine butterflies. They attribute these high
diversities to the high abundance of M. jurtina and its formation of near continuous populations
(Schmitt et a/ 2005).

4.2.4 Maniola jurtina and open water barriers

An interesting point made throughout these studies is that M. jurtina repeatedly colonised islands
along the Mediterranean coast, with suggestions that this may have occurred more frequently
during periods when sea levels were lower (Dapporto et a/ 2011). This cannot be disputed as M.
Jurtina are found on many islands around Europe, including the Isles of Scilly off the coast of
England. Interestingly, mark-release-recapture studies by Dowdeswell et a/, (1949) on the Isles of

Scilly, backed up by recent AFLP marker analysis carried out on the same islands by Baxter et a/
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(2017), suggest that movement between islands does not occur and that stretches of open water
act as barriers to M. jurtina movement. This contrasts not only to the historical island colonisations
of M. jurtina, but also to direct observations made by Dennis & Shreeve (1996) of many individuals
crossing large expanses of hostile habitat including open water.

In general M. jurtina are relatively sedentary, with adults typically moving within a radius of
500m. However, longer movement distances up to 2.1km have been recorded via mark-release-
recapture (Schneider et a/ 2003). Whilst water may act as a barrier to contemporary gene flow, it is
clear that sea crossings are possible, although they may only occur rarely. The two differing types
of marker used in these studies would go some way to explaining the discrepancies in their results.
Allozymes have slow mutation rates and relatively low levels of polymorphisms (Estoup et a/. 1998).
This makes them useful for reconstructing phylogenies, but less so for interpreting current
population structuring (Wiens 2000). In contrast the dominant and highly polymorphic nature of
AFLPs makes them more suited to studies investigating recent genetic events, but unable to resolve
distant evolutionary events (Freeland et al 2011). Therefore it seems likely that M. jurtina on the
Isles of Scilly belong to the western-Atlantic-Mediterranean lineage as a result of colonisation events
via sea crossings, but such sea crossings are rare and can result in genetically distinct populations

through isolation, as demonstrated by the results of Baxter et a/ (2017).

4.2.5 Chapter aims

In this study we use a third form of genetic marker: microsatellites, to investigate the genetic
diversity of M. jurtina across Europe and also determine whether distinct genetic clusters are found
across the continent. Like AFLPs, microsatellites are better suited to investigations of contemporary
migration and genetic diversity than historical genetic events (Selkoe & Toonen 2006). Whilst
microsatellites can be used for inferring historical events, their predictive power is greatly reduced
when the number of generations increases over a few thousand (Robinson & Harris 1999). This is
due to their high mutation rates, which can lead to size homoplasy i.e. where two same size alleles
in different individuals appear to be the result of a shared ancestry, but are in fact the result of
respective insertion and deletion mutations in two different sized alleles (Freeland et a/ 2011).
Therefore the choice of markers used mean that this study will not be a continuation of the
investigations by Thomson, (1987), Schmitt et a/ (2005), Habel et a/ (2009), and Dapporto et al.
(2011) into the post glacial recolonisation of M. jurtina, but will instead investigate the current
genetic diversity of the species in populations across Europe and determine whether distinct genetic
clusters have formed. This study will also shed some light onto the level of isolation that UK
populations are subject to, when compared to those on mainland Europe. Should the results of
Baxter et al (2017) scale up to the UK as a whole it is anticipated that UK M. jurtina populations
will display some genetic differentiation from those on the mainland as a result of reduced levels

of migration across the English Channel.
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4.3 Methods

4.3.1 Sample collection

A total of 810 M. jurtina samples were collected from 39 sites across 11 European countries in 2017
with sampling carried out by volunteers from 12 collaborating organisations (Table 4.1 & Figure
4.1). Additional samples were also collected for the years 2016 and 2018 but were not used in this
analysis due to time and financial limitations. From each site 20 whole butterfly samples were
collected when possible. All site locations were centred about UK or European butterfly monitoring
scheme transects. At these sites volunteers record the number of butterflies seen over a number of
recording dates throughout the summer, following the methodology outlined in Pollard & Yates
(1993) and summarised in Van Swaay et a/. (2008).

Table 4.1 Site codes for 39 sites (38 with coordinates) across Europe from which M. jurtina samples

were collected in 2017.

) Site Number of Collaborating
Sample Site Country Lat Long o
Code Samples Organisations

Aston Rowant (north) UK-ARN England 51.6581 -0.94608 21
Aston Rowant (south) UK-ARS  England 51.6582 -0.96405 17
Aston Upthorpe Downs UK-AU  England  51.550  1.215 14
Bowdown UK-B England 51382  -1.271 17
Coombe Hill UK-CH  England 51753 -0.774 20
Crabtree UK-C England  51.262 -1.051 20
Dancersend UK-D England  51.777  -0.697 15 University of Reading
Howbery Park UK-HP  England 51.606 -1.113 20 UKCEH
Lardon Chase UK-LC  England 51524  -1.155 20 Forest Research
Little Wittenham UK-LW  England 51.627 -1.190 20
Moor Copse Nature Reserve UK-MC  England 51462 -1.085 16
Pamber Forest UK-PF  England 51345 -1.118 37
Swyncombe Downs UK-SD  England 51618 -1.026 15
The Crong UK-TC  England  51.771  -0.691 15
Wytham Woods UK-WW  England  51.787 -1.320 20

) Granoller's Natural
Santa Susanna SP Spain 41739 2392 15 .

Sciences Museum

Issancourt et Rumel FR-A France 49.762 4811 20
Demange aux Eaux FR-B France 48592 5465 20 University of Reading
Nogent sur Vernisson FR-C France 47845  2.764 18 UKCEH
Gommecourt FR-D France 49.067  1.602 20
Oosterlo B-A Belgium  51.203  2.955 20 )

) Research Institute for
Essenbeek B-B Belgium 50718  4.257 6

) Nature and Forest (INBO)
Oostende B-C Belgium  51.104 4979 18
Wageningen Campus ND-A Netherlands 51.984  5.666 15 ) o

De Vlinderstichting
Moerputten ND-B Netherlands 51.685  5.263 16
) Luxembourg Institute of

Lamadelaine L Luxembourg 49.542  5.871 18

Science and Technology
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i Site Number of Collaborating
Sample Site Country Lat Long o
Code Samples Organisations
Himmelried SZ Switzerland 47.422  7.588 18 Hintermann & Weber AG
Hestehavevej DK-A Denmark 56.295 10.465 19 ) )
Aarhus University
NA DK-B Denmark NA NA 20
Halle G-A Germany 51491  11.931 23
Friedeburg G-B Germany  51.623 11.727 11
] Helmholtz Centre for
Greifenhagen G-C Germany  51.625 11.443 20 .
i Environmental Research
Siptenfelde G-D Germany 51650 11.069 22
Harsleben G-E Germany 51.839 11.060 20
Rokepipan SW Sweden 55,672 13.361 15 Lund University
Kodijarve E-A Estonia 58213  26.640 19
Johvi E-B Estonia 58511 26.774 20 .
. University of Tartu
Réhu E-C Estonia 58326  26.519 22
Lalsi E-D Estonia 58442  26.085 20
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Figure 4.1 Site locations of 38 sites across Europe from which samples were collected in 2017.



4.3.2 DNA isolation and microsatellite analysis
DNA was extracted from a single leg from each individual, following the manufacturer's guidelines
for insects described in the ‘MicroGEM Quick-Start Guide DNA Extraction Using prepGEM Universal'.
Genotyping was carried out using six microsatellite markers isolated by Richard et al (2015) (see
Chapter 3). For further information regarding novel primer development and evaluation, and pre-
existing primer evaluation please see Appendices B and C respectively.

Polymerase Chain Reactions (PCRs) were conducted in a total volume of 11uL containing
TuL template DNA, 6.25uL QIAGEN multiplex PCR master mix (3mM MgCly), 0.625uL tagged forward
primer (5" labelled with FAM, NED or PET), 0.625uL reverse primer, 1.25uL QIAGEN Q solution, 2.25uL
RNase-free water. Further details, including primer concentrations, can be found in Appendix C.
PCRs were carried out in an Eppendorf Mastercycler nexus eco with an initial denaturation for 15:00
at 95°C, followed by 40 cycles of denaturation for 00:30 at 94°C, annealing for 01:30 at 56°C,
extension for 01:00 at 72°C, and a final extension phase for 10:00 at 72°C. All PCR reactions
underwent fragment analysis using an Applied Biosystems 3730 DNA Analyser. The results were
then scored using GeneMarker® version 1.5 (SoftGenetics). Any individual for which there were
more than two loci with missing data were removed from the analysis (5.962% of samples). Further
samples were then removed to ensure that all populations had no greater than 5% missing data
per locus. This was done so that no loci were dropped in the analysis due to insufficient data. As a

result, a total of 722 samples were included in the analyses.

4.3.3 Statistical analysis

All analyses were carried out first using only the mainland European sites (24 sites), then including
three of the fifteen available UK sites (27 sites) and then finally using all fifteen UK sites (39 sites).
This was done to determine what effect the large number of UK sites compared to other individual
countries had on the overall analysis. The inclusion of all UK sites had minimal effect on the outputs
of the majority of tests, with the exception of pairwise Fsr. As a result, all UK sites were retained in
the analysis. Test results using only the European sites and including only three UK sites can be

found for comparison in Appendix D.

4.3.3.1 Microsatellites

Linkage disequilibrium among pairs of loci was tested for in Genepop v4.7 (Rousset 2008), as were
null allele frequencies. The observed and expected heterozygosities (H, and H. respectively) across
the whole dataset, for individual loci and averaged across all loci, were calculated using the R
package PopGenReport (Adamack & Gruber 2014; Gruber & Adamack 2015), as were deviations
from the Hardy Weinberg equilibrium (HWE).

4.3.3.2 Population genetic diversity, divergence and structure
For each locus Wright's F statistics (Wright 1965) were calculated across all sampling locations using
Genepop. An estimate of Rst was calculated in FSTAT v. 2.9.4 (Goudet 1994). The rarefaction

procedure was used to estimate allelic richness (A;), based upon a minimum sample size of six
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diploid individuals. The number of private alleles (Ap) was calculated using PopGenReport, as were
the expected (H.) and observed (H,) heterozygosity for each locus and the percentage differences
between H. and H,. He for each site and across all sites were calculated using Arlequin v 3.5.2.2
(Excoffier & Lischer 2010). To compare if there were differences in the genetic diversity of M. jurtina
in the UK compared to those on mainland Europe mean H, and A, were compared using two sample
t-tests.

Effective population sizes (N.) were estimated using two methods, the bias corrected linkage
disequilibrium method (Hill 1981; Waples 2006; Waples & Do 2010), and the heterozygote excess
method (Pudovkin et a/ 1996; Zhdanova & Pudovkin 2008) both implemented in NeEstimator V2
(Do et al 2014).

Population structure was investigated using STRUCTURE v.2.3.4 (Pritchard et a/ 2000; Falush
et al. 2003, 2007; Hubisz et al 2009). For all models in this study the parameter set used an
admixture model and correlated allele frequencies with a 100,000 burn-in and 1,000,000 MCMC
replications per chain. For each possible value of K, twenty chains were run. The most likely value
of K within the sample sets was estimated using the programme STRUCTURE Harvester (Earl &
VonHoldt 2012) which estimates an ad hoc statistic, Delta K, to determine the most likely value of
K (Evanno et a/ 2005).

Contemporary migration rates between sites were estimated using BayesAss v.3.04 (Wilson
& Rannala 2003). A burn-in of 10,000 and 10,000,000 MCMC repetitions were used with a thinning
interval of 800, and mixing parameters of 0.8 for migration rates, 0.4 for allele frequencies and 0.8
for inbreeding coefficients. MCMC convergence was monitored for each set of samples by plotting
the profile of the likelihood and prior values over time using Tracer v1.7.1 (Rambaut et a/ 2018).
For each run the MCMC did not reach convergence. The number of MCMC repetitions was increased
to 100,000,000, however convergence still did not occur and as a result BayesAss was abandoned
from the study. Instead Slatkin’s private allele method for estimating migrants (Slatkin 1985) was
calculated in Genepop.

For measures of genetic distance individuals were pooled on a per site basis. Weir and
Cockerham'’s pairwise Fsr values were calculated using FSTAT. Estimates of isolation by distance
(IBD) were calculated by plotting pairwise Fst values against (log) Euclidean distances between sites,
with a Mantel R test using the mante/ function from the R package Ecodist (Goslee & Urban 2007).
Owing to the unevenness of the distribution of distances between sites (distance between sites: p
= 728km, min = 8km , max = 2525km), IBD estimates were also calculated with the Estonian sites
removed and again with the Spanish site removed, to determine whether the large distances
between these site(s) was affecting the analysis (distances between sites with Estonian sites removed:
M = 501km, min = 8km , max = 1742km, distances between sites with Spanish site removed: p =
698km, min = 8km , max = 1979km).

4.3.3.3 Population genetic networks, barriers and bottlenecks

A standard method of detecting genetic barriers among populations is Monmonier's maximum

difference algorithm (Monmonier 1973). This method uses geographical coordinates and connects
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populations via Delauney triangulation with a pairwise Fsr matrix, resulting in the assignment of
hypothetical spatial genetic boundaries between populations (Manni et a/. 2004). However, although
Monmonier's algorithm is an effective tool for investigating barriers to gene flow, it relies upon the
assumptions that samples have different spatial locations and that spatial locations are equally
spaced. As the data in this study violates both of these assumptions an alternative method of
visualising potential barriers was required.

Instead of Monmonier's algorithm a spatial Principal Component Analysis (sPCA) was carried
out to look for spatial variations within the data using the spca function in the R packaged adegenet
v2.1.2 (Jombart 2008). Unlike Monmonier's algorithm the sPCA is able to use allele frequency data
of populations to investigate spatial patterns of genetic variability (Jombart et a/ 2008). A spatial
proximity network was built using the "K nearest neighbors” method. The principal component to
interpret was determined by decomposing the genetic diversity from the spatial autocorrelation, as
in Gagnaire et al. (2012).

A graph-based network theory analysis was used to further investigate gene flow and
connectivity using the programme EDENetworks (Kivela et a/ 2015). All 39 populations were plotted
as nodes in a weighted network connected by edges. Network analysis estimates the betweenness
centrality (the fraction of all shortest paths going through a node), as an indication of gene flow,
and the number of connections between nodes (Smith et a/ 2015). Node size was proportional to
the betweenness centrality and edges were weighted by F<r. Firstly a Minimum Spanning Network
(MSN) was plotted, representing the shortest network of edges to connect all populations, with the
minimum total cost (Kiveld ef a/ 2015) i.e. the arrangement of edges to connect nodes that results
in the lowest total Fsr. Due to a stochastic component in the algorithm used in EDENetworks the
results of each visualisation can vary for the same network (Kiveld et a/ 2015). In order to ensure
that the MSN shown was representative of the results ten MSNs were calculated to test alternate
network shapes. Secondly, a Threshold Network (TN) was plotted. For the TN all nodes were joined
to every other node in connected network. A percolation threshold was assigned based upon both
the relative size of the largest component in the network and the susceptibility score (see Kiveld et
al. 2015). The percolation threshold indicates the point at which edge removal results in the
fragmentation of the “giant component” of the network into smaller components, however, small,
disconnected fragments (e.g. single nodes) can appear before this point. Edges with weights below
the threshold are removed, retaining only the most important edges in the network (Kiveld et a/
2015). Automatic thresholding in EDENetworks was carried out in the first instance, with a threshold
value set just below the estimated percolation threshold. This was then followed by manually
lowering the threshold value to remove the weakest edge retained by the automatic thresholding.
Edge colour and width were proportional to the genetic distances between nodes, with thicker,
darker edges indicating lower genetic distances. The statistical significance of the betweenness
centrality scores were tested for by bootstrapping, by re-sampling 85% of each population and
randomising 1000 times.

An investigation into potential recent population bottlenecks or expansions was carried out

using Bottleneck v. 1.2.02 (Piry et a/. 1999). Bottleneck estimates heterozygosity assuming constant
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population size (Heq) via three models; infinite allele (IA), stepwise mutation (SM) and two-phase
mutation (TPM, with SM set at 70 % and variance at 30). Heq was then compared to H, and significant
excess or deficit was estimated via 1000 iterations with Sign, Standard Difference, and Wilcoxon
test. H, is classed as significantly different from H, if the majority of tests are significant. Potential
recent reductions in population size were also investigated in Bottleneck using the shifted mode
test as in Vanhala et al (2014). For each locus alleles were grouped into frequency classes. Where
no bottleneck has occurred allele distributions are expected to be L-shaped, with the rarest alleles
forming the largest class. In the event of a bottleneck this distribution shifts as a result of the loss

of the rarer alleles, indicating severe, recent declines in population size.

4.4  Results

441 Microsatellites, HWE and GE

There was no evidence of linkage disequilibrium between pairs of loci across the dataset (Table 4.2).
With the exceptions of eight sites at Mj7232, and 19 sites at Mj4870 all site locus combinations had
a low frequency (<0.2) of null alleles (Table 4.3). Across the dataset the microsatellites displayed a
high level of variability (Table 4.4), with the highest values of Ho occurring at Mj5331 (0.862) and
the lowest occurring at Mj4870 (0.237). All loci showed a non-significant level of heterozygote deficit
across the dataset as a whole, the greatest occurring at Mj4870 with a deficit of 62.473 (Table 4.4).
Fsr values were significantly greater than zero at Mj7232 and Mj4870. However, F;s values were
significantly greater than zero at four of the six loci (Table 4.4), indicating potential deviations from
HWE. The high number of null alleles, combined with the low Ho and heterozygote deficit, led to
the analyses being repeated with the removal of the locus Mj4870. Removal had little effect on the
overall results, with the exception of Pairwise Fsr values which were reduced when using only five
loci. Additionally, with only five loci STRUCTURE was unable to determine any clustering of

populations (see below). As a result, the locus was included.

Table 4.2 Composite linkage disequilibrium test outputs for all locus pair combinations across all

mainland European sites and all 15 UK sites

Locus pair Chi? df  p-value
M;j7232 Mj5522 65.739 76 0.793
Mj7232 Mj0247 31822 70 1.000
Mj5522 Mj0247 17262 70 1.000
Mj7232 Mj4870 56.941 76 0.950
Mj5522 Mj4870 39406 76 1.000
Mj0247 Mj4870 42677 70 0.996
Mj7232 Mj7132 43238 76 0.999
Mj5522 Mj7132 53228 76 0978
Mj0247 Mj7132 42.701 70 0.996
Mj4870 Mj7132 68.894 78 0.760
Mj7232 Mj5331 47689 70 0.981
Mj5522 Mj5331 34907 70 1.000
Mj0247 Mj5331 20470 64 1.000
Mj4870 Mj5331 39303 72 0.999
Mj7132 Mj5331 47247 72 0.989
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Table 4.3 Locus by populations estimated null allele frequencies for all European sites and 15 UK sites. Values in bold exceed 0.2 frequency of null alleles.

UK-ARN  UK-ARS UK-AU UK-B UK-C UK-CH UK-D UK-HP UK-LC UK-LW UK-MC UK-PF UK-SD UK-TC UK-WW SP FR-A FR-B FR-C  FR-D
M;j7232 0.028 0.145 0.000 0.137 0.079 0.096 0.022 0.032 0.086 0.000 0.171 0.050 0.048 0.013 0.032 0.041 0.181 0.248 0.029 0.058
M;j5522 0.000 0.055 0.048 0.000 0.000 0.000 0.030 0.055 0.006 0.013 0.029 0.001 0.076  0.074 0.000 0.129 0.000 0.040 0.017 0.000
Mj0247 0.042 0.030 0.000 0.085 0.018 0.000 0.041 0.000 0.000 0.037 0.069 0.064 0.068 0.000 0.048 0.070 0.055 0.198 0.081 0.158
Mj4870 0.075 0.187 0.000 0.000 0.000 0.064 0.086 0.003 0.159 0.151 0.000 0.080 0.150 0.189 0.128 0.167 0.377 0.296 0.173 0.076
M;j7132 0.022 0.065 0.000 0.045 0.000 0.000 0.091 0.000 0.000 0.028 0.000 0.000 0.047 0.002 0.000 0.088 0.000 0.000 0.116 0.017
M;j5331 0.000 0.000 0.000 0.032 0.000 0.000 0.000 0.000 0.030 0.028 0.028 0.027 0.000 0.000 0.000 0.000 0.084 0.129 0.000 0.000
Table 4.3 Continued
B-A B-B B-C ND-A ND-B L SZ DK-A DKB GA G-B GC GD G-E SwW EFA EB EC ED Mean
M;j7232 0.140 0.242 0.176  0.153 0.340 0.305 0.000 0.188 0.146 0.082 0.106 0.184 0.128  0.200 0.097 0.261 0.185 0.366 0.426 0.134
M;j5522 0.054 0.060 0.013 0.056 0.053 0.000 0.000 0.000 0.000 0.000 0.000 0.015 0.038 0.000 0.000 0.000 0.000 0.000 0.034 0.023
Mj0247 0.034 0.072 0.110 0.078 0.000 0.070 0.000 0.176 0.079 0.010 0.073 0.038  0.098 0.192 0.029 0.116 0.051 0.048 0.038 0.061
Mj4870 0.227 0.000 0.354 0.315 0.369 0.284 0.262 0.287 0.206 0.312 0.248 0.371 0.297 0.372 0.180 0.384 0.221 0.321 0.358 0.198
M;j7132 0.006 0.000 0.019 0.000 0.000 0.000 0.068 0.110 0.000 0.127 0.000 0.000 0.000 0.087 0.162  0.000 0.000 0.000 0.074 0.030
M;j5331 0.019 0.000 0.000 0.000 0.000 0.024 0.015 0.000 0.000 0.000 0.058 0.015  0.000 0.000 0.078 0.000 0.043 0.000 0.061 0.017




Table 4.4 Population-wide expected and observed heterozygosity, and percent difference ((E -
0)/E*100), Fi1, Fis Fst and Rsr at each locus across all 24 mainland European sites and 15 UK sites.
Bartlett's K-squared: 2.29, df = 1, p-value = 0.1303

Locus No. of - No. of Ho  Hy He vs Ho % F. (p-value) F_ (p-value) F.(p-value) R
samples alleles difference
Mj7232 720 16 0.837 0.738 11.892 0.120(0.000) 0.054 (0.000) 0.070 (0.000) 0.084
Mj5522 709 13 0.845 0.794  6.046  0.062(0.000) 0.012(0.818) 0.051 (0.000) 0.022
Mj0247 715 33 0940 0.779 17104 0.171(0.000) 0.017 (0.232) 0.156 (0.000) 0.031
Mj4870 712 8 0632 0237 62473 0.630(0.000) 0.102 (0.000) 0.588 (0.000) 0.159
Mj7132 710 11 0771 0737 4430 0.046(0.008) 0.017 (0.241) 0.030 (0.070) 0.016
Mj5331 717 23 0.895 0.862 3.629 0.038(0.002) 0.017(0.124) 0.021 (0.060) -0.002

Mean 714 173 0820 0.691 17.600 0.178 - 0036 - 0153 - 0.052

ST

4.4.2 Population genetic diversity
The genetic diversity, relatedness and effective population sizes of M. jurtina across the dataset can
be found in Table 4.4. H, across the whole datasets was 0.821. Genetic diversity (He and A,) was
similar across all populations with H, ranging from 0.712 (BB) to 0.831 (BC) and A, ranging from
5.000 (B-B) to 6.19 (FR-B). A, was significantly lower across mainland European populations (A, =
5.699) than across UK populations (A, 5.904) (p = 0.015). He was significantly higher across mainland
European populations (He = 0.804) than UK populations (H. = 0.764) (p > 0.001). Two private alleles
(Ap) occurred at DK-A, whilst UK-LC, UK-MC, UK-PF, FR-C, ND-B, L, DK-B, G-A and E-D each had a
single private allele. All other sites had no private alleles.

Using both the heterozygote excess and the linkage disequilibrium methods effective
population sizes were estimated at infinity. In some case the point estimates were estimated at

infinity, in others the confidence limits included infinity (Table 4.5).

Table 4.5. Sample sizes, genetic diversity, allelic richness, number of private alleles and effective
population sizes for M. jurtina populations in the south of England. All values are estimated on a
per population basis.

Hexp €xpected heterozygosity, A, = allelic richness, A, = Private alleles, N.(1) = effective population
size estimated using the heterozygote excess method, N¢(2) = effective population size estimated

using linkage disequilibrium method.

Site Sample Size Mean Hep (s.d.) A, Ap Ne(1) N.(2)
All sites 722 0.821 (0.108) - 11 - -
UK-ARN 21 0.760  (0.176) 5776 0 o )
UK-ARS 17 0.753  (0.224) 5614 0 o )
UK-AU 14 0.713  (0.269) 5574 0 o )
UK-B 17 0.738  (0.246)  5.693 0 oo oo
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Site Sample Size Mean Hey (s.d.) A, Ap Ne(1) N(2)
UK-C 20 0.783  (0.199)  5.990 0 o 0
UK-CH 20 0.805  (0.145)  6.090 0 o 0
UK-D 15 0.776  (0.223) 6.132 0 oo oo
UK-HP 20 0.786  (0.163) 5935 0 oo oo
UK-LC 20 0.796  (0.176)  6.156 1 oo oo
UK-LW 20 0.784  (0.229)  6.100 0 oo oo
UK-MC 16 0.736  (0.266) 5963 1 oo oo
UK-PF 37 0.771 (0.223)  6.121 1 oo o0
UK-SD 15 0.747  (0.279)  5.940 0 oo oo
UK-TC 15 0.771 (0.213)  5.781 0 oo oo
UK-WW 20 0745  (0.192) 5688 0 co o
SP 15 0.827  (0.099) 6.035 0 co o
FR-A 20 0819  (0.068)  5.887 0 co o
FR-B 20 0818  (0.063)  5.607 0 co o
FR-C 18 0826 (0.116)  6.186 1 co o
FR-D 20 0818 (0.112) 6.044 0 co o
B-A 20 0.798  (0.124)  5.801 0 co o
B-B 6 0.712  (0.273)  5.000 0 co o
B-C 18 0.831 (0.066)  5.879 0 o )
ND-A 15 0.811 (0.084)  5.875 0 oo oo
ND-B 16 0.804 (0.078)  5.606 1 oo oo
L 18 0.793  (0.110)  5.739 1 o oo
SZ 18 0.770  (0.119)  5.406 0 o oo
DK-A 19 0.810  (0.077) 5616 2 ) )
DK-B 20 0.806  (0.099) 5852 1 ) )
G-A 23 0.802  (0.090) 5.654 1 ) )
G-B 11 0768  (0.167) 5335 0 co o
G-C 20 0817  (0.073) 5645 0 co o
G-D 22 0.828 (0.079)  6.091 0 co o
G-E 20 0814  (0.096)  5.895 0 co o
S-W 15 0815  (0.073) 5467 0 co o
E-A 19 0813  (0.074) 5.603 0 ) oo
E-B 20 0.756  (0.068)  5.077 0 ) oo
E-C 22 0817  (0.052) 5554 0 ) oo
E-D 20 0.821 (0.076)  5.913 1 ) )

4.4.3 Population genetic structure, differentiation and gene flow
Using the six microsatellites described the initial STRUCTURE analysis found the most likely value

of LnPr(X|K) was K = 4 (Fig. 4.2a). However subsequent analysis using the Evanno method (Evanno
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et al. 2005) revealed the most likely number of clusters was two, then four (Fig. 4.2b). Clustering for

K = 2 and K = 4 are shown in Figs. 4.3 and 4.4 respectively. Cluster 1 originated predominantly

from the UK populations. Mainland European populations predominantly made-up cluster 2 and

were more admixed.
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Figure 4.2 Bayesian cluster analysis in STRUCTURE. (A) Initial estimation of K for M. jurtina using
median values of LnPr(X|K) (Pritchard et a/ 2000), k for which Pr(K=k) is highest = 4. (B) Estimation
of Delta K (Evanno et al. 2005) for M. jurtina across Europe, highest Delta K = most likely K.
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Figure 4.4 Bayesian cluster analysis in STRUCTURE (a) Individual membership coefficients for M.

Jurtina across Europe where K =4. (b) Geographic distribution of clusters, when K = 4. Colours

indicate different clusters.

There was little variation within the pairwise Fs values (u= 0.028, variance = 0.0007) (Table 4.6).
Pairwise Fsr was significantly greater than zero for 236 out of 722 site pair combinations. There was
no evidence of IBD between pairwise site combinations and pairwise Fsr values when all sites were
included in the analysis (Fig. 4.5) (p = 0.201, Mantel r value = 0.061). Removal of the Spanish site
also resulted in no significant IBD, however removal of the Estonian sites resulted in a significant
IBD effect (p = 0.020, Mantel r value = 0.175). The estimated number of migrants per generation

according to Slatkin's private allele method was 8.004 across all sites. When UK sites were removed
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from the analysis the estimated number of migrants per generation dropped to 5.980. Estimated

migrants per generation for UK only sites was 13.141.
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Figure 4.5 Pairwise Fsr values for M. jurtina plotted against Euclidean distances for 39 sites across
Europe in 2017. Points with a red border indicate site pair combinations including site B-B, which
had only six samples. White points indicate site pair combinations including at least one Estonian

site, removal of these points results in significant IBD between points.
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Table 4.6 Pairwise F<r values between 39 pairs of sites across Europe. Values below the diagonal = Fs; scores. Values above the diagonal indicate

significance level p-values. P-values obtained after 14820 permutations.

UK-ARN UK-ARS UK-AU UK-B UK-C UK-CH UK-D UK-HP UK-LC UK-LW UK-MC UK-PF UK-SD UK-TC UK-WwW SP FR-A
UK-ARN 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS * *
UK-ARS 0.004 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS * *
UK-AU 0.004 -0.003 0.000 NS NS NS NS NS NS NS NS NS NS NS NS * NS
UK-B 0.013 0.006 -0.003 0.000 NS NS NS NS NS NS NS NS NS NS NS * *
UK-C 0.007 -0.003 0.003 0.005 0.000 NS NS NS NS NS NS NS NS NS NS * *
UK-CH 0.001 0.012 0.011 0.020 0.002 0.000 NS NS NS NS NS NS NS NS NS NS NS
UK-D 0.001 -0.011 0.002 0.001 -0.003 0.012 0.000 NS NS NS NS NS NS NS NS * NS
UK-HP 0.003 -0.004 -0.003 -0.009 -0.006 0.003 -0.002 0.000 NS NS NS NS NS NS NS NS NS
UK-LC 0.006 0.003 0.013 0.004 -0.003 0.003 -0.010 -0.003 0.000 NS NS NS NS NS NS NS NS
UK-LW 0.012 0.000 0.008 0.012 -0.007 0.004 -0.008 0.002 -0.008 0.000 NS NS NS NS NS * *
UK-MC 0.009 -0.003 -0.005 -0.003 0.001 0.014 -0.012 -0.006 0.005 0.006 0.000 NS NS NS NS * NS
UK-PF 0.009 0.000 -0.005 -0.004 0.000 0.011 -0.006 -0.006 0.002 -0.001 -0.006 0.000 NS NS NS * *
UK-SD 0.014 -0.004 -0.005 -0.007 -0.008 0.008 -0.002 -0.005 0.001 -0.009 -0.003 -0.005 0.000 NS NS NS NS
UK-TC 0.015 0.004 0.003 0.005 -0.004 0.003 -0.002 -0.003 0.000 0.005 0.006 -0.002 -0.002 0.000 NS NS NS
UK-ww 0.007 0.009 -0.005 0.012 0.011 0.011 0.010 0.000 0.008 0.015 0.003 0.008 0.007 0.005 0.000 NS NS
SP 0.075 0.085 0.090 0.084 0.067 0.045 0.078 0.054 0.059 0.071 0.095 0.076 0.069 0.061 0.068 0.000 NS
FR-A 0.056 0.061 0.070 0.068 0.054 0.041 0.055 0.039 0.042 0.054 0.062 0.053 0.065 0.045 0.044 0.042 0.000
FR-B 0.054 0.055 0.062 0.061 0.047 0.026 0.043 0.035 0.035 0.044 0.060 0.050 0.056 0.036 0.048 0.038 -0.008
FR-C 0.051 0.040 0.051 0.052 0.034 0.027 0.033 0.033 0.037 0.028 0.054 0.034 0.036 0.018 0.046 0.030 0.012
FR-D 0.037 0.027 0.033 0.044 0.030 0.019 0.023 0.019 0.018 0.025 0.036 0.024 0.037 0.016 0.031 0.041 0.008
B-A 0.041 0.033 0.039 0.034 0.028 0.030 0.023 0.018 0.018 0.026 0.037 0.027 0.029 0.014 0.029 0.065 -0.001
B-B 0.020 -0.011 -0.006 0.018 0.008 0.028 -0.006 0.012 0.002 -0.001 0.007 0.006 0.005 -0.002 0.003 0.097 0.042
B-C 0.042 0.045 0.048 0.055 0.040 0.021 0.040 0.029 0.030 0.045 0.057 0.041 0.049 0.025 0.039 0.021 0.009
ND-A 0.051 0.050 0.064 0.054 0.043 0.037 0.036 0.030 0.025 0.041 0.045 0.045 0.047 0.031 0.044 0.066 -0.004
ND-B 0.050 0.049 0.060 0.053 0.053 0.028 0.052 0.026 0.041 0.058 0.059 0.053 0.062 0.047 0.041 0.052 0.007
L 0.093 0.102 0.119 0.108 0.094 0.076 0.091 0.073 0.081 0.102 0.104 0.096 0.119 0.087 0.091 0.064 -0.002
Sz 0.099 0.098 0.115 0.117 0.089 0.070 0.093 0.081 0.079 0.092 0.110 0.094 0.110 0.079 0.100 0.090 0.021
DK-A 0.068 0.061 0.085 0.079 0.066 0.050 0.067 0.041 0.050 0.065 0.079 0.069 0.071 0.060 0.060 0.045 -0.003
DK-B 0.058 0.044 0.063 0.056 0.039 0.039 0.043 0.034 0.031 0.041 0.059 0.046 0.037 0.030 0.056 0.051 0.011
G-A 0.045 0.051 0.049 0.059 0.052 0.032 0.050 0.029 0.036 0.054 0.063 0.048 0.062 0.036 0.041 0.041 0.012
G-B 0.021 0.012 0.028 0.025 0.023 0.017 0.016 0.012 0.007 0.022 0.022 0.019 0.025 0.012 0.019 0.081 0.010
G-C 0.053 0.058 0.070 0.069 0.059 0.041 0.051 0.039 0.045 0.066 0.064 0.059 0.072 0.045 0.049 0.043 0.001
G-D 0.049 0.040 0.056 0.055 0.040 0.034 0.031 0.028 0.021 0.035 0.051 0.040 0.051 0.029 0.047 0.049 -0.001
G-E 0.022 0.030 0.044 0.052 0.040 0.016 0.026 0.020 0.024 0.033 0.036 0.034 0.047 0.033 0.032 0.059 0.017
S-wW 0.071 0.063 0.071 0.071 0.066 0.049 0.051 0.048 0.046 0.064 0.069 0.059 0.079 0.042 0.058 0.044 0.000
E-A 0.047 0.055 0.053 0.067 0.050 0.019 0.051 0.035 0.038 0.047 0.054 0.048 0.060 0.038 0.044 0.043 0.028
E-B 0.055 0.066 0.066 0.087 0.079 0.040 0.073 0.055 0.063 0.078 0.085 0.067 0.088 0.059 0.060 0.073 0.050
E-C 0.049 0.048 0.060 0.067 0.057 0.034 0.045 0.043 0.046 0.056 0.065 0.051 0.066 0.042 0.058 0.051 0.035
E-D 0.064 0.061 0.069 0.067 0.058 0.040 0.052 0.049 0.049 0.061 0.068 0.059 0.065 0.042 0.058 0.052 0.044




Table 4.6 Continued

FR-B FR-C FR-D B-A B-B B-C ND-A ND-B L SZ DK-A DK-B G-A G-B G-C G-D G-E S-w E-A E-B E-C E-D
UK-ARN * * * * NS * * * * * * * * NS * * * * * * * *
UK-ARS * NS NS * NS * * NS * * * * * NS * * * * * * * *
UK-AU NS NS NS NS NS NS * NS * * * * NS NS * NS NS NS * * * *
UK-B * NS * NS NS * * NS * * * * * NS * * * * * * * *
UK-C * * * * NS * * * * * * * * * * * * * * * * *
UK-CH NS NS NS * NS NS * NS * * * * * NS * NS * * NS * * *
UK-D NS NS NS NS NS * NS * * * * * * NS NS NS NS NS * * * *
UK-HP * NS NS NS NS NS NS NS * * * NS NS NS * NS NS * * * * *
UK-LC NS NS NS NS NS NS NS NS * * * * NS NS * NS NS * * * * *
UK-LW * NS NS * NS * * * * * * * * * * NS * * * * * *
UK-MC NS NS NS NS NS * NS NS * * * * * NS * NS NS * * * * *
UK-PE * NS * * NS * * * * * * * * NS * * * * * * * *
UK-SD * NS NS NS NS NS NS * * * * * NS NS * NS NS * * * * *
UK-TC NS NS NS NS NS NS NS NS * * NS NS NS NS NS NS NS NS NS * * NS
UK-WW NS NS NS NS NS NS NS NS * * * * NS NS NS NS NS * * * * *
sp NS NS NS * NS NS * * * * * NS * * * * * * * * * *
FR-A NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * * *
FR-B 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * *
FR-C 0.008 0.000 NS NS NS NS NS NS NS * NS NS NS NS NS NS NS * NS * * NS
FR-D 0.009 -0.001 0.000 NS NS NS NS NS NS NS * NS NS NS NS NS NS NS NS NS NS *
B-A 0.001 0.002 -0.001 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * NS
B-B 0.038 0.039 0.020 0.011 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS
B-C 0.007 0.007 0.001 0.005 0.040 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS
ND-A -0.004 0.027 0.017 -0.002 0.029 0.018 0.000 NS NS NS NS NS NS NS NS NS NS NS NS * NS NS
ND-B 0.002 0.033 0.022 0.017 0.042 0.022 0.018 0.000 NS * NS NS NS NS NS NS NS NS NS NS NS NS
L 0.003 0.038 0.039 0.027 0.096 0.031 0.016 0.015 0.000 NS NS NS NS * NS NS NS NS NS * * NS
SZ 0.013 0.038 0.024 0.022 0.096 0.030 0.017 0.044 0.022 0.000 * NS NS NS NS NS NS NS NS NS NS *
DK-A 0.002 0.032 0.029 0.018 0.054 0.016 -0.004 0.009 0.015 0.024 0.000 NS NS NS NS NS NS NS * * NS *
DK-B 0.011 0.018 0.020 0.008 0.037 0.015 0.003 0.037 0.046 0.041 0.008 0.000 NS NS NS NS NS NS NS * * *
G-A 0.008 0.026 0.017 0.014 0.032 -0.003 0.014 0.012 0.023 0.036 0.014 0.034 0.000 NS NS NS NS NS NS NS NS NS
G-B 0.004 0.031 0.007 -0.001 -0.011 0.022 0.000 0.013 0.047 0.037 0.017 0.018 0.020 0.000 NS NS NS NS NS NS NS NS
G-C -0.005 0.029 0.022 0.016 0.057 0.007 -0.001 0.004 -0.001 0.016 -0.006 0.022 0.003 0.017 0.000 NS NS NS NS NS NS NS
G-D -0.004 0.010 0.001 -0.002 0.022 0.008 -0.008 0.015 0.014 0.020 0.007 0.012 -0.003 0.010 0.006 0.000 NS NS NS * NS NS
G-E 0.007 0.031 0.009 0.018 0.027 0.004 0.008 0.015 0.037 0.031 0.015 0.031 0.010 -0.002 0.009 0.007 0.000 NS NS NS NS NS
S-W 0.011 0.028 0.016 0.017 0.051 -0.006 0.016 0.028 0.023 0.034 0.013 0.012 0.005 0.030 0.002 0.004 0.022 0.000 NS NS NS NS
E-A 0.014 0.035 0.016 0.032 0.057 0.002 0.016 0.025 0.043 0.032 0.021 0.038 0.008 0.019 0.006 0.017 0.000 0.019 0.000 NS NS NS
E-B 0.043 0.057 0.026 0.051 0.066 0.009 0.053 0.039 0.069 0.049 0.042 0.064 0.013 0.024 0.026 0.038 0.009 0.030 -0.003 0.000 NS NS
E-C 0.015 0.029 0.017 0.029 0.048 0.002 0.024 0.023 0.041 0.038 0.027 0.034 0.013 0.020 0.006 0.018 0.007 0.018 -0.006 0.003 0.000 NS
E-D 0.021 0.037 0.032 0.033 0.053 0.015 0.027 0.026 0.044 0.054 0.042 0.050 0.019 0.026 0.012 0.032 0.026 0.029 0.005 0.029 -0.009 0.000




4.44 Population genetic networks, barriers and bottlenecks

The multivariate analysis of the six loci determined that greatest amount of the variability was
explained by the first principal component, as the first eigenvalue of the sPCA was highly positive,
indicative of global structuring (Jombart 2008) (Fig. 4.6). As this eigenvalue could clearly be
distinguished from all others only the first principal component was analysed. The structure
illustrated by the individual lagged scores on the first principal component showed a distinct

structure (Fig. 4.6), with the greatest difference between the UK populations and those in Europe.
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Figure 4.6 Interpolation of the lagged vectors of the first principal component. Sites are plotted by

spatial coordinates. Eigenvalues are shown in the inset scree plot.

All ten MSNs calculated resulted in the same shape tree, oriented differently. A
representative network can be seen in Fig. 4.7. All networks showed the node SP to be disconnected
from the network. Strong edges were drawn between UK nodes, and between the majority of
mainland European nodes. However, only a weak edge joined the UK nodes to the mainland
European nodes via UK_LC and G_B. Weak edges were also drawn between SZ and FR_F, and
between B_B and UK_AU. B_B was the only other mainland European node to connect with a UK
node, with the exception of the main edge between the two described above.

The automatic TN percolation threshold value was set at 0.03. This resulted in a giant
component made up of a UK network (plus node B_B) and a mainland European network, with the
two connected by a single edge. The nodes SP and SZ were disconnected from all other nodes.
Manually reducing the threshold to 0.0297 removed the edge between the UK and the European
mainland, separating the giant component into the two constituent ones described above (Fig. 4.8).
The nodes with the highest betweenness centrality scores in the TN did not consistently appear in
the top five or top nodes during randomisation. This indicates that the betweenness centrality

scores are affected by bootstrapping and therefore not significant.
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No strong evidence of recent genetic bottlenecks was detected at the population level
(Appendix E, Table E1). No populations displayed a mode shift (Appendix E, Table E2). However
contrary to expectations eight mainland European populations showed some evidence of possible

bottlenecks with a majority of tests being significant (Appendix E, Table E3).

A

SP

Figure 4.7 Representative Minimum Spanning Tree of pairwise Fsr values for M. jurtina populations
across Europe. Line thickness and shade proportional to link strength. Node size is proportional to
betweenness centrality, and nodes are coloured by country. The network is displayed twice A)

without spatial coordinates and B) with sites plotted using their spatial coordinates.
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Figure 4.8 Network analysis of pairwise Fsr values for M. jurtina populations across Europe. Line
thickness and shade proportional to link strength. Node size is proportional to betweenness
centrality, and nodes are coloured by country. The network is displayed twice A) without spatial

coordinates and B) with sites plotted using their spatial coordinates.
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4.5 Discussion

Our results contribute to the growing body of evidence that show M. jurtina to have high levels of
genetic diversity across much of its European range (Goulson 1993a; Wood & Pullin 2002; Schmitt
et al. 2005; Habel et al 2009; Richard et al 2015; Villemey et a/ 2016). We found significant
differences in the levels of genetic diversity of M. jurtina populations in the UK compared to those
on the European mainland. We also found evidence of genetic differentiation across Europe, with
UK populations belonging to a distinct cluster. On the mainland clustering is more complex with
high levels of admixture seen within all populations. We show tentative evidence of IBD effects,

although sampling design should be taken into consideration when interpreting these results.

4.5.1 Population genetic diversity

We found a lower mean number of alleles per locus than a previous study by Villemey et al. (2016)
using five of the same markers. Our results were however similar to those in Richard et al (2015).
The differences between our results and those of Villemey et a/. (2016) is likely a reflection of the
differences in sampling methodologies. Investigations into the number of alleles in a population
are affected by both the number of samples used, and the number of sample areas used within a
region, both of which can result in a greater number of alleles being found (Kalinowski 2004). The
fewer number of samples collected in this study (810 Vs 1681), combined with the collection over
a greater geographic expanse (39 sites from eleven countries across 2525km vs 469 sites from three
regions in France across 600km), may explain the greater number of alleles found per locus by
Villemey et al. (2016)

We found contradicting differences in the two measures used as estimates of genetic
diversity across the UK and mainland European populations, with higher levels of H, and lower
levels of A, on the mainland. An explanation for this may be to do with a limitation of A, within this
study. Whilst both H. and A, are commonly used metrics of genetic diversity, H. is the more common
(Greenbaum et al. 2014). A key reason for this is that A, is highly affected by sample size, meaning
that rarefaction procedures need to be undertaken in order not to bias estimates (Kalinowski 2004)
e.g. whereby larger sample sizes result in higher estimates due to more alleles being sampled.
Rarefaction procedures use the smallest sample size across all sampled populations to estimate A,
for each population (Leberg 2002), which in this study results in a samples size of six being used.
Considering that between 20 and 30 samples is often sufficient to accurately estimate allele
frequencies (Pruett & Winker 2008; Hale et al/ 2012), the low sample size used as a result of
rarefaction means that our estimates of allelic richness may not be as reliable as the estimates of
heterozygosity, which does not rely upon such methods. Using H. as a measure of genetic diversity,
we see the expected result of the island population (UK) displaying significantly lower genetic
diversity to the mainland, as is often seen with island populations (Frankham 1997). Although
significantly lower than mainland H, the levels seen in UK populations are still very high. This may
be due to the relatively large size and minimal isolation of the UK, meaning that inbreeding and
genetic drift have less effect than they might have, were the UK smaller and more isolated (Furlan
et al. 2012).
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With the exception of Mj4870, all loci displayed high levels of H,. All loci also displayed
heterozygote deficit, although these did not constitute a significant departure from HWE. However,
when UK samples were removed significant departures from HWE were observed (see Appendix D).
Inbreeding, strong selection pressures and the Wahlund effect can all cause heterozygote deficit
across loci (Selkoe & Toonen 2006; Dharmarajan et al. 2013), therefore the reported heterozygote
deficits may be due significant levels of inbreeding, as indicated by Fis values, across four of the six
loci. Loci Mj7132 and Mj5331 displayed near significant levels of inbreeding (p = 0.07 and 0.06
respectively). As the levels of H, displayed at Mj4870 are considerably lower than all other loci, and
levels of heterozygote higher, it is likely that a more locus specific factor is having an effect. These
results are most likely due to the presence of null alleles, which can cause analytical problems when
occurring at a frequency higher than 0.2 (Dakin & Avise 2004). The fact that Mj4870 has a greater
than 0.2 frequency of null alleles across a number of populations, all of which occur in mainland
Europe explains: a) why H, is lower than all other loci, and b) why the removal of UK sites results
in a significant departure from HWE. As described in the methods, the analysis was repeated with
the locus Mj4870 removed, but this had little effect on the results.

Estimates of effective population size were all infinite, or included infinity in their confidence
intervals i.e. “there was no evidence for variation in the genetic characteristic caused by genetic drift
due to a finite number of parents” (Do et al. 2014). This was the result of insufficient signal in the
data to predict effective population sizes and likely an artefact of the difficulty of predicting effective
population sizes of large populations (where n > 1000), particularly when only using small sample
sizes (Waples & Do 2010)

4.5.2 Population genetic differentiation

Whilst no evidence of IBD was found when all sampling locations were included in the analysis, it
should be noted that the removal of the Estonian sampling sites, resulting in a more even
distribution of distances between sampling points, did result in significant IBD. Additionally, the low
number of samples (six) included from site B-B appears to reduce the reliability of these results, as
nine of the ten highest pairwise Fsr values include B-B as one of the sites in the site pair. A more
even sampling regime across Europe, with more even sample numbers, could result in clearer
evidence of IBD, as may be expected across large areas when individual dispersal distances are
small (Wright 1943).

Fst scores for the loci Mj5522, Mj0247, Mj7132 and Mj5331 were all low (<0.02) and were
not significantly different from zero. Fst scores for Mj7232 (0.054) and Mj4870 (0.102) were
significantly different from zero and of a level considered to indicate moderate genetic
differentiation (0.05 < Fst > 0.25) (Freeland et a/ 2011). These results indicate some differentiation,
potentially as a result of obstructions to gene flow. However, the average Fsr score across all loci
suggests that gene flow remains high. These results are higher than those reported in Richard et
al (2015), which may be due to the larger geographic area of the study and IBD effects, whereby
larger geographic distances between samples often resulting in greater differentiation due to

reduced migration between distant sites when compared to more local sites (Bradburd et a/. 2013).
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The mean pairwise Fsr score between pairs of populations was 0.033, again indicating low
levels of genetic differentiation. However, a large number of population pairs displayed significant,
moderate levels of differentiation. The majority of these pairs included one UK and one mainland
European population, with a mean pairwise Fsr across all such combinations of 0.049. No pairwise
Fst scores between pairs of UK sites were significantly greater than zero. Examples of pairwise Fsr
scores significantly greater than zero between pairs of mainland European sites are distributed
throughout the data, however the majority of these occur when one population is from Estonia or
Spain, i.e. the two most geographically separated sampling areas. This is further evidence to suggest
that some IBD effects may be occurring, but not being picked up due to the uneven distribution of
sampling distances.

The STRUCTURE analysis showed clear genetic structure between populations of M. jurtina
in this study. There is strong evidence to suggest that UK populations are genetically distinct from
those on the European mainland, with far higher levels of admixture within mainland populations.
This suggests some level of isolation between the UK and mainland Europe. The low number of
microsatellite loci used in this analysis means that these STRUCTURE results should be interpreted
with caution (Orozco-Terwengel et al. 2011), however, they are in alignment with the other analyses
used in this study such as the significant pairwise Fsr values discussed previously.

All combinations of sites resulted in estimations of migrants per generation greater than 2,
a value indicative of high levels of gene flow (Slatkin 1985). Unsurprisingly the estimation using just
sites from the UK is far higher than when using just those from mainland Europe, likely due to the
much smaller distances between all pairs of UK sites than mainland sites. It might be expected that
the estimated number of migrants would be greater when using only mainland sites, than when all
sites were included, as this would be representative of the assumed barrier to gene flow between
the UK and mainland Europe. However, this is not the case, with migrant estimates increasing with
the inclusion of UK sites. This is probably an effect of the previously mentioned high levels of
migration between UK populations, but also because of the methodology used to make the
estimates. Slatkin’s method is based upon the number of private alleles within populations (Slatkin
1985; Barton & Slatkin 1986). The inclusion of more sites and samples reduces the mean frequency
of private alleles and therefore may contribute to the reduced values seen. These problems are less
of an issue with Bayesian methods to estimate contemporary migration rates, however such
methods were not possible in this study due to a lack of resolution in the data preventing MCMC

convergence. An increased number of microsatellites may resolve this issue in future studies.

4.5.3 Population genetic networks, barriers and bottlenecks
The results of these analyses are complimentary with the STRUCTURE analysis and further support
the idea that populations of M. jurtinain the UK are genetically distinct from those on the European
mainland. The sPCA confirms that the greatest variation within the data occurs between the UK
populations and mainland European ones.

This is also how the Network analysis groups populations. However, a number of points
need to be addressed. Firstly, in both the MSN and TN the node SP is disconnected from the
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network. This suggests that SP is genetically separated from both the UK sites and the European
mainland ones. This could be explained by the Pyrenees acting as a barrier to gene flow, however
these results are only tentatively supported by the STRUCTURE analysis when K=4. The node SZ in
Switzerland is also disconnected in the TN. Again, this is not supported by the STRUCTURE analysis,
and as the sample site is north of the Alps, cannot be explained by a mountain barrier, as may be
a potential reason for the disconnection of the Spanish site SP. Secondly, the Belgian node B-B is
connected to a UK site in the MSN and is assigned to the UK network in the TN. The most likely
explanation for this is the low number of samples from that site (six). A final point to note from the
network analysis is that the edges between UK nodes are generally higher than those between
mainland European nodes, likely a result of the closer proximity of the UK nodes to each other.
Interestingly there is no evidence of a population bottleneck occurring with any UK
population. These results suggest that whilst UK populations are genetically distinct, this does not
stem from an initial colonisation and founder effect as is often the case with population bottlenecks
(Mayr 1954; Nei et al. 1975). A possible reason for this could be that the UK was colonised by the
western lineage of M. jurtina during the post glacial expansion described in Schmitt et a/ (2005)
and Dapporto et a/. (2011). During this period a land-bridge (Doggerland) connected the UK with
mainland Europe. The subsequent flooding of this land-bridge around 6000 years ago (Shennan et
al. 2000) likely created a sufficient barrier to reduce geneflow, resulting in the contemporary genetic
differentiation we see today. However, as this occurred after M. jurtina colonised the UK no

bottleneck or founder event occurred.

4.5.4 Conclusions, limitations and future work
M. jurtina exhibits high levels of genetic diversity across its studied range. The complicated
evolutionary history and distribution of M. jurtina suggests that two distinct lineages occur across
Europe (Dapporto et al 2014). These lineages, as evidenced by morphology and allozyme
distributions, have no effect on contemporary levels of gene flow, with relatively little genetic
differentiation across Europe as a whole. The exception to this is between the UK and mainland
Europe, with distinct differences occurring between the two. Overall, our results suggest restricted
gene flow between the UK and Europe, but not complete isolation and with no evidence of a
genetic bottleneck. Therefore it is likely that stretches of open water do act as barriers to gene flow,
as suggested by Dowdeswell (1961) and Baxter et a/. (2017), but are not completely impervious, as
evidenced by observations reported by Dennis & Shreeve (1996), with rare crossing events
occurring. Across Europe we also find tentative evidence of IBD, although more rigorous sampling
is suggested in order to clarify the situation. Our results are similar to those of other widely
distributed, generalist species such as the green-veined white, (Pieris napi) and common blue
(Polyommatus Icarus) (Geiger & Shapiro 1992; Schmitt et a/ 2003).

Some limitations must be taken into account when interpreting these results (for further
details see Chapter 3). Firstly, the number of samples from each population is lower than the
recommended number deemed sufficient to fully detect the levels of genetic diversity present

(Pruett & Winker 2008; Hale et al. 2012). This was particularly problematic for the estimations of
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allelic richness discussed earlier. Secondly the number of microsatellites used was low, due to issues
with microsatellite characterisation in Lepidoptera (Meglécz et al. 2004; Zhang 2004; Mikheyev et
al. 2010; Tay et al. 2010), despite extensive attempts to characterise more (see appendix B). A greater
number of microsatellites would increase the reliability of the results (Selkoe & Toonen 2006;
Bruford et a/ 2015) and may allow the use of Bayesian methods to estimate migration rates,

shedding more light onto barriers to gene flow across the continent.
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Chapter 5. The influence of chalk grasslands on the phenology and ecology of
Maniola jurtina in the UK

Submitted to /nsect Science as Greenwell MP, Botham MS, Bruford MW, Day JC, Evans LC,
Gibbs M, Roy DB, Watts K, Oliver TH. The influence of chalk grasslands on butterfly
phenology and ecology

5.1 Abstract

The meadow brown butterfly, Maniola jurtina, is one of Europe’s most abundant butterfly species.
Found throughout the western Palearctic, it is the most common species recorded across European
monitoring schemes. The phenology of the species is unusual for a univoltine grassland butterfly,
with a long flight season throughout its range, spanning several months. Protracted flight periods
have previously been reported in populations on chalk grassland sites in the south of England,
although no attempt has yet been made to quantify this at a national level. Using data from 540
sites across the UK these differences in phenology are quantified and M. jurtina phenology is found
to be strongly associated with both site geology and topography, independent of levels of
abundance. Further investigation into aspects of M. jurtina ecology at a subset of sites finds no

genetic structuring or drought tolerance associated with these same site conditions.
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5.2  Introduction

The meadow brown, Maniola jurtina (L. 1758), is one of the most common and widely distributed
butterfly species in Europe. Despite recent declines, it remains a species of ‘Least Concern’ under
the red list of British butterfly species (Fox et a/ 2011) and is considered stable across much of
Europe (Van Swaay et a/ 2019). The larvae feed on a range of grasses and adults feed on a variety
of flower species, with a preference for knapweeds (Centaurea sp.) and thistles (Cirsium sp.) (Lebeau
et al. 2018). The wide distribution of these resources, though not the only factor limiting species’
distributions (Quinn et a/ 1998), may go some way to explaining the wide distribution and high
abundance of M. jurtina across a broad climatic envelope.

The phenology of M. jurtina is unusually long for a univoltine, grassland species in the UK, with
adults typically on the wing from mid-June through to September (Thomas & Lewington 2010). The
flight period varies depending on the environmental conditions and habitat, for example in the
south of the UK on some lowland calcareous grassland habitats (herein chalk grasslands) it continues
later into the year (Thomas & Lewington 2010). These sites are typically warmer and dryer, favouring
thermophilic species (Mortimer et a/ 1998), and a second peak in emergence has been occasionally
observed (Goulson 1993b; Thomas & Lewington 2010). Additionally, chalk grasslands are often
associated with areas of variable topography and steep slope angles, which may also play an
important role in the phenology of M. jurtina, through increased exposure to solar radiation (Bennie
et al. 2008).

Whilst the protracted flight period of M. jurtina on chalk grasslands in the UK has received
previous investigation (Shreeve 1989; Goulson 1993b), no effort has yet been made to quantify
these differences in phenology at the national scale. Compared to landscapes such as farmland or
woodland, chalk grasslands are warmer, dryer, and more topographically heterogeneous, containing
a wider range of microclimates (Mortimer et a/ 1998; Diacon-Bolli et a/ 2012). This results from
differences in vegetation structure and topography that combine to produce substantial variation
in ground temperature (Maclean et a/ 2019). Microclimates may allow individuals to persist in
specific locations when surrounding areas of habitat are climatically unsuitable (Bennie et a/ 2008;
Suggitt et al 2011), potentially broadening the flight period. Similarly, extreme warm temperatures
in some microclimates may result in local drought conditions which are likely to affect larval
development, for example, larvae of speckled wood (Pararge aegeria) reared on drought-stressed
plants show longer development times (Talloen et a/. 2004; Gibbs et a/. 2012, 2018). Thus, longer
development times for some individuals coupled with climatically suitable patches, may both
contribute to the longer flight periods. Protracted flight periods are also observed in some M. jurtina
populations in southern Europe (Haeler et a/. 2014), however, this results from adult females entering
a period of aestivation (Brakefield 1984), which has hitherto not been observed in anecdotal
observations of UK populations.

Although it seems likely that the variation in UK M. jurtina phenology results from differences
in conditions that occur within chalk grasslands, the mechanisms that cause these responses are
unclear. A parsimonious explanation of the protracted flight period is that these sites contain more

favourable habitat and therefore higher abundances, with the broad flight periods simply a result

116



of the mathematical relationship between mean and variance (Taylor 1961). If, however, the broad
flight period of M. jurtina on chalk grasslands is not purely the result of high abundances, differences
in the ecology of populations at these sites may be affecting phenology.

The broader flight periods on chalk grasslands may be the result of genetic differences between
populations, with some anecdotal suggestions of locally adapted races. Whilst we do not explicitly
look at local adaptation here, we do investigate the potential for genetic structuring between
populations, based upon the type of site that individuals are found. Clear genetic clustering of
individuals into chalk and non-chalk populations would suggest a high level of genetic
differentiation which may support the idea of locally adapted races as an explanation for the
differences in flight periods.

Variation between M. jurtina populations has been recorded at large spatial scales (Thomson
1987; Schmitt et a/ 2005; Habel et a/ 2009), with two distinct lineages recognised across Europe;
the western M. jurtina jurtina and the eastern M. jurtina janira (Dapporto et al. 2014). Whilst large
scale phenotypic variation exists in M. jurtina, previous studies have also found high levels of genetic
diversity at a range of geographic scales (Thomson 1987; Goulson 1993a; Schmitt et a/ 2005; Habel
et al. 2009; Richard et al. 2015; Villemey et al. 2016; Baxter et al. 2017). In theory, this could afford
a greater ability to adapt to the local environment (McGill et a/ 2015), leading to protracted flight
periods where environmental conditions allow.

It is also possible that populations on chalk grasslands exhibit different levels of drought
tolerance, with a possible association between the broader flight periods on chalk grasslands and
populations subject to different environmental conditions showing developmental plasticity
(variation in physiological development as a result of environment; Breuker et a/, 2010). These
differences may be a result of either phenotypic plasticity, or more general plasticity across the
population in responses to the environment, i.e. mediated by high allelic diversity leading to wider
variation in phenotypes. Whilst local adaptation can lead to genetic differentiation, plasticity itself
does not necessarily imply genetic differentiation between populations.

To explore these possibilities, we examine the flight periods of M. jurtina in the UK at 540
sites differing in geology and topography and quantify the variability in phenology. We confirm
that flight periods are protracted on chalk grasslands as previously reported (Goulson 1993b;
Thomas & Lewington 2010). After controlling for abundance in our models, we then investigate
levels of genetic diversity and differentiation, and drought tolerance at a subset of sites to determine
whether differences in phenology are associated with genetic structuring of populations and
whether there is evidence of increased drought tolerance from chalk sites that may influence the
flight period length. Overall, we test the following:

1) To what extent are M. jurtina population flight periods protracted on chalk grasslands in

the UK.?

2) Are populations of M. jurtina clustered into genetically structured populations based upon

the same habitat conditions?

3) Are populations of M. jurtina on chalk grasslands more drought tolerant than populations

in other habitats?
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5.3 Materials and methods

5.3.1 Long-term butterfly monitoring sites and landscape context

Abundance data from 540 long-term monitoring sites of the United Kingdom Butterfly Monitoring
Scheme (UKBMS) were used to investigate M. jurtina phenology and determine the effects of
abundance on phenology. The UKBMS sites were selected if they had both relevant Natural England
priority habitat map and digital elevation data (see below). UKBMS data is collected by volunteers
using the ‘Pollard walk’ method, in which volunteers conduct a line transect of 0.5 to 3km, recording
all butterflies that occur within a moving 5m x 5m x 5m box in front of the recorder (Pollard &
Yates 1993). The UKBMS uses a two-step method, using these data to fit Generalised Additive
Models which produce fitted weekly counts and an overall collated annual index of abundance at
each site (Dennis et a/. 2013).

To quantify local site characteristics and capture the focal habitat within survey areas, we
analysed a 500m radius buffer around the centroid of each of the 540 UKBMS sites, using data from
the Natural England priority habitat maps (Natural England 2019). These maps capture a range of
habitat characteristics, including lowland calcareous grassland (chalk grassland). Using a 50m
resolution digital elevation map (Morris & Flavin 1990), topographic slope angles were estimated
for 539 UKBMS sites, using a systematic sampling of points at 250m intervals within the 500m radii
of the site centroids, as described in Oliver et a/ (2010). It should be noted that site steepness is
positively correlated with increased variation in slope angles i.e. areas with steeper slopes are also
more topographically variable (see Appendix F, Tables F1 — F3).

For the population genetics analyses distinct categories of sites were required. Sites were
defined as either chalk or non-chalk sites based upon the presence of lowland calcareous grassland.
The lowest percentage cover was 4.7% at Dancersend. Whilst this represents a small percentage of
the total site it is worth noting that few sites, across all UKBMS sites where lowland calcareous
grassland is present are dominated (>50% cover) by lowland calcareous grassland and that 25% of
these sites (n = 70) have less than 4.3% cover. All of the chalk sites used in the analysis fall within

the interquartile range of chalk cover across all UKBMS sites.

5.3.2 Drought tolerance experiment

All drought experimentation was carried out by Melanie Gibbs from the UK Centre for Ecology &
Hydrology (UKCEH) following the methodology described in Gibbs et a/ (2012). A summary of the
methods are provided here. Potted host plants (Poa trivialis) were grown under standard
conditions, with each plant watered via individual trays. Once mature, plants were randomly
assigned into the treatment groups drought-stressed or control. Control plants were watered daily
from 20 days prior to larval hatching and then throughout the experiment. Plants were never
oversaturated with watered, but enough to prevent soil drying and wilting. Drought-stressed
plants received no water from 20 days prior to larval hatching and were then only watered every
six days throughout the experiment. This treatment ensured that, at all stages of the experiment,

green leaves were available for plant, but ensured moderate drought stress occurred. At the end
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of the experiment green leaves were still present on all plants. This ensured that food availability
was not a factor limiting larval growth and survival. Rainwater was used in both treatments.

A total of 324 newly hatched M. jurtina larvae were collected from populations originating
from nine of the 15 sites used in the molecular analysis (Fig. 5.1). Adults from these source
populations were live captured and mated with individuals from the same population and eggs
were collected. In a common garden experiment, 12 newly hatched larvae from each source
population were raised on three non-drought stressed (control) host plants (four larvae,
originating from the same source population, per plant) and 24 larvae were raised on six drought
stressed host plants (four larvae, originating from the same source population, per plant) under
controlled conditions until eclosion, using the methods described in Gibbs et a/ (2012). A higher
number of larvae were raised on drought stressed plants due to an expected higher mortality rate
(see Talloen et al. 2004), totalling 108 and 216 larvae on control and drought stressed host plants
respectively. M. jurtina overwinter as small larvae, during which little growth occurs (Brakefield
1984). As such larvae were monitored at three time points: 49 days after the first larval hatch date
(pre-overwintering), 162 days after hatching (post overwintering during larval growth) and 309
days after hatching (late larval growth and pupation phase). Larval masses (g) were recorded for
all individuals that survived up to the second monitoring point and the number of larvae that
survived until the third monitoring point were recorded. Individuals were monitored until they

reached pre-pupa stage, at which point they were removed.
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Figure 5.1 Fifteen sites around the Chiltern Hills from which Maniola jurtina samples were collected

for genetic analysis. Large black circles signify where no chalk grassland was present within the
500m radius of each site (n = 7), large white circles signify sites where chalk grassland occurred

within a 500m radius of the site centroid (n = 8; percentage cover 4.7-21%). Circles with smaller
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dots at the centre were sites from which individuals were also collected for the drought experiment
(n = 9). Main towns are marked with red diamonds. Inset map shows the locations of 517 UKBMS

transect sites used in the phenology analysis,

5.3.3 Molecular analysis

We conducted a molecular analysis of 287 M. jurtina individuals sampled from 15 of the 540 UKBMS
sites around the Chiltern Hills in the south of England in 2017 (Fig. 5.1). To assess how landscape
factors affect gene flow, distances between sites ranged from 0.8km to 62km, and intervening
landscape encompassed urban areas, arable farmland, woodland and semi-natural habitats. DNA
extraction and analysis methods are described in detail in Chapter 3 and summarised here. For
further information regarding novel primer development and evaluation, and pre-existing primer
evaluation please see Appendices B and C respectively. DNA was extracted from a leg of each
individual using prepGEM Universal DNA extraction kits (Zygem), following the recommended
protocol for insects. Six microsatellite markers, isolated in Richard et a/ (Richard et a/ 2015), were
used to genotype the samples: Mj4870, Mj7232, Mj7132, Mj5522, Mj5331 and Mj0247. DNA was
amplified in two multiplex sets using the following reaction mixture: TuL template DNA, 6.25uL
QIAGEN multiplex PCR master mix (3 mM MgCl,), 0.625uL tagged forward primer, 0.625uL reverse
primer, 1.25uL QIAGEN Q solution, 2.25uL RNase-free water. Multiplex set 1 contained M;j7232,
Mj5522 and Mj0247, all at 3uM. Multiplex set two contained Mj4870 at 1.5uM, Mj7132 at 5uM, and
Mj5331 at 4.5uM. PCRs were carried out in an Eppendorf Mastercycler nexus eco with an initial
denaturation for 15:00 at 95°C, followed by 40 cycles of 00:30 at 94°C, 01:30 at 56°C & 01:00 at
72°C, and a final extension 10:00 at 72°C. All PCR products were diluted by 100x and run on an
Applied Biosystems 3730 DNA Analyser. Allele peaks were then scored by using GeneMarker®

version 1.5 by SoftGenetics, using the microsatellite calibration settings.

5.3.4 Statistical analysis
5.3.4.1 Phenology

To calculate butterfly flight periods, all weekly fitted count values for M. jurtina abundance
were summed per UKBMS site in each year and the day number of the recording period at which
10% of the total occurred was recorded as the flight period start date. The day at which 90% of the
total occurred was recorded as the flight period end date. We used 10" and 90™" percentiles to
avoid the effect of outliers (Van Strien et al 2008). Length of flight period was calculated as the
number of days between these two values. The mean flight dates for each site per year were also
recorded. A second dataset using the 1st and 99th percentiles as start and end dates was generated
to determine what effect the trimming of the data might have on the analysis.

We fitted statistical models to understand whether the inferred geology (herein geology)
and topography of the site predicted M. jurtina phenology (Equation 1). The four measures of timing
for M. jurtina flight periods (start, mean and end dates of the flight period and length of flight
period) were each fitted as response variables into separate linear mixed effects models, against

the percentage cover of chalk grassland and mean slope angle of each site. The additional factors
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abundance, northing (km north on Ordnance Survey grid), easting (km east on Ordinance Survey
grid), mean site altitude and mean site aspect (cos((aspect x m)/180), such that 1 = due North, -1 =
due South)) were included as fixed effects and site and year as random effects. We included annual
abundance as a covariate in these models because larger populations are likely to have a greater
flight period range due to mathematical mean-variance relationship (Taylor 1961). Northing was
included in the model to account for the temperature gradient across the UK, with cooler average
temperatures occurring at higher latitudes. This was necessary, firstly, because previous studies have
shown that M. jurtina flight periods are shorter and begin later at northern latitudes (Brakefield
1987) and secondly because temperature has been shown to affect M. jurtina phenology, with a
predicted 4.7 and 5.4 day advance to first appearance and peak flight dates respectively per 1°C
increase (Roy & Sparks 2000). Easting was included to account for longitudinal differences in site
conditions e.g. differing levels of rainfall which can affect butterfly phenology (Roy et a/ 2001). Site
altitude and aspect were included to account for the effects these two factors might have on local
temperatures. To reduce the range of magnitudes across the data, northing was scaled by
subtracting the mean from each value followed by dividing by the standard deviation. Site and year
were included as random effects to account for repeated measures at each site and variation in
phenology between years, often associated with weather (Roy & Sparks 2000).

All mixed effects models were carried out using the /mer function from the /me4 package
in R (Bates et a/. 2015). Model assumptions were checked using diagnostic plots for all mixed effects
models. Diagnostics from the initial model fits demonstrated that phenology at sites with very low
abundances was much more variable, violating homoscedasticity. This is likely because at sites with
very low abundances there is increased detectability-related sampling error, increasing the
uncertainty of the phenology estimate (McCarthy et a/ 2013). To overcome this problem, all sites
with an abundance index value of less than 20 were removed from the analysis.

P=C+S+A+N+E+H+F+i+y+e¢ [1]
Where P is the phenology metric of interest (either flight period start, mean, end day or range), C
is the percentage cover of chalk grassland per site, S is the mean slope angle per site, , A is the site
total abundance, N is the site northing, E is the site easting, H is the mean altitude per site, F is the
mean aspect of each site, i is a random intercept for site, y is a random intercept for year and ¢
indicates error term with zero mean and normal distribution.

All models were tested for spatial autocorrelation via a Moran’s | test. Residuals were
extracted from each model and run against an inverse matrix of distance between sampling points

using the Moran./ function from the ape package in R.

5.3.4.2 Drought tolerance

A generalised linear mixed effects model was used to determine whether larval survival rates varied
between sites in association with site characteristics. The model was fitted with a binomial error
structure and with host plant drought treatment and percentage chalk cover (geology) as fixed
effects with an interaction term, and population as a random (Equation. 2). Slope angle was not

included due to a 0.8 correlation with chalk cover.
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S=T+G+TG+p+c¢ [2]
Where S is the larval survival rate, T is the treatment (drought/control), G is the geology of the
origin site (percentage cover chalk grassland, p is a random intercept for the origin population of
the larvae and ¢ indicates error term with zero mean and normal distribution. A series of model
simplifications were carried out (removal of the interaction term, removal of geology variable and
removal of treatment variable) and all versions of the model were compared using the model/se/
function from the R package MuMin.

5.3.4.3 Population genetics
Population genetics analyses are described in detail in Chapter 3 and summarised here, with specific
tables and figures available in Appendix H. Measures of genetic diversity and differentiation (based
on 287 individuals from 15 sites; Fig. 5.1), including Wright's F statistics, heterozygosity, allelic
richness and effective population sizes were carried out using GenePop v4.7.0 (Rousset 2008), FSTAT
v2.9.4 (Goudet 1994), Arlequin v3.5 (Excoffier & Lischer 2010), NeEstimator v2 (Do et al 2014) and
PopGenReport (Adamack & Gruber 2014), and can be found in Appendix H, Tables H1-H4.
Population structure was estimated using STRUCTURE v.2.3.4 (Pritchard et a/ 2000; Falush et
al. 2007), using an admixture model and correlated allele frequencies with a 100,000 burn-in and
1,000,000 MCMC replications per chain. The potential number of genetic clusters (K) was tested
from one to six, with 20 chains run per K. The likeliest K within the sample sets was estimated using
the programme STRUCTURE Harvester (Earl & VonHoldt 2012) and visualised using CLUMPAK
(Kopelman et al. 2015). Four separate STRUCTURE runs were conducted i) all individuals allocated
by the population from which they were sampled (15 populations, n = 287), ii) all chalk site and all
non-chalk sites grouped into two populations (n = 137 and 150 respectively), iii) only the individuals
from the eight chalk sites (n = 137), and iv) only the individuals from the seven non-chalk sites (n
=150).

Individuals were then pooled by site to generate allele frequencies for genetic distance
analysis. Weir and Cockerham pairwise Fsr values were calculated using Genepop. Mean allelic
richness across all loci for each site was calculated using FSTAT. A Mann-Whitney U test was carried
out to compare the allelic richness of individuals on chalk compared to non-chalk sites. Pairwise Fsr
values were calculated for each site pair combination, with each combination assigned into one of
three categories based upon the individual geologies of the two sites: a) both chalk, b) both non-
chalk, c) one chalk and the other non-chalk. Pairwise Fsr values were fitted into a linear regression
with geology and Euclidean distance between sites as a fixed effect (Equation 3). Slope angles were

not included in the equation due to the high corelation (0.75) between chalk cover and slope angle.

F=G+D+c¢ [3]
Where F is the pairwise Fsr score between each pair of sites, G is the site geology (chalk/non-chalk),
D is the Euclidian distance between sites and € indicates error term with zero mean and normal

distribution.

122



As pairwise Fsrvalues between sites are not independent, Mantel randomisation tests with
999 permutations were conducted to assess whether the predictor variable (geology) was significant
following the methodology described in Powney et a/ (2012). The number of significantly different

groupings within site type pairs was determined via a Tukey HSD test.

5.4  Results

5.4.1 Phenology

All phenology measures were positively significantly associated with differences in chalk cover (start
0.07, p = 0.009; mean 0.14, p < 0.001; end 0.19, p < 0.001; range 0.13, p < 0.001 Fig. 5.2, Appendix
G, Table G5), and mean slope angle (start 0.36, p < 0.001; mean 0.62, p < 0.001; end 0.81, p <
0.001; range 0.43, p < 0.001 Fig. 5.3, Appendix G, Table G5)) i.e. average flight period dates were
later on sites with greater levels of chalk cover or steeper slope angles and average flight periods
were longer on sites with greater levels of chalk cover or steeper slope angles. Northing and
abundance were also significantly associated with all four measures of phenology, with two
exceptions: i) northing was not associated with flight period mean date and ii) mean local abundance
was not associated with flight period end date (Appendix G, Table G1). Estimated model values for
Equation 1 regarding abundance and northing can be found in Figs. G3 & G4. Easting, aspect and
altitude were not significantly associated with any measure of phenology, however aspect and
altitude were both marginally significantly associated with flight period range (p = 0.08 and p =
0.09 respectively).

The results when using the 1st and 99th percentiles as start and end flight dates were
remarkably consistent with those using the main dataset. The only variable that was significantly
affected was flight period start dates, which were no longer significantly associated with percentage
chalk cover (Appendix G, Table G2).

The residuals from each model showed no evidence of spatial autocorrelation using a
Moran's | test (start day model I: Observed (O) = 0.001, Expected (E) = - 0.0001, s.d. = 0.001, p =
0.259; mean day model I: O = 0.0007, E = -0.0002, s.d. = 0.001, p = 0.476; end day model I: O =
0.0008, E = -0.0002, s.d. = 0.001, p = 0.421; range model I: O = 0.001, E = -0.0002, s.d. = 0.001, p
= 0.277).
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Figure 5.2 Estimated model values from equation 1 for four measures of phenology for M. jurtina

in relation to percentage cover of chalk.
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Figure 5.3 Estimated model values from equation 1 for four measures of phenology for M. jurtina

in relation to site mean slope angle.

5.4.3 Drought tolerance

Model simplification determined that the best fitting model did not include chalk cover as a fixed
effect (AlCc 377.9 vs 339.5 (treatment and geology additive), 341.4 (treatment and geology
interaction) and 346.1 (geology only)). l.e. larval survival rates were significantly affected by host
plant drought treatment (Intercept: estimate = 0.78, se = 0.33, z-value = 2.36, p = 0.018; Drought:
estimate = -0.84, se = 0.28, z-value = 2.97, p= 0.003) (Fig. 5.4), but chalk cover had no effect on

larval survival rates (Fig 5.4).
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Figure 5.4 Mean survival rates of M. jurtina larvae when reared on control and drought-stressed
host plants. Populations are coloured by percentage chalk cover at each site, however chalk cover

had no significant effect on larval survival rates.

5.4.3 Population genetics

All populations within the 15 sites in southern England displayed high levels of genetic diversity
and low levels of genetic differentiation (Appendix H, Tables H1 — H5, Fig. H1). In summary, no
linkage disequilibrium occurred between any pair of loci (Table H1). Null allele frequencies were
<0.2 for all site loci combinations except for Mj4870 at ARS (Table H2). The microsatellites used
displayed a high level of variability (Ho = 0.279 to 0.902) and no locus displayed significant
heterozygote excess or deficit (Table H3). No F<r values per locus were significantly different from
zero, however, Fis values were significant at four of the six loci (Table H4). All populations displayed
a high level of heterozygosity, with high levels of allelic richness and infinite estimated effective

population sizes (Table H10). Allelic richness was not significantly affected by site geology (p =
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0.867), with a mean allelic richness of 8.2 for sites with chalk grassland present and 8.3 for non-
chalk sites (Fig. 5.5).

Pairwise Fsr scores between pairs of sites were extremely low (mean = 0.002, variance =
0.00004) and none were significantly greater than zero (Table H5). However, when site pairs were
grouped by geology (i.e. chalk & chalk, non-chalk and non-chalk, chalk and non-chalk),
combinations within site pairs had a significant effect on pairwise Fsr (Table 5.1, Fig. 5.5), indicating
evidence of weak population differentiation. Distance between sites had no effect on pairwise Fsr
(Table 5.1). No evidence of population structure was found between these 15 populations. No
population was found to be strongly genetically distinct from any other population, regardless of
the number or allocation of sites included in the analysis (Appendix H, Fig. H1).

Table 5.1 Effects of site pair geology and distance between sites on pairwise Fst (Equation 3)

Degrees Sum of Mean
Model Response Factor F value p-value
of Freedom  Squares Square
Equation 3 Fsr Geology 2 0.0003 0.0005 3.8105 0.025
Equation 3 Fsr Distance 1 0.000009 0.000009 0.243 0.623
Equation 3 Fsr Residuals 101 0.004 0.00004 NA NA
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Figure 5.5 The effects of site geology vs two measures of genetic diversity: (a) allelic richness (b)

pairwise Fsr, letters indicate significance groupings.
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5.5 Discussion

In this study, we quantified characteristics of M. jurtina flight periods with respect to geology and
topography. We also determined whether differences in other aspects of ecology (population
genetics and drought tolerance) were also associated with the same landscape attributes. We
found significant, positive, associations between the phenology of M. jurtina and geology (chalk
grassland) and topography (steepness of sites being a general proxy for topographical
heterogeneity), i.e. key flight dates are delayed with increasing chalk cover and slope angle. These
associations remained after accounting for abundance, i.e. aspects of geology and topography are
associated with phenology independent of mean local abundance. We found no strong evidence
of genetic structuring of M. jurtina populations linked to geology, and only very weak evidence of
genetic differentiation among populations. Finally, we found no effect of geology on larval
survival (drought response).

Microclimatic heterogeneity may explain the longer flight periods on steeper (more
topographically diverse) chalk grasslands. Habitat and topographic diversity can allow species to
persist in areas of suitable microclimate when the surrounding climate is no longer favourable
(Bennie et a/. 2008) and habitat heterogeneity has been promoted as a method of improving species
resilience under climate change (Crick et a/ 2020). For example, south-facing chalk grassland
hillsides were found to harbour populations of the warmth loving species the silver-spotted skipper
(Hesperia comma), absent from other habitat types (Davies et a/ 2006). However increasing ambient
temperatures at sites due to climate change has seen a change in the local distributions of this
species more recently (Wilson et a/ 2010; Lawson et a/. 2014). If microclimate heterogeneity alone
causes the longer flight periods, we might expect to see a two-tailed expansion to the flight period
on steep chalk sites, with suitable habitat patches available earlier as well as later in the year.

In contrast, we found that all measures of phenology were positively associated with chalk
cover, including start date. This means that sites with more chalk have later start dates, creating a
long, single-tailed extension to the flight period later into the season. Similar results were found
regarding topography. These results indicate that phenology differences are likely not a simple
effect of either warmer conditions or the heterogeneous nature of chalk grassland sites and the
range of microclimates available (Diacon-Bolli et a/ 2012). However, it should be noted that when
the 15t percentile was used as flight start dates no significant association with chalk was found. This
may support the microclimate heterogeneity hypothesis but should be interpreted with caution.

Flight start dates are typically a result of the effects of spring temperatures on larval
development (Roy & Sparks 2000), therefore drought conditions on steep chalk grassland sites may
additionally impact larval development and hence, adult phenology. Drought conditions have been
shown to lead to lengthened larval development times and later emergence dates, in species such
as the speckled wood, as a result of physiological stress (Gibbs et a/ 2012). In habitats with
heterogeneous microclimates, such as hilly chalk grasslands, certain microhabitats (e.g. with thinner
soils on south-facing slopes) may lead to host plants becoming particularly drought stressed. This

would result in a certain proportion of individuals at a site with delayed emergences, and a more
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protracted flight period overall, but one that is single-tailed. One point that should be addressed is
that the fixed effects in the models account for relatively little variation within the data (7-15%) and
the majority of variation (46-77%) is explained by the random effects for site and year. This is
unsurprising as year captures weather effects, which are known to have a large effect on butterfly
phenology (Roy et al. 2001; Mills et al. 2017).

A limitation of this study is that UKBMS data do not fully encompass the flight period of
M. jurtina. Protracted flight periods into October have been reported on these southern chalk
grassland sites (Thomas & Lewington 2010), whilst UKBMS recording runs from the start of April
until the end of September. Therefore, it is feasible that flight period end dates are later than
those used in this analysis. Additionally, an assumption of this work is that sites with some
percentage cover of chalk have similar microclimates. This is not unreasonable to some extent,
however plant assemblages at different sites could well vary, leading to different microclimates
and temperature extremes (Suggitt et a/ 2011). Such differences in local vegetation characteristics
could be having effects that are not accounted for in this analysis, as local microclimates due to
vegetation structure have been shown to affect butterfly ecology (Suggitt et a/ 2012).

Our molecular analysis results support those of Richard et a/ (2015) and Villemey et a/
(2016) in finding high levels of genetic diversity within M., urtina populations and low levels of
genetic divergence between populations using microsatellite markers. These results are consistent
with other studies though not directly comparable due to the use of differing techniques (allozymes
and AFLPs) (Thomson 1987; Goulson 1993a; Schmitt et a/ 2005; Habel et a/ 2009; Baxter et al.
2017). Despite being statistically significant, the differences in genetic differentiation between site
types (as indicated by pairwise Fst scores) are extremely low, being below the 0.05% threshold
typically viewed as indicative of genetic differentiation (Freeland et a/ 2011). This suggests that
populations on chalk sites are marginally more genetically distinct from populations on other chalk
sites than they are from populations in the surrounding environment. Additionally, no population
structuring was found via any combination of sites. Therefore, it appears that all populations
included in the study belong to a single, large population with properties similar to one at panmixia
with random mating. Very low levels of differentiation are present, although insufficient to have any
great effect on population structuring. The suggestion that populations of M. jurtina on chalk
grasslands form a distinct genetic race is not supported; in fact, the opposite is found, with
populations on chalk sites being more distinct from each other, although these levels of
differentiation are very low. Therefore, we conclude that the differential phenology associated with
geology and topography found in this study is unlikely to be explained by differentially adapted
host races. However, it should be noted that due to the high correlation found between chalk
percentage cover and site steepness we cannot determine the effect of topography with this
experimental set-up. Therefore, caution in interpretation is required as our other analyses have
shown that site topography can have an effect on aspects of M. jurtina ecology.

Contrary to our expectations we found no association between the percentage chalk cover
from source sites and larval survival when exposed to drought conditions. However, these results

should be interpreted with caution owing to the relatively small sample size and spatial scale of the
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analysis, and the fact that slope could not be included in the drought models despite affecting
phenology. Additionally, in wild situations larvae would be able to move from plant to plant,
ensuring that a sufficient quantity of food could be consumed. In the experimental setup larvae
were constrained to single pots containing food plants and therefore unable to move to fresh sites.
However, sufficient green plant material was available throughout the experiment and remained at
the end to ensure that food quantity was not a limiting factor in larval growth. Our results suggest
that whilst drought conditions reduce larval survival rates, the effects are not mitigated by local
adaptation specific to chalk sites.

In conclusion, we find butterfly phenology varied at the national scale with geology and
topography. We find no evidence of genetic structuring of populations based upon these site
conditions, nor any differences in drought tolerance. Future research may benefit from a detailed
analysis of factors influencing phenology and the potential for local adaptation; for example, slope
aspect, microclimate, vegetation cover, and habitat management (Brakefield 1987; Bennie et a/.
2006; van Noordwijk et al. 2012). Such studies will become increasingly important for understanding

and predicting species responses to a rapidly changing climate.
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Chapter 6. General discussion

Biodiversity loss has a detrimental effect on humanity (Diaz et a/ 2006; Cardinale et al 2012). To
understand the magnitude of these effects requires, amongst other things, an understanding of the
levels of loss. The need for biodiversity monitoring is clear; the more we know about ecosystems
the more we can do to protect them. Fortunately, this is something that is gaining increasing
recognition, with an increasing number of monitoring schemes being set up over time (Pocock et
al. 2015, 2017b; Hayhow et al. 2016). Despite this recognition there remain some major understudied
areas. One such overlooked subject is genetic diversity.

All aspects of biodiversity are underpinned by genetic diversity (Bruford et al 2017), yet
genetic diversity monitoring schemes are few and far between outside of domestic livestock or
socioeconomically important wild species (Laikre 2010; Laikre et al 2020). Consequently, the
monitoring of genetic diversity should be seen as a conservation priority and should be coupled
with the more traditional diversity monitoring that already occurs.

This thesis highlights three ways in which monitoring data can be applied to answer
ecological questions and aid conservation. Firstly, through the novel application of existing
monitoring datasets, secondly through the creation of a novel genetic monitoring dataset, and
finally by demonstrating how monitoring data can be used in conjunction with other available data
to investigate species’ ecology to a greater degree than would be possible using each dataset
independently. Throughout this thesis all studies have focused on butterflies. This is a combined
result of data availability and the value of butterflies as indicators of insect biodiversity (Thomas
2005).

In this final chapter | review each of the previous chapters and discuss their implications in
the context of both biodiversity monitoring, and conservation more generally. | further discuss the
importance of genetic diversity and the need for monitoring. This thesis both highlights the need
for an increase in genetic diversity monitoring schemes, but also demonstrates the relative ease at

which this can be accomplished and the further applications to which the data can be used.

6.1 Thesis overview and implications
The importance of biodiversity monitoring for answering ecological questions and informing
conservation actions was introduced in Chapter 1. A number of research gaps were also addressed,
the most pressing of which being a general lack of genetic diversity monitoring (Laikre 2010; Laikre
et al 2020). The application of monitoring data to novel methods and the combination of
monitoring data with alternative data types e.g. experimental datasets, were also introduced. In this
chapter | explained the importance of genetic diversity for conservation and species persistence,
and why the general lack of monitoring for wild species is problematic and short sighted.

In Chapter 1, the model species for the majority of this thesis (Chapters 3-5), the meadow
brown, Maniola jurtina, was also introduced. As one of the best studied and most abundant
butterflies in Europe, this species provided an ideal subject for the studies reported here. Despite

the large number of studies on M. jurtina over the last century, including investigations into genetic
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diversity, none have monitored genetic diversity, nor combined genetic data with both population
and experimental data. Therefore, the work presented in this thesis adds valuable content to the
already considerable literature on this species.

In Chapter 2 | demonstrated the application of long-term population monitoring data to a
novel method for predicting the resilience of ecosystem functions. This chapter represents a
significant milestone in this area of research, as it offers a new approach to answering a question
that had reached an impasse for the past 20 years (Diaz & Cabido 1997; Funk et a/ 2017), i.e. the
ability to predict how ecological communities respond to environmental change and what effect
this has on ecosystem functioning.

By correlating the long-term population dynamics of all possible pairs of butterfly species
within the UKBMS, | created a matrix of similarity in response to environmental change. This matrix
was then used to build a dendrogram allowing the visualisation of similarities in species’ population
dynamics. Species could then be allocated into response guilds, with all species within a guild
responding more similarly to the environment than to species outside of the guild. The distribution
of specific ecosystem functions could then be mapped onto the dendrogram to determine whether
or not they fell into aggregated clusters or were evenly spread across the butterfly community.
These assertions were tested empirically using Mantel tests. Ecological theory suggests that the
more species within an ecosystem, the more stable an ecosystem function should be as a result of
redundancy, i.e. species performing similar functions (Oliver et a/ 2015). This is because a greater
range of species have a greater range of population dynamics, therefore even if some species
decline, some functioning will still occur through portfolio effects (Tilman 1999). However, where all
species have similar population dynamics, e.g. those within the same response guild, these species
effectively respond as one. Therefore, if an ecosystem function is wholly provided by species within
a single response guild it is far less stable than one which is provided by species from multiple
guilds. Although all proxies for ecosystem functions used in this chapter were clustered evenly, the
methodology shown could be applicable to any ecosystem service with quantifiable values.
Furthermore, the methodology demonstrated should be applicable to any of the increasing number
of taxonomical group or species assemblages for which long-term monitoring data are available.

In Chapter 3 | described the creation of a new genetic diversity monitoring scheme for the
meadow brown butterfly M. jurtina. Existing microsatellite markers, characterised by Richard et al.
(2015), were used to measure levels of genetic diversity across fifteen populations of M. jurtina in
southern England over a period of eight years. Although additional microsatellite isolation was
attempted, no loci were successfully characterised, highlighting the complications of microsatellite
isolation in Lepidoptera (Zhang 2004; Sinama et al. 2011). The results of the study showed high
levels of genetic diversity across the study landscape, coupled with low genetic differentiation
between populations, indicating a single large population with panmictic properties. These results
were likely due, partly to the low number of microsatellites used, but also to the high abundance
of M. jurtina across the study landscape and the high availability of its host plants, resulting in
minimal barriers to gene flow. | also showed that across all fifteen study sites there was minimal

change in the levels of genetic diversity or divergence after a period of five years. Additionally, for
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a subsample of three sites, yearly changes in genetic diversity were extremely low over eight
consecutive years. These results suggest that the genetic diversity of M. jurtina within the study
landscape is stable, however continued monitoring is required to develop a greater understanding.

In Chapter 4 | built upon the data collected for the previous chapter and investigated the
genetic diversity of M. jurtina across Europe. By collaborating with a number of institutions across
Europe an analysis was carried out using samples from eleven countries, spanning a total range of
2525 km. Using the same microsatellite markers as used in the previous chapter genetic diversity
was shown to be high across the continent, however there was a greater level of differentiation
across mainland Europe than found in the UK. The results of this chapter suggest that contemporary
gene flow between the UK and Europe is restricted, resulting in multiple clusters of M. jurtina across
the continent. No evidence of isolation by distance was found, however this is likely to be the result
of an uneven sampling design, as demonstrated by the removal of the most distant sites.
Additionally, no evidence was found to support the idea that the differentiation of the UK
populations was due to a recent population bottleneck. Despite only being for a single year, the
methodology employed could easily be repeated, allowing the creation of a temporal dataset across
Europe, as seen in Chapter 3, but over a far larger scale. The inclusion of a greater number of sites,
resulting in more evenly distributed sample areas would greatly improve the results of future studies.

Finally, in Chapter 5 | return to the use of long-term monitoring data. | combine this with
M. jurtina genetic data, resulting from the genetic diversity monitoring scheme, and independent
experimental data. This chapter demonstrates the range of applications that different forms of
monitoring data can be applied to and how experimental data can easily be used in conjunction
with monitoring data to answer ecological questions. Using the long-term population monitoring
data, | show that M. jurtina phenology is affected by both geology and topography. Genetic and
experimental data are then used to determine whether these differences in phenology are
associated with genetic structuring of populations of differential tolerance to drought conditions.
While there is some evidence for local adaptation, this is independent of geology and topography,
indicating that other local environmental factors may be mediating M. jurtina selection. | hypothesise
that differences in phenology are likely the result of differences in habitats, with chalk grasslands
typically being warmer, more heterogeneous environments (Mortimer et a/. 1998; Diacon-Bolli et a/.
2012). This heterogeneity may result in the overall extension of flight period seen on chalk sites,

through different patches becoming climatically suitable at different times.

6.2  Limitations

Although all four chapters vary in terms of analysis, they all suffer from the same basic limitation:
data availability. The limitations of the method proposed in Chapter 2 are that there are relatively
few datasets to which it can currently be applied (e.g. birds, butterflies, moths (Morecroft et al.
2009)) and that there is often insufficient data regarding which species contribute to the delivery
of specific ecosystem functions. There is no easy fix to either of these problems; however the first
should lessen over time, as an increasing number of monitoring schemes are set up and start to

provide usable data (Pocock et al 2015; Hayhow et a/ 2016). Furthermore, increasing participation
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in citizen science schemes (Pocock et a/ 2017b) and the ability to use species records as a proxy
for time series data (Mason et a/ 2018) should mean that this limitation is only temporary. The
second limitation is harder to address as it requires detailed study of specific species and detailed
measurements of ecosystem functioning. However, with ecosystem services valued at over $125
trillion each year (Costanza et a/ 2014) and increasing recognition being given to the importance
of such services (Millennium Ecosystem Assessment 2005; Geijzendorffer & Roche 2013), it is likely
that such research will increase in the future, particularly for economically important functions such
as pollination (Hanley et a/. 2015).

Further limitations should also be noted for Chapter 2. Firstly, whilst no longer reliant upon
a series of correlations between effects and response traits, some analyses using this method will
still be reliant upon the collection of trait data. For example, the proxy for food provisioning to
higher trophic levels was based upon the effect trait larval mass. In such instances this method does
not provide a less data intensive approach, but does provide a simpler, more easily applicable one.
However, there are some instances where large amounts of trait data will not be required. The best
example of this are the pollination proxies used. For example, detailed knowledge of which bee
species visit certain crop plants is already known (Hutchinson et a/. In prep). Therefore, without
specific trait data such as body size, or tongue length, we can still determine the stability of this
function based upon which species visit specific crops and how their population dynamics are
correlated.

Another limitation in Chapter 2 are the proxies used, which are extremely basic and do not
to stand up to much ecological scrutiny. For example, the proxy used as food provisioning for
higher trophic levels is purely based upon larval mass and abundance. Whilst these factors do
influence provisioning to higher trophic levels other factors such as population densities, behaviours
and environmental interactions (including crypsis and toxicity) also play a major role (Holling 1961).
Whilst this needs to be addressed it does not detract from the methods described. Simplistic proxies
were chosen to highlight the method rather than answer the questions themselves and the results
found in the chapter should not be interpreted as anything other than a demonstration of the
method. There is an argument that instead of unrealistic proxies random numbers should have been
used to avoid confusion. Whilst this would have been valid and demonstrated the method equally
well, it is hoped that using proxies provides clearer understanding of how the method might be
applied with real world examples.

Chapters 3, 4 and 5 all share a specific limitation; the low number of microsatellites
employed in the study, limiting the power and resolution of the analysis (Selkoe & Toonen 2006).
As has been discussed at length in Chapters 1, 3 and 4 microsatellite isolation in Lepidoptera is
challenging (Meglécz et al. 2004; Zhang 2004; Tay et a/. 2010; Sinama et al 2011). Of the fifteen
loci reported by Richard et al (2015) only six were found to be suitably robust for our population
studies. Although attempts to characterise additional loci were unsuccessful the six loci provide,
with minor exceptions, remarkably consistent results. Therefore, though the resolution may be low,

the results are likely to be indicative of the true population structure and genetic diversity of the
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studied populations. As a result, | have a good deal of confidence that more loci would probably
add further detail, but not radically change any of the results.

A further limitation of Chapters 3 and 4 are the uneven distribution of sampling sites. This
is particularly apparent in Chapter 4. The range of distances between sites (from kilometres to
hundreds of kilometres) influences certain statistical tests and meant that others could not be
applied. For example, when the most distant sites were removed, reducing the variability between
site spacing, a significant isolation by distance effect occurred. In theory this problem should be
easily rectifiable in future studies, with the sampling of more sites, filling in the gaps between
current sites. An ideal sample design would have seen sites regularly spaced across a grid. This
would have increased the confidence in tests such as isolation by distance, which assume equal
distances between sites. As UKBMS monitoring sites are selected by volunteers, the distribution of
sites across the UK is not regular. The same issue occurs across Europe, with the added problem
that not all countries have monitoring schemes set up, leading to large gaps in the data. A more
evenly distributed sampling scheme would have been most beneficial in the resistance analysis
carried out in Chapter 3. In this analysis the levels of resistance to geneflow between sites was
estimated, in order to determine how landscape affects M. jurtina genetic diversity. As well as a
more even distribution of sampling sites, a gradient of habitat fragmentation would also have
benefited the study, as it would have helped to determine whether resistance values were the result
of the habitats present in an environment, or the distances between patches of habitat. The
resistance analysis found no evidence of isolation by resistance in the study landscape. Carrying out
the same analysis along a gradient of fragmentation may result in changes in resistance, but the
ability to carry out such an analysis is currently unfeasible due to the restrictions on site selection
described above.

Chapter 5 also suffers from uneven sampling. A total of 540 sites were used for the
phenological analysis, compared to fifteen sites for the genetic analysis and only eight sites for the
experimental drought conditions. This unbalance becomes more apparent when sites are defined
by their geology, with 123, eight and five chalk sites and 417, seven and three non-chalk sites for
each respective analysis. Further sampling to increase both the genetic and experimental data used
would be beneficial and allow more powerful statistical tests to be used, however sufficient sampling
to match the number of sites used in the phenological analysis would be unfeasible.

An additional limitation of this chapter is that no concrete conclusion can be drawn
regarding whether differential responses are due to phenotypic plasticity, or high allelic diversity
resulting in adaptation. Phenotypic plasticity (the expression of multiple phenotypes by a single
genotype (Bradshaw 1965) could allow a population to persist under different environmental
conditions. Alternatively, in populations with high levels of allelic diversity, some individuals by
chance may be better adapted to alternative environments (McGill et a/ 2015). In theory it should
be possible to tease these two explanations apart, as environmental persistence as a result of
genetic diversity should lead to local adaptation and genetic differentiation. Therefore, as there was
no evidence of local adaptation as a result of site geology it would be possible to conclude that

phenotypic plasticity was the main driving force. However, this study specifically used a
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heterogeneous environment, and as such selection pressures were not consistent throughout the
population. High genetic diversity could still be the cause of differences in measures of phenology,

as different genotypes may be suited to different microclimates.

6.3  Implications and applications

6.3.1 Predicting ecosystem function stability

The ability to understand how changes in species assemblages affect ecosystem functions is a
priority of functional ecology (Diaz et a/ 2013; Oliver et al. 2015; De Palma et a/ 2017). In particular
much research has gone into attempts to predict ecosystem functioning from species traits (Lavorel
& Garnier 2002; Suding & Goldstein 2008; Funk et a/ 2017). However, despite substantial research
in the subject area the ability to predict changes to ecosystem functioning in real world scenarios
is limited. This is largely a result of previous methods requiring detailed data on species response
and effects traits. The method and analysis proposed in Chapter 2 offers a novel approach to this
problem, one that is not dependent on such fine scale, detailed data.

Where sufficient long-term data are available this method should be easily applicable.
Although not previously used to estimate ecosystem function resilience, the correlation of long-
term trends is not a new concept (Siriwardena et a/. 1998). As such, the relative ease at which these
correlations can be calculated means that this method should be applicable to any long-term
dataset. The challenge, therefore, will be in the calculation and quantification of ecosystem function
delivery. One such group with relatively detailed information regarding an ecosystem function (crop
pollination) is bees, with some species more important for crop pollination that others (Kleijn et al.
2015). Increasing amounts of data regarding bee distributions and abundances are becoming
available e.g. the Bees, Wasps and Ants Recording Society (BWARS 2020). These population data,
combined with a detailed knowledge of ecosystem function delivery, makes this an obvious area of

future research, especially when the economic value of pollination is considered (Garratt et a/ 2014).

6.3.2 Monitoring genetic diversity

The development of the pilot genetic diversity monitoring scheme for M. jurtina represents one of
the very few examples of such a scheme for a wild species (Hutchinson et a/ 2003; Hoffman &
Blouin 2004; Nussey et al. 2005; Poulsen et a/. 2006). As such it makes an important contribution to
the field of genetic diversity monitoring, and makes some progress towards the CBD's Aichi Target
13 (Convention on Biological Diversity 2011a). Clearly a great deal of work with many more species
is required before these targets are met, but the work in this thesis is a valuable step forward. As
such, the most obvious area of future study in this thesis would be the continuation of the genetic
monitoring scheme. At the very least, continued tissue samples should be taken and stored, ready
to be analysed should time and funding allow. Currently the number of years in the study is
insufficient for anything other than a general comparison of genetic diversity between years.
Continued sampling and analysis would allow the implementation of robust statistical tests that are
used with other long-term monitoring schemes e.g. Dennis et a/ (2013). This would allow empirical

determination of whether there are any significant changes in the levels of M. jurtina genetic
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diversity over time. Additional microsatellite characterisation should also be considered a priority of
any further study, as this would add statistical power to the results. However, as previously discussed,
the characterisation of microsatellite loci in Lepidoptera is challenging (Zhang 2004). The
implementation of alternative, next generation sequencing technologies such as SNPs or RADSeq
could greatly increase the power and resolution of these studies. As all samples used in this study
were retained, re-extraction of DNA for such purposes would be entirely possible although
potentially costly and requiring specialist bioinformatics training (Davey & Blaxter 2010) .

The tissue archive, made up of over 2000 whole frozen M. jurtina specimens, holds a
potential wealth of future research opportunities. Firstly, it provides an element of future proofing
as DNA can be re-extracted for re-analysis using more powerful and modern molecular markers.
Secondly, it provides opportunity for further morphometric studies, adding to the previous literature
on genital morphology (Thomson 1973) and wing spotting (Brakefield 1979). The use of
sophisticated imaging software e.g. Breuker et a/ (2010), has already increased the efficiency of
such studies (Baxter et a/ 2017). Thirdly, no organism lives in isolation. During sample collection
and preparation, a proportion of M. jurtina individuals were found carrying mites of the 7rombidium
genus, which both use them for transportation and feed on host body fluids (Conradt et a/ 2002).
These mites remained with their hosts after capture and are also present within the tissue archive.
Investigations into whether certain aspects of M. jurtina ecology and habitat utilisation makes them
more or less susceptible to parasitism or phoresy would be a fascinating area of study.

This project demonstrates that genetic monitoring of species is an achievable aim and one
that could be applied to a range of species across multiple taxa. An obvious next step would be to
apply the techniques used here, or alternative methods where costs allow, to other species of
Lepidoptera. Whereas M. jurtina occurs in large, continuous populations (Thomas & Lewington
2010), the results would likely be very different for species that form more discrete populations
such as adonis blue Polyommatus bellargus (Harper et al. 2003; O'Connor 2014). It should be noted
that the methods used here would only be possible for species with large, stable populations. While
the collection of whole samples and the creation of tissue archives provides further research
opportunities and an element of future proofing, whole sample collection is not always possible or
practical when species numbers are low (Hamm et a/ 2010). In fact, the creation of a tissue archive,
of similar size to ours, for the recently reintroduced chequered skipper butterfly in England, would
be sufficient to eradicate the species approximately 60 times over. Fortunately non-lethal sampling
techniques such as wing clipping or leg removal have been shown to yield sufficient DNA of high
enough quality for population genetics studies, using a range of molecular markers (Keyghobadi et
al. 2009; Vila et al/. 2009a; Hamm et al. 2010). These techniques mimic wing wear and leg loss that
is often seen in wild individuals and therefore are generally not detrimental to an individual’s overall
success (Koscinski et al 2011). As such there is no reason that similar projects and monitoring
schemes could not be set up for rarer lepidopteran species.

Whilst there have been many previous studies into the genetics of M. jurtina at the
continental scale, the work presented in Chapter 4 represents the largest scale study of genetic

diversity of M. jurtina using microsatellite markers. Whilst previous studies have relied upon
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morphometrics and allozymes to answer specific questions regarding genetic lineages and post
glacial expansions, this study focuses on contemporary gene flow. These approaches are
complementary and the work presented here allows further understanding of this already well
studied species.

A potential avenue of research from Chapter 4 would be to turn this single year study into
a temporal dataset. There are currently samples from the same locations for the years 2016 and
2018 in the tissue store, however time and financial limitations did not facilitate their analysis. The
yearly sampling of M. jurtina individuals in the UK can be done with relative ease, in a short period
of time and at low cost. In contrast the sampling of individuals across Europe requires a great deal
more organisation, time and financial backing as all samples need to be shipped frozen to the UK
for analysis. This is due to the subjective nature of microsatellite allele scoring, as different labs and
computer software can result in incomparable results (Bruford et a/ 2015). This makes conducting
such an endeavour yearly a challenge and raises an ethical question. Scientific research can result
in large carbon footprints, particularly through the use of flights (Achten et a/ 2013). The setup of
a pan-European genetic monitoring scheme for M. jurtina would necessitate regular air shipments
of samples, which would result in a large carbon footprint. Whether the conservation value of such
a scheme would outweigh the environmental impact is something that should be considered,
especially when ecologists and environmental scientists should be leading by example in terms of
minimising carbon emissions (Burke 2010). Different analytical techniques such as SNPs may reduce
this problem, as they would allow the analysis of samples in their country or origin and are more
comparable between labs (Corlett 2017). However, whilst this would reduce the carbon emissions
associated with such a scheme, it would greatly increase the level of commitment required from
participating institutions.

Perhaps a more feasible area of further research would be to increase the number of sample
locations and in doing so create a more evenly spatially distributed dataset. This would solve some
of the limitations mentioned previously regarding uneven sampling. However, if further sampling
were to occur it would be highly beneficial to focus on expanding the study area further into
southern Europe. Currently the majority of samples occur within central and northern Europe, north
of the Pyrenees and Alps. The only exception to this is the single Spanish site. Samples taken from
southern Europe, especially from populations which undergo summer diapause could reveal greater
levels of population structure across Europe. One question that could be addressed would be what
effect do large mountain ranges such as the Pyrenees or the Alps have on M. jurtina gene flow.
Further sampling of individuals from island populations would also be of great interest. As there
appears to be restricted contemporary gene flow between M. jurtina in the UK and those in
mainland Europe, it may be that this is also the case for populations on Mediterranean islands or
those in the Canaries. The effects of the differing sizes of these islands, their distances from the
mainland and the periods of time that they have been separated from their respective mainlands

could yield interesting results.

138



6.3.3 Phenology
The final experimental chapter represents a significant, empirical contribution to the study of M.
Jurtina. The extended flight period of some M. jurtina populations on chalk sites in the UK is well
known (Thomson 1971; Brakefield 1982b; Thomas & Lewington 2010), with empirical studies
confirming this for specific sites (Goulson 1993b). Where this study differs is the use of long-term
monitoring data to quantify these differences at the national level, as opposed to specific sites.

Understanding how environmental factors affect the phenology of populations may become
increasingly important in conservation biology. The phenology of many species around the world
is changing as a result of climate change (Miller-Rushing et a/ 2010), resulting in species
emergences no longer aligned with host plants or food sources (Visser et a/ 2006; Hindle et al.
2015). By understanding what drives shifts in phenology we may be able to reduce the impact of
phenology mismatch between trophic levels. For example, increasing levels of topographic diversity
has already been suggested as a method of reducing mismatch between a UK butterfly species and
its favoured nectar source (Hindle et a/ 2015).

As highlighted previously, Chapter 5 would benefit from a more rigorous sampling scheme
for both the genetic and experimental data. Whilst this would be a valid area of future research, a
more interesting question would be to investigate why the flight period of M. jurtina is so broad
compared to other similar species. If the analyses conducted here could be repeated for similar,
univoltine butterflies such as gatekeeper (Pyronia tithonus), marbled white (Melanargia galathea)
and ringlet (Aphantopus hyperantus) we would greatly increase our understanding of all of these
species. If it were found that M. jurtina has much higher levels of genetic diversity than these other
species, it could be that a greater ability to adapt to environmental change is the reason for this
species success. In contrast if all these species were similarly genetically diverse then alternative

explanations would need to be found.

6.4  Conclusions

The overall aim of this thesis was to demonstrate the use of monitoring data to answer ecological
questions and to highlight the importance of genetic diversity. This aim has been achieved through
three very different approaches, using pre-existing population monitoring data, novel genetic
monitoring data and by combining the two with experimental data. Another aim was to highlight
the importance of genetic diversity and to develop and maintain a monitoring scheme for M. jurtina.
Whilst these aims have been achieved it is important that this is not seen as an end point. A great
deal of work is still required in terms of monitoring genetic diversity. This thesis describes only a
single, highly abundant species. The genetic diversity of countless other wild species remains
unknown and whilst this thesis starts to address this issue it is just a small drop in a large ocean. It
is my great hope that over time as molecular analysis costs continue to plummet that genetic
diversity becomes part of the standard toolbox for monitoring biodiversity, alongside more
traditional population monitoring and observations. Monitoring brings greater understanding and
such an understanding will be required if we are to prevent species declines and losses in the

Anthropocene.
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Appendices

Appendix A Chapter 3 — Sample capture and preparation

From each site 20 whole butterfly samples were collected yearly from 2012 onwards. Sample
collection from 2012 to 2016 was carried out by Tom Oliver (TO), Marc Botham and volunteers from
the UK Centre for Ecology and Hydrology (UKCEH). From 2017 all samples were collected by TO,
Matt Greenwell (MG) and volunteers from the University of Reading and Forest Research.

Adult butterflies were captured in nets and euthanized by pinching between the head and
thorax. Samples were inspected for mites and when present the number of mites was recorded.
Each sample was then placed in an individual envelope and stored in an electric cool box below
0°C until they could be transferred to permanent storage in a -20°C freezer at the University of
Reading.

Leg dissections for all samples from 2012 and 2013 were carried out prior to the project
starting by Melanie Gibbs (MGi) from UKCEH. All samples from 2014 onwards were dissected by
MG. A leg was removed from each sample using a sterilised pair of forceps. Sterilisation was carried
out by placing each pair of forceps into a bead sterilizer at 250°C for one minute after each use.
Each leg was divided into three, separating the femur, tibia and tarsus. All three leg sections from
each individual were placed into an individual tube of a PCR eight tube strip, which was sealed and
returned to the -20°C freezer along with the original sample. Butterfly legs were transferred to the
-20°C walk in freezer at UKCEH. The remainder of the lab work took place at UKCEH. This preparation
occurred for all samples from the fifteen sites in 2017 and for all samples from three sites (Aston
Upthorpe downs (AU), Bowdown forest (B) and Crabtree plantation (C)) for each year from 2014-
2019.
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Appendix B Chapter 3 — Novel primer development and evaluation

B.I Primer types used

5" fluorescently labelled oligonucleotide primers from Thermofisher Scientific and Eurofins Genomics
were used throughout much of the isolation and amplification processes (Fig. B.1). Oligonucleotide
primers are usually sequences of 16 to 30 nucleotide bases, specific to target sequences of DNA.
Primer pairs are designed in order to anneal to complementary sequences of template DNA and

result in the amplification of segments of DNA when used in a PCR (McPhearson & Moller 2006).
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Figure B.1 Oligonucleotide primer microsatellite amplification method. Samples undergo repeated
cycles of denaturation, annealing and extension with fluorescently labelled oligonucleotide forward

primers and non-tagged reverse primers.

Both fluorescently labelled and non-labelled M13 primers were also used during the
isolation process. M13-tailed primer analysis can be a highly efficient, cost effective method of
generating labelled amplified products (Boutin-Ganache et a/ 2001). Methods for M13 primer
analysis are detailed in Culley et a/ (2013) and summarised here (Fig. B.2). Primer pairs are developed
for the microsatellite fragments being trailed. The primer pairs are then tested by amplifying the
microsatellite fragment with three different primers in a single PCR reaction with multiple reaction
cycles. Firstly, forward tailed primers tagged with an M13 DNA sequence at the 5’ end, and reverse
primers are used to amplify the DNA fragment during the first amplification. This incorporates the
M13 sequence into the first strand at the end of the targeted region. A fluorescently labelled tailing
primer made up of the same M13 tail sequence and an added fluorescent label at the 5’ end, binds

to the strand which includes the newly formed M13 complementary site. Amplification results in
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the labelled tail annealing to the tail sequence, incorporating the fluorescent label to the amplified
allele. A lower concentration of forward unlabelled primers is required to ensure they depleted in
the first set of PCR cycles. Additionally, a lower annealing temperature is used for the second round

of PCR cycles to increase the likelihood of annealing the larger labelled product (Culley et a/. 2013)
M13 tailed sequence
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First PCR stage: Microsatellite sequence amplified with M13 tailed forward primer and reverse primer
Cycle repeats until multiple copies of fragment formed
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Second PCR stage: Fluorescently tagged M13 tailed primer and reverse primer used to amplify sequence.
Resultant amplified product contains fluorescent tag. Cycle repeats to produce multiple copies.
Final cycle includes final extension phase ensuring maximum amplification.

Figure B.2 M13 dual primer labelling method. Adapted from Culley et a/ (2013): Figure 1.
B.lI Individual PCR of non-tagged primer sequences

Nineteen non-labelled M13 tagged primer sequences (Table B.1), characterised prior to the study

by John Day (JD) underwent individual PCR using 7ag polymerase under the following conditions:
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initial denaturation for 02:00 at 95°C, followed by forty cycles of 00:30 at 94°C, 0:30 at 56°C, 01:00
at 72°C and a final extension phase of 10:00 at 72°C. The loci Mj01, Mj04, Mj18 and Mj19 showed
single banding patterns after gel electrophoresis and were selected for further testing (Fig. B.3). All

other loci were discontinued from further analysis.

Table B.1 Nineteen unlabelled microsatellite loci forward and reverse primer sequences isolated

using the program Primer3 (Untergasser et al., 2012). Loci taken on for further testing are in bold.

Locus  Forward and Reverse Primer Sequences Repeat Unit
) F: TTGCGTTGGCTCTGAAACG
Mjo1 (Ccam)®
R: GGAAACAGCTATGACCATGATGCTAGGTCAACGGGAC
) F: CGAAGACTGTCGGAAACGC
M;j02 (ACAG)’
R: GGAAACAGCTATGACCA TGAACGATACTATAACCGAATCAC
) F: AGGCTTGTGATTTATAGTGGGC
M;j03 (GATY
R: GGAAACAGCTATGACCATTTCACGGCCCAACCGC
) F: GGAAACAGCTATGACCA TGGAGCGATGCAGAAATGC
Mj04 (AGGTT)?
R: CGTGAATTACGTGCTTACATGAG
. F: GGAAACAGCTATGACCA TGCCCAATCCGTCCAGTAG
Mj05 (AACCT)?3
R: TTCGCCAAATAAGCCGAGC
) F: GGAAACAGCTATGACCA TTCGGCATTCAGTCCGCTC
M;j06 (TCAY
R: GGTTAGGTTCACCCGAAAGC
) F: AGAAACCTTTATAGGATCACTGTTG
Mjo7 (GTCT)"
R: GGAAACAGCTATGACCATACGCCCTGGTCAATCCTC
. F: TGCGGTGGCGCTCTTTAG
M;j08 (GAT)’
R: GGAAACAGCTATGACCA TTTCCGATCGAAGCCTGGG
) F: GGAAACAGCTATGACC TCTCCACTTAGGAGTACGGC
M;j09 (GAT)’
R: AGGCCCTGAAGGCTACTTG
) F: CGAGTCGCAGGAAGCCG
Mj10 (GAT)®
R: GGAAACAGCTATGACCA TGTCGATGGCGGGATGAG
) F: GGTTATTTGAACGATACCATAACTG
Mj11 (GTQY
R: GGAAACAGCTATGACCA TGGAACTACGATTGTATGAAGTACG
) F: GGAAACAGCTATGACCA TTGTTTGCTTCGGCGTTCC
Mj12 (GTCy
R: CATGATTCTTGGTCAACGGG
) F: GGAAACAGCTATGACCA TCTGCAGGAGAACCAAGGTC
M;j13 (TGA)®
R: AGATCCCAGTCAAGGGCAG
) F: AACGTGATGTTGCGACCTG
Mj15 (AGGTT)®
R: GGAAACAGCTATGACCA TGTTTGAAGGAGGAGATCCG
) F: GGAAACAGCTATGACCAT GGCGCTCTATAGGGAAGG*
Mj17 (GAT)7
R: AGATACTTGTGTAAGTCAAAGCC
Mi18 F: GGAAACAGCTATGACCAT ACGG)'
) R: CAATTCTCTACCTATTACGGTTCG ( )
] F: AGCAACTTACTCATTTCGAATAGC
Mj19 (ATC)"3
R: GGAAACAGCTATGACCAT CTATAAGAGACCTATGTCCTACCC
) F: GTCATGTCTATGGATTCACGC
M;20 (TATG)®
R: GGAAACAGCTATGACCAT CGGCCCAGTAGTTTAGGC
) F: ACGAAATGGAAGAAACCTTTGC
Mj21 (ACAG)®
R: GGAAACAGCTATGACCAT TGAGCCAACATGAACTAGG
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Figure B.3 Evaluation of PCR amplified products using 3uM primer concentrations of unlabelled
primers. Gel electrophoresis carried out on a 3% agarose gel stained with ethidium bromide.
Electrophoresis ran for 50 minutes at 95V and 400mA. DNA ladder (M) is shown to the left of each
row. For each locus three PCR products are shown, two with DNA (P1 and P2) and a third with a
negative control (-). Loci taken on for further analysis due to efficient amplification in correct regions

are highlighted in bold and asterisked.

Four M13 tagged dyes (6-FAM, YAK, ATTO550, ATTO565) were individually added to the 5 end of
each of the four loci selected: Mj01, Mj04, Mj18 and Mj19. In total 16 sets of 10uL reactions were
set up with TuL DNA, 6.6uL dH,O, TuL 10x 7ag polymerase buffer, 0.8uL dNTP’s, 0.1uL M13-tailed
forward primer (20uM), 0.1uL reverse primer (20uM), 0.05uL M13-labeled oligo (20uM) and 0.05uL
Tag polymerase. The loci then underwent M13-tailed primer PCR under the following conditions:
initial denaturation for 05:00 at 95°C, followed by ten cycles of 00:30 at 94°C, 01:00 at 57°C, 00:30
at 72°C and 27 cycles of 00:30 at 94°C, 01:00 at 55°C, 00:30 at 72°C followed by a final extension
phase of 10:00 at 72°C.

All PCR reactions failed to produce any amplicon. As a result, the loci were then tested
using standard PCR, resulting in effective amplification of correct size fragments. The following PCR
conditions were used: initial denaturation for 02:00 at 95°C, followed by 40 cycles of 00:30 at 94°C,
01:30 at 56°C, 01:00 at 72°C and a final extension of 10:00 at 72°C.

After PCR, all samples underwent gel electrophoresis for 50 minutes on a 3% agarose gel
at 95V and 400mA (unless otherwise specified all other gel electrophoresis were carried out under
the same conditions). All primers showed strong banding, indicating successful amplification. As a

result, all sixteen M13 variations of the four loci were taken on for further analysis.
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B.Il  Individual PCR of tagged primer sequences

Eight pairs of primers (Table B.2) characterised prior to this study by John Day were evaluated. Each
forward primer was labelled with one of four fluorescent primer dyes ATTO550, ATTO565, 6-FAM
and YAKIMA Yellow (YAK), and a series of individual PCRs with 7ag polymerase were carried out
under the following conditions: initial denaturation for 02:00 at 94°C followed by 40 cycles of 00:30
at 94°C, 00:30 at 56°C - 60°C, 01:00 at 72°C and a final extension for 05:00 at 72°C. The 6-FAM
tagged locus Mj4870 was used as a positive control. Gel electrophoresis showed that many loci did
not amplify the expected size product. However, electrophoresis of the loci ATTO550 Mj43, ATTO565
Mj44 and YAK Mj51 produced amplicon of predicted size (Fig. B.3). As a result, these loci were taken

on for further evaluation. The remaining five loci were discarded from the study.

Table B.2 Eight M. jurtina microsatellite loci forward (F) and reverse (R) primer sequences isolated
using the programme Primer3 (Untergasser et al., 2012). Loci taken on for further evaluation are in
bold.

Loci Forward and reverse primer sequences Repeat unit  Forward primer dye
M3 F: TCTGCAGGAGAACCAAGGTC (TGA)® 6-FAM
R: AGATCCCAGTCAAGGGCAG
) F: TACCTGGTTCGTGAACGGC (cann ATTO550
M4 R: TGGCGCTCTTTAGGGAAGG
Vi34 F: TCGGCCCAGTAGTTTAGGC (CATA)® ATTO565
R: AACCGACTGAGGCAAAGC
) F: TATGGTCTAAACCCTTCGCATTC (GAT) YAK
M40 R: GTTCTCTGCCGCGATGTAAG
, F: CCCAAAGTTGAAAGAGGCGG (GAT)™® 6-FAM
Mja2 R: GCTCGCGTTCATAGTCCAC
Mj43 F: TGCTCAAATCGCTGCTAAGAC (GAT)? ATTO550
R: GGTCCCGTAGCTGACTCC
. F: TAAGCCTTTGGATAACCTTGGAAAC (ATC)'® ATTO565
Mjad R: GGCGCTCTTTAGGGAAGGC
Mj51 F: CACTCATGGTGGTGCCCTC (ACTCT)® YAK

R: CGATTCGCAGACGTTGCTC
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Figure B.4 Evaluation of amplification of PCR products using 3uM primer concentrations of labelled
loci. Gel electrophoresis carried out on a 3% agarose gel stained with ethidium bromide.
Electrophoresis ran for 50 minutes at 95V and 400mA. DNA ladder (M) is shown to the left. For
each locus three PCR products are shown, two with DNA (P1 and P2) and a negative control (-).
Loci taken on for further analysis due to efficient amplification in correct regions are highlighted in
bold and asterisked. Locus Mj4870 is shown in bold as an example of a previous working locus for

comparison, with expected fragment size shown.

B.IV  Fragment analysis

To determine whether the sixteen M13 tagged loci and the three loci ATTO550 Mj43, ATTO565
Mj44 and YAK Mj51 could be used to genotype individuals from UK populations, representative
amplicons for each locus underwent ABI fragment analysis using the following protocol.

For each ABI sequence run, amplicon was diluted by 100-fold, as undiluted products resulted
in peak saturation on the Sequencer chromatogram. For each individual, 1uL of diluted PCR product
was used. A mixture of 9uL Hi-Di™ formamide and 1uL of ABI LIZ500 size standard was vortexed,
incubated at 95°C for 3 minutes, chilled on ice for 2 minutes and then added to each 1L diluted

PCR sample. All samples were then mixed and run on an Applied Biosystems 3730 DNA Analyser.

B.V Allele scoring
GeneMarker® version 1.5 (SoftGenetics) was used to score alleles and genotype individuals for each
locus, using the microsatellite calibration settings. Scoring was carried out by eye and alleles which
were unable to be easily scored due to stuttered, multiple, or saturated peaks were removed from
the analysis.

All PCR products from the sixteen M13 tagged loci produced ambiguous electropherograms
that could not be accurately scored. As a result, all loci were dropped from further testing. The PCR
products from the loci ATTO565 Mj44 and YAK M;j51 also produced unclear electropherograms,

showing multiple peaks for each locus, rather than distinct peaks that could be scored as
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heterozygous or homozygous. This indicated that the loci may have been amplifying multiple areas
of the genome and that the primer sequences were not unique to the microsatellite flanking regions,
a known factor in Lepidoptera microsatellite development (Meglécz et a/ 2004). The
electropherograms for the locus ATTO550 Mj43 showed distinct peaks which could be scored,
allowing the genotyping of individuals as either heterozygous or homozygous for the locus. As a
result, the locus ATTO550 Mj43 was retained for further development and application. The other

two loci were dropped from the analysis.

B.VI  Primer redesign

During further testing of the locus ATTO550 Mj43 it was observed that no product was amplified
during PCR for the DNA sample ARN-12-06, under a range of primer concentrations (1pM-3uM)
and annealing temperatures (50°C - 56°C). Previous results with alternate loci had proved that the
DNA sample could be successfully amplified, therefore the issue was with the locus and not the
DNA. The DNA sample came from a male, therefore the allele was not sex-linked (Lepidoptera have
a ZZ/ZW sex chromosome, with males having ZZ (Richard et al 2015)). The lack of amplification
may have been a result of a null allele, a mutation in the flanking region preventing primer binding
and therefore product amplification (Chapuis & Estoup 2007).

Primers for the locus ATTO550 Mj43 were redesigned by JD by selecting different sections of
the microsatellite flanking regions using the programme Primer3 (Untergasser et al. 2012). Two new
reverse primer sites and one new forward site were selected. Using the new primers in combination
with the originals, five sets of PCR reactions were set up. Each set containing one of the two forward
primers and one of the three reverse primers, creating all permutations of primer pairs. All loci were
amplified in duplicate, at different annealing temperatures (52°C and 56°C) using three DNA
samples, two of which had amplified previously (ARN-12-05, ARN-12-07) and ARN-12-06. No
combination of primers resulted in successful amplification of the ARN-12-06 DNA, despite all
positive control samples amplifying successfully (Fig. B.5). This suggested the problem was not a
point mutation in the original flanking, to have a large succession of point mutations affecting all
newly designed primers was unlikely. A further possibility is that the result may be due to a large
indel, an insertion or deletion of nucleotide bases (Albers et a/ 2011) at the primer sites. This would
result in primers not being able to bind, even after being redesigned. The locus was dropped from

further analysis.
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Figure B.5 Evaluation of amplification of PCR products using 3uM concentrations of ATTO550
labelled locus Mj43. Gel electrophoresis carried out on a 3% agarose gel stained with ethidium
bromide. Electrophoresis ran for 50 minutes at 95V and 400mA. DNA ladder (M) is shown to the
left. Each set of four PCR samples shows a different combination of forward primers (F1 and F2)
and reverse primers (R1, R2 and R3). Each set of four samples contains two successfully amplified
DNA samples (P1 and P2), the attempted amplification of DNA sample ARN-12-06, and a negative
control (-). Reactions shown on the top row (A) were carried out with an annealing temperature of
56°C. Reactions shown on the bottom row (B) were carried out with an annealing temperature of
52°C.
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Appendix C Chapter 3 - Pre-existing primer testing

Fifteen polymorphic microsatellite loci were isolated for M. jurtina (Table C.1) by Richard et al.
(2015). Using 96 samples from six populations across five French regions, the authors found a mean
overall expected heterozygosity (He) of 0.74 across all fifteen loci. Five loci departed significantly
from Hardy-Weinberg equilibrium and one exhibited high levels of null-alleles and was discarded
from further investigations (Mj0272). A further locus was found to be sex-linked (Mj2410). Seven
loci showed moderate levels (~15%) of null alleles (Richard et a/ 2015).

In this study, 12 of the 15 microsatellites isolated by Richard et al. (2015) were used in an
analysis to investigate the genetic diversity of populations of M. jurtina in the UK. The loci Mj0272
and Mj2410 were not selected due to a high proportion of null-alleles and sex-linkage respectively
as described in Richard et al. (2015). The locus Mj5647 was also not selected, as it would have been
a surplus PET dyed locus and could not have been included in multiplex reactions, due to the
predicted size of fragments overlapping with other PET dyed loci during ABI fragment analysis. The
remaining loci from Richard et al. (2015) were used to save significant time and costs compared to
isolating novel loci for this study.

Table C.1 Fifteen microsatellite loci isolated from M. jurtina. Reproduced from (Richard et a/. 2015).
The six viable loci used throughout the analysis are highlighted in bold.

* sex-linked locus, # high null allele frequency.

Multiplex group in

Locus Primer sequence (5'-3") Repeat motif )
Richard et a/ (2015)
. F: PET-CGTGTCGCCTAAACCACATC
Mj0008 (ACAT)/ 1
R: TGGCAACCCTAAACCCTACG
. F: PET-CAACATCGGGAGTCGAAACG
Mj3956 (GATA)’ 2
R: CTCAGCCAGGATACCCACTC
. F: PET-TTAGACCGTGATCCCACTGC
Mj5331 (TATC)™® 3
R: ATTTCGATAGGCAACGAGGC
. F: 6FAM-GCTAGCTCGTGGGTACTCTG
M;j5287 (GATA)M 1
R: CTCCAAGCAATAAGACCGCC
. F: 6FAM-AAGTTACAAGAGCGTTGGCG
Mj7232 (CTGT) 2
R: GCGGGAACTCTTGGGTTTTC
. F: 6FAM-ATGATCCATAGCTGCGTTGC
M;j4870 (ATGT)’ 3
R: CTCCTTAGCGCTTACACGTC
. F: NED-ATCTGCGGATTTGCAGTTGG
Mj7132 (TATG)" 1
R: CACTATTGAGCACGTGTGTCC
. F: NED-TGATCTTTGCCAGCAGGAAC
Mj5522 (GATA)® 2
R: AGTGTAAGCTGGCCCTAAAC
. F: NED-CTTCCGCAAAATAACGTCTGC
Mj3637 (TCTA)’ 3
R: AGATACTCCATTGACCCGGC
. F: PET-GCGTTCTGATTACCACCCTG
Mj5647 (TATG)™3 1
R: GCGACAGTCCCCTAAGATCG
F: PET-ATTCCACAAACGAGCCAACG
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Multiplex group in

Locus Primer sequence (5'-3") Repeat motif )
Richard et a/ (2015)
Mj0247 R: ACTCCGATGGTAAGAGGTGC (GATG)® 2
. F: PET-TAATTAGAGTTTGCGCGGGG
M;j2410* (TGTA)’ 3

R: CGCACACCGCAGTATAAGTG

. F: VIC-CGGTTTTGCCGATAGCGTAG
Mj5563 (ATCT)’ 1
R: CGCAAGGCAATAGACCACTC

. F: VIC-GTTGCATTGGCACACTCCTC
Mj0272# (AGAT)’ 2
R: CAGCTGCACACTACGACAAG

. F: VIC-CCCTTAGAATAAGAACTCGGCTC
M;j0283 (AGAT)® 3
R: TGTTCGCACATGCTTAGTCC

Cl Individual primer PCR testing

To determine whether the selected loci could be used to amplify correct product size amplicon
from M. jurtina individuals in UK populations, all 12 loci selected from Richard et al. (2015) were
tested individually under a series of PCRs, with 7ag polymerase, under the following conditions:
initial denaturation for 02:00 at 94°C followed by 35 cycles of 00:30 at 94°C, 00:30 at 56-60°C, 00:30
at 72°C and a final extension phase for 05:00 at 72°C. A range of primer concentrations between
0.2uM and 20uM, and annealing temperatures between 50°C and 60°C were used. All PCR products
were visualised by gel electrophoresis, confirming all primers effectively amplified the correct size

product from eight samples across the study area (Fig. C.1).

Mj0008 Mj5287 Mj7132 Mj5563
(PET) (FAM) (NED) (VIC)
' | wiiyly «
“Cuanbs u Seee__ v ol

“) ) ) )
Figure C.1 Evaluation of amplification of PCR products using 5uM concentrations of labelled loci.
Gel electrophoresis carried out on a 2% agarose gel stained with ethidium bromide. Electrophoresis

ran for 50 minutes at 95V and 400mA. DNA ladder (M) is shown to the left. Each set of eight

samples contains seven amplified DNA samples and a negative control (=) as the eighth sample.
C.ll Multiplex PCR optimisation

All multiplex PCRs were carried out using Qiagen Multiplex PCR kits with the following reagent
mixes: TuL template DNA, 6.25uL QIAGEN multiplex PCR master mix (3mM MgCl,), 0.625uL tagged
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forward primer, 0.625uL reverse primer, 1.25uL QIAGEN Q solution, 2.25uL RNase-free water. Initial
multiplex testing began using the four loci used in multiplex one in Richard et a/. (2015) (Table C.1),
in a number of quadruplex PCRs with primer concentrations from 0.2uM to 3uM, under a number
of different reaction conditions all starting with an initial denaturation for 15:00 at 95°C, followed
by 35-40 cycles of 00:30 at 94°C, 00:30 at 56°C - 60°C, 00:30 - 01:30 at 72°C and a final extension
phase of 05:00 at 72°C.

Successful fragment amplification occurred using higher primer concentrations, longer
extension times and an increased number of reaction cycles. From this point onwards the primer
concentrations used by Richard et a/ (2015) were abandoned and all PCRs were carried out with
higher primer concentrations (between 1uM-5uM) and the following conditions: initial denaturation
for 15:00 at 95°C followed by 40 cycles 00:30 at 94°C, 01:30 at 56°C, 01:00 at 72°C and a final
extension phase for 10:00 at 72°C.

The 12 loci were grouped into three sets of four, following the multiplex groupings in Table
C.1. Each set of four loci underwent a quadruplex PCR. To determine whether all loci were being
amplified equally in the quadruplex PCRs, each set of four loci also underwent PCRs as pairs of loci
in duplex reactions, and as individual loci in four individual PCRs. Comparisons of the resultant gel
images showed that some loci were lost in the quadruplex reactions as a result of preferential
amplification of other loci. An example of four loci amplified individually, in duplexes and as a

quadruplex PCR can be seen in Fig. C.2.
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Figure C.2 Evaluation of amplification of PCR products using different combinations of 3uM

concentrations of labelled loci. Gel electrophoresis carried out on a 3% agarose gel stained with
ethidium bromide. Electrophoresis ran for 50 minutes at 95V and 400mA. DNA ladder (M) is shown
to the left. Each set of eight samples contains seven amplified DNA samples and a negative control

(-) as the eighth sample.

To reduce the levels of preferential amplification, the primer concentrations of loci within each
quadruplex PCR were altered. Loci that did not amplify in the quadruplex PCRs (e.g. Mj5563, Mj3637)
were increased to 4.5uM primer concentration, or loci that had been preferentially amplified (e.g.
Mj4870, Mj5331) were reduced to 1.5uM, TuM or 0.5uM primer concentrations. The alterations in
primer concentrations reduced the preferential amplification of loci over others and resulted in a

more even amplification of loci during the quadruplex PCR reactions (e.g. as in Fig. C.3).
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Figure C.3 Evaluation of amplification of PCR products using different concentrations of labelled loci
in a series of duplex and quadraplex reactions. Gel electrophoresis carried out on a 3% agarose gel
stained with ethidium bromide. Electrophoresis ran for 50 minutes at 95V and 400mA. DNA ladder
(M) is shown to the left. Each set of eight samples contains seven amplified DNA samples and a
negative control (=) as the eighth sample. Images show return of bands seen in individual reactions

but lost in multiplex reactions in Fig. C.2.

C.lll  Fragment analysis and genotyping

To determine whether the loci could be used to genotype M. jurtina individuals from a range of UK
populations, samples underwent ABI fragment analysis, were genotyped and scored following the
same protocols as described above (B.IV & B.V). For each ABI 3730 run, final PCR products were
diluted by 100x as undiluted products resulted in saturation of peaks on the sequencer
chromatogram. An additional reason for diluting samples was that in multiplex reactions high
concentrations resulted in pull-up or bleed through, where the software was unable to distinguish
between dye types and produced artefact peaks.

Dilutions of the final quadruplex PCR product for each multiplex set were analysed.
Additionally, to determine whether the combinations of loci within the multiplex reactions were
compatible with each other and being evenly amplified, PCR products from the individually
amplified loci were combined to form mixtures containing the four loci in each of the multiplex
sets. Pairs of duplexes were also mixed to form four loci mixes. For each set of four loci, three
reaction mixes underwent ABI sequencing. The loci 6-FAM Mj7232, 6-FAM Mj4870, NED Mj7132,
NED Mj5522, PET Mj0008, PET Mj0247 and PET Mj5331 all showed a high proportion of success,
with over 75% of electropherograms showing clear peaks that could be scored as either
heterozygous or homozygous. These loci included the six loci used in a study by Villemey et al.
(2016) and the additional Mj5522. The other eight loci were removed from further analysis due to
their low success rates.

The remaining loci were split into two groups of three, with the loci 6-FAM Mj7232, NED
M;j5522, and PET Mj0247 making up multiplex I, and 6-FAM Mj4870, NED M;j7132 and PET Mj5331

making up multiplex Il. The locus PET Mj0008 was removed from the analysis as further testing
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determined that all individuals were homozygous for the locus at 98bp. This indicated that the locus
likely had a high frequency of null alleles resulting in homozygote deficit.

Both sets of primers underwent triplex PCRs at 3uM concentrations, followed by 100-fold
dilutions and fragment analysis. Electropherograms with distinct peaks that could be scored were
produced for multiplex | for more than 75% of DNA samples, across all three loci. Electropherograms
from multiplex Il showed a greater range of peak heights, with 6-FAM Mj4870 having extremely
high levels of fluorescence and NED M;j7132 having very low levels. To resolve this the PCR and
fragment analysis were repeated, with altered concentrations of primers used in the multiplex PCR
(6-FAM Mj4870 decreased to 1.5uM, NED Mj7132 increased to 5uM and PET Mj5331 increased to
4.5uM). The resultant electropherograms showed more even peak heights across all loci for all
samples, allowing more reliable scoring. All 956 individuals across the seven years of sampling were

processed with the six remaining microsatellite markers.
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Appendix D Chapter 4 — Effects of UK site removal on genetic analysis

D.I Microsatellites, HWE and GE
Table D.1 Composite linkage disequilibrium test outputs for all locus pair combinations across

mainland European sites only and with 3 UK sites included.

Sites included Locus pair Chi? df  p-Value
Mainland Europe Mj7232 Mj5522 35307 46 0.874
Mainland Europe Mj7232 Mj0247 9218 44 1.000
Mainland Europe Mj5522 Mj0247 11421 44 1.000
Mainland Europe Mj7232 Mj4870 26.240 46 0.992
Mainland Europe Mj5522 Mj4870 23.815 46 0.997
Mainland Europe Mj0247 Mj4870 23.062 44 0.996
Mainland Europe Mj7232 Mj7132 26.769 46 0.990
Mainland Europe Mj5522 Mj7132 30.894 46 0.957
Mainland Europe Mj0247 Mj7132 27414 44 0.976
Mainland Europe Mj4870 Mj7132 43216 48 0.669
Mainland Europe Mj7232  Mj5331 23129 44 0.996
Mainland Europe Mj5522 Mj5331 21471 44 0.998
Mainland Europe Mjo247 M;j5331 6969 42 1.000
Mainland Europe Mj4870 M;j5331 22350 46 0.999
Mainland Europe Mj7132  Mj5331 34.732 46 0.888

Mainland Europe + 3 UK Mj7232 Mj5522 38.163 52 0.924
Mainland Europe + 3 UK Mj7232 Mj0247 10.044 48 1.000
Mainland Europe + 3 UK Mj5522 Mj0247 12504 48 1.000
Mainland Europe + 3 UK Mj7232 Mj4870 32479 52 0.985
Mainland Europe + 3 UK Mj5522 Mj4870 27363 52 0.998
Mainland Europe + 3 UK Mj0247 Mj4870 25.079 48 0.997
Mainland Europe + 3 UK Mj7232 Mj7132 28816 52 0.996
Mainland Europe + 3 UK Mj5522 Mj7132 32767 52 0.983
Mainland Europe + 3 UK Mj0247 Mj7132 33181 48 0.949
Mainland Europe + 3 UK Mj4870 Mj7132 45951 54 0.774

Mainland Europe + 3 UK Mj7232  M;j5331  31.035 50 0.984
Mainland Europe + 3 UK Mj5522 M;j5331 21.217 50 1.000
Mainland Europe + 3 UK Mj0247 Mj5331 8465 46 1.000
Mainland Europe + 3 UK Mj4870 Mj5331 24913 52 0.999
Mainland Europe + 3 UK Mj7132  Mj5331 39.770 52 0.893

156



Table D.2 Locus by populations estimated null allele frequencies. Values

in bold exceed 0.2 frequency of null alleles

Sites included Locus UK-AU UK-B UK-C SP FR-A FR-F FR-K FR-M B-A  B-B B-C ND-A ND-B L SZ DK-A DK-B G-A GB GC GD GE SW EA EB EC ED
Mainland Europe Mj7232 - - - 0.041 0.181 0.248 0.029 0.058 0.140 0.242 0.176 0.153 0.340 0.305 0.000 0.188 0.146 0.082 0.106 0.184 0.128 0.200 0.097 0.261 0.185 0.366 0.426
Mainland Europe Mj5522 - - - 0129 0.000 0.040 0.017 0.000 0.054 0.060 0.013 0.056 0.053 0.000 0.000 0.000 0.000 0.000 0.000 0.015 0.038 0.000 0.000 0.000 0.000 0.000 0.034
Mainland Europe Mj0247 - - - 0.070 0.055 0.198 0.081 0.158 0.034 0.072 0.110 0.078 0.000 0.070 0.000 0.176 0.079 0.010 0.073 0.038 0.098 0.192 0.029 0.116 0.051 0.048 0.038
Mainland Europe Mj4870 - - - 0167 0.377 0.296 0.173 0.076 0.227 0.000 0.354 0.315 0.369 0.284 0.262 0.287 0.206 0.312 0.248 0.371 0.297 0.372 0.180 0.384 0.221 0.321 0.358
Mainland Europe Mj7132 - - - 0.088 0.000 0.000 0.116 0.017 0.006 0.000 0.019 0.000 0.000 0.000 0.068 0.110 0.000 0.127 0.000 0.000 0.000 0.087 0.162 0.000 0.000 0.000 0.074
Mainland Europe Mj5331 - - - 0.000 0.108 0.129 0.000 0.000 0.019 0.000 0.000 0.000 0.000 0.024 0.015 0.000 0.000 0.000 0.058 0.015 0.000 0.000 0.078 0.000 0.043 0.000 0.061
Mainland Europe + 3 UK Mj7232 0.000 0.137 0.079 0.041 0.181 0.248 0.029 0.058 0.140 0.242 0.176 0.153 0.340 0.305 0.000 0.188 0.146 0.082 0.106 0.184 0.128 0.200 0.097 0.261 0.185 0.366 0.426
Mainland Europe + 3 UK Mj5522 0.048 0.000 0.000 0.129 0.000 0.040 0.017 0.000 0.054 0.060 0.013 0.056 0.053 0.000 0.000 0.000 0.000 0.000 0.000 0.015 0.038 0.000 0.000 0.000 0.000 0.000 0.034
Mainland Europe + 3 UK Mj0247 0.000 0.085 0.018 0.070 0.055 0.198 0.081 0.158 0.034 0.072 0.110 0.078 0.000 0.070 0.000 0.176 0.079 0.010 0.073 0.038 0.098 0.192 0.029 0.116 0.051 0.048 0.038
Mainland Europe + 3 UK Mj4870 0.000 0.000 0.000 0.167 0.377 0.296 0.173 0.076 0.227 0.000 0.354 0.315 0.369 0.284 0.262 0.287 0.206 0.312 0.248 0.371 0.297 0.372 0.180 0.384 0.221 0.321 0.358
Mainland Europe + 3 UK Mj7132 0.000 0.045 0.000 0.088 0.000 0.000 0.116 0.017 0.006 0.000 0.019 0.000 0.000 0.000 0.068 0.110 0.000 0.127 0.000 0.000 0.000 0.087 0.162 0.000 0.000 0.000 0.074
Mainland Europe + 3 UK Mj5331 0.000 0.032 0.005 0.000 0.108 0.129 0.000 0.000 0.019 0.000 0.000 0.000 0.000 0.024 0.015 0.000 0.000 0.000 0.058 0.015 0.000 0.000 0.078 0.000 0.043 0.000 0.061




Table D.3 Population-wide expected and observed heterozygosity, and percent difference ((E - O)/E*100), Fir, Fis Fst and Resr at each locus across sites.
Bartlett's K-squared for Mainland Europe = 4.824, df = 1, p-value = 0.0281. Bartlett's K-squared for mainland Europe and three UK sites = 4.055, df = 1,
p-value = 0.044.

Sites Included Locus Number of - Number He Ho H? vs Ho % Fir (p-value) Fst (p-value) Fis (p-value) Rst
samples of alleles difference

Mainland Europe Mj7232 434 15 0.819 0.724 11.631 0.119 0.000 0.035 0.000 0.086 0.000 0.046
Mainland Europe M;j5522 427 13 0.828 0.785 5.218 0.054 0.006 0013 0666 0.041 0.033 0.021
Mainland Europe Mj0247 431 29 0933 0.738 20.912 0.211 0.000 0.024 0013 0.191 0.000 0.052
Mainland Europe Mj4870 429 8 0.719 0.207 71.157 0.712 0.000 0.028 0291 0.704 0.000 0.037
Mainland Europe M;j7132 427 11 0.782 0.726 7.199 0.074 0.000 0.013 0653 0.062 0.013 0.005
Mainland Europe M;j5331 430 21 0.883 0.835 5.439 0.056 0.000 0.015 0480 0.042 0.014 0.006
Mainland Europe + 3 UK M;j7232 468 16 0.829 0.722 12.870 0.130 0.000 0.046 0.000 0.088 0.000 0.063
Mainland Europe + 3 UK M;j5522 471 13 0.830 0.785 5.453 0.057 0.000 0.013 0.674 0.044 0.027 0.021
Mainland Europe + 3 UK Mj0247 455 29 0935 0.747 20.113 0.201 0.000 0.023 0.007 0.182 0.000 0.051
Mainland Europe + 3 UK Mj4870 476 8 0.701  0.222 68.255 0.689 0.000 0.063 0.000 0.668 0.000 0.092
Mainland Europe + 3 UK Mj7132 473 11 0.779 0.732 6.003 0.063 0.001 0.015 049 0.048 0.022 0.008

Mainland Europe + 3 UK Mj5331 463 21 0.887 0.842 5.026 0.052 0.000 0.017 0.252 0.036 0.022 0.002




D.ll Genetic diversity

Table D.4 Sample sizes, genetic diversity, allelic richness, number of private alleles and effective

population sizes for M. jurtina populations across Europe. All values are estimated on a per

population basis.

Hexp = expected heterozygosity, A, = allelic richness, A, = Private alleles, Ne(1) = effective population

size estimated using the heterozygote excess method, Ne(2) = effective population size estimated

using linkage disequilibrium method.

Site Sample Size  Mean Hgy, (s.d.) A Ap Ne(1)  Ne(2)
Mainland Europe 434 0.804 (0.097) - 15 - -
Mainland Europe + 3 UK Sites 486 0.828 (0.082) - 12 - -
UK-AU 14 0.713  (0.269) 5.574 0 oo o0
UK-B 17 0.738  (0.246) 5.693 0 oo o0
UK-C 20 0.783  (0.199) 5.990 1 o o0
SP 15 0.827  (0.099) 6.035 0 oo o0
FR-A 20 0.819  (0.068) 5.887 0 oo o0
FR-B 20 0.818  (0.063) 5.607 0 oo o0
FR-C 18 0.826 (0.116) 6.186 1 oo o0
FR-D 20 0.818 (0.112) 6.044 2 oo o0
B-A 20 0.798 (0.124) 5.801 0 oo oo
B-B 6 0.712  (0.273) 5.000 0 oo oo
B-C 18 0.831  (0.066) 5.879 0 oo oo
ND-A 15 0.811  (0.084) 5.875 0 oo oo
ND-B 16 0.804 (0.078) 5.606 1 oo oo
L 18 0.793  (0.110) 5.739 1 oo oo
\YA 18 0.770  (0.119) 5.406 0 oo oo
DK-A 19 0.810 (0.077) 5.616 2 ) )
DK-B 20 0.806  (0.099) 5.852 1 oo o0
G-A 23 0.802  (0.090) 5.654 0 oo o0
G-B 11 0.768 (0.167) 5.335 1 oo o0
G-C 20 0.817  (0.073) 5.645 0 oo o0
G-D 22 0.828  (0.079) 6.091 1 oo o0
G-E 20 0.814  (0.096) 5.895 0 oo o0
S-W 15 0.815  (0.073) 5.467 0 oo )
E-A 19 0.813  (0.074) 5.603 0 oo )
E-B 20 0.756  (0.068) 5.077 0 oo oo
E-C 22 0.817  (0.052) 5.554 0 oo oo
E-D 20 0.821  (0.076) 5.913 1 ) o0
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D.lll  Genetic structure, differentiation and gene flow

Figure D.1 Bayesian cluster analysis in STRUCTURE. Individual membership coefficients for M. jurtina across (A) Mainland European sites where K=2 (B)
Mainland European sites where K=4 (C) Mainland European sites and three UK sites where K=2 (D) Mainland European sites and three UK sites where
K=4.
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Figure D.2 Pairwise Fsr values for M. jurtina plotted against Euclidean distances for (A) 24 sites
across mainland Europe (u = 0.023, variance = 0.0004, p = 0.080, Mantel r value =0.183) and (B) 24
sites across mainland Europe and three sites in southern England (u = 0.030, variance = 0.0007, p
= 0.777, Mantel r value =-0.085).
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Table D.5a Pairwise Fsr values between 24 pairs of sites across mainland Europe. Values below the diagonal = Fsr scores. Values above the diagonal

indicate significance level p-values. P-values obtained after 7020 permutations Indicative adjusted nominal level (5%) for multiple comparisons is: 0.000181

SP FR-A FR-B FR-C FR-D B-A BB B-C ND-A ND-B L SZ DK-A DKB G-A GB GC GD GE SW EA EB EC ED

FR-A | 0.042 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * * *
FR-B | 0.038 -0.008 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * NS
FR-C | 0.030 0.012 0.008 0.000 NS NS NS NS NS NS NS * * NS NS NS * NS NS NS * * * *
FR-D | 0.041 0.008 0.009 -0.001 0.000 NS NS NS NS NS NS NS * NS NS NS * NS NS NS NS NS * *
B-A 0.065 -0.001 0.001 0.002 -0.001 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * NS
B-B 0.097 0.042 0.038 0.039 0.020 0.011 0.000 NS NS NS NS * NS NS NS NS NS NS NS NS * * * *
B-C 0.021 0.009 0.007 0.007 0.001 0.005 0.040 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS
ND-A | 0.066 -0.004 -0.004 0.027 0.017 -0.002 0.029 0.018 0.000 NS NS NS NS NS NS NS NS NS NS NS NS * NS NS
ND-B | 0.052 0.007 0.002 0.033 0.022 0.017 0.042 0.022 0.018 0.000 NS * NS NS NS NS NS NS NS NS NS NS * NS
L 0.064 -0.002 0.003 0.038 0.039 0.027 0.096 0.031 0.016 0.015 0.000 NS NS NS NS NS NS NS NS NS NS * * *
SZ 0.090 0.021 0.013 0.038 0.024 0.022 0.096 0.030 0.017 0.044 0.022 0.000 * NS NS NS NS NS NS NS NS NS NS *
DK-A | 0.045 -0.003 0.002 0.032 0.029 0.018 0.054 0.016 -0.004 0.009 0.015 0.024 0.000 NS NS NS NS NS NS NS * * * *
DK-B |0.051 0.011 0.011 0.018 0.020 0.008 0.037 0.015 0.003 0.037 0.046 0.041 0.008 0.000 NS NS NS NS NS NS * * * *
G-A 0.041 0.012 0.008 0.026 0.017 0.014 0.032 -0.003 0.014 0.012 0.023 0.036 0.014 0.034 0.000 NS NS NS NS NS NS NS NS NS
G-B 0.081 0.010 0.004 0.031 0.007 -0.001 -0.011 0.022 0.000 0.013 0.047 0.037 0.017 0.018 0.020 0.000 NS NS NS NS NS NS NS NS
G-C 0.043 0.001 -0.005 0.029 0.022 0.016 0.057 0.007 -0.001 0.004 -0.001 0.016 -0.006 0.022 0.003 0.017 0.000 NS NS NS NS NS NS NS
G-D 0.049 -0.001 -0.004 0.010 0.001 -0.002 0.022 0.008 -0.008 0.015 0.014 0.020 0.007 0.012 -0.003 0.010 0.006 0.000 NS NS NS NS NS *
G-E 0.059 0.017 0.007 0.031 0.009 0.018 0.027 0.004 0.008 0.015 0.037 0.031 0.015 0.031 0.010 -0.002 0.009 0.007 0.000 NS NS NS NS NS
S-W 0.044 0.000 0.011 0.028 0.016 0.017 0.051 -0.006 0.016 0.028 0.023 0.034 0.013 0.012 0.005 0.030 0.002 0.004 0.022 0.000 NS NS NS NS
E-A 0.043 0.028 0.014 0.035 0.016 0.032 0.057 0.002 0.016 0.025 0.043 0.032 0.021 0.038 0.008 0.019 0.006 0.017 0.000 0.019 0.000 NS NS NS
E-B 0.073 0.050 0.043 0.057 0.026 0.051 0.066 0.009 0.053 0.039 0.069 0.049 0.042 0.064 0.013 0.024 0.026 0.038 0.009 0.030 -0.003 0.000 NS NS
E-C 0.051 0.035 0.015 0.029 0.017 0.029 0.048 0.002 0.024 0.023 0.041 0.038 0.027 0.034 0.013 0.020 0.006 0.018 0.007 0.018 -0.006 0.003 0.000 NS
E-D 0.052 0.044 0.021 0.037 0.032 0.033 0.053 0.015 0.027 0.026 0.044 0.054 0.042 0.050 0.019 0.026 0.012 0.032 0.026 0.029 0.005 0.029 -0.009 0.000




Table D.5b Pairwise Fsr values between 24 pairs of sites across mainland Europe and three from the south of England. Values below the diagonal = Fer
scores. Values above the diagonal indicate significance level p-values. P-values obtained after 7020 permutations Indicative adjusted nominal level (5%)

for multiple comparisons is:  0.000142.
UK-AU UK-B UK-C SP FR-A FRB FRC FRD BA BB BC NDA NDB L SZ DKA DKB GA GB GC GD GE SW EA EB EC ED

UK-AU | 0.000 NS NS * * NS NS NS * NS NS * * * * * * NS NS * NS NS * * * * *

UK-B -0.003 0.000 NS NS * * NS * NS NS * * * * * * * NS NS * * * * * * * *

SP 0.090 0.084 0.067 0.000 NS NS NS NS * NS NS * * * * * * * * * * * * * * * *

FR-A 0.070 0.068 0.054 0.042 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * *
* *

FR-B 0.062 0.061 0.047 0.038 -0.008 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS
FR-C 0.051 0.052 0.034 0.030 0.012 0.008 0.000 NS NS NS NS NS NS NS * NS NS NS NS NS NS NS NS * * * *
FR-D 0.033 0.044 0.030 0.041 0.008 0.009 -0.001 0.000 NS NS NS NS NS * NS NS * NS NS NS NS NS NS NS * * *

B-A 0.039 0.034 0.028 0.065 -0.001 0.001 0.002 -0.001 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS * * * *
B-B -0.006 0.018 0.008 0.097 0.042 0.038 0.039 0.020 0.011 0.000 NS NS NS NS * NS NS NS NS NS NS NS NS NS * NS NS
B-C 0.048 0.055 0.040 0.021 0.009 0.007 0.007 0.001 0.005 0.040 0.000 NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS NS

ND-A 0.064 0.054 0.043 0.066 -0.004 -0.004 0.027 0.017 -0.002 0.029 0.018 0.000 NS NS NS NS NS NS NS NS NS NS NS NS * NS NS
ND-B 0.060 0.053 0.053 0.052 0.007 0.002 0.033 0.022 0.017 0.042 0.022 0.018 0.000 NS * NS NS NS NS NS NS NS NS NS NS * NS
L 0.119 0.108 0.094 0.064 -0.002 0.003 0.038 0.039 0.027 0.096 0.031 0.016 0.015 0.000 NS NS NS NS NS NS NS NS NS * * * *
SZ 0.115 0.117 0.089 0.090 0.021 0.013 0.038 0.024 0.022 0.096 0.030 0.017 0.044 0.022 0.000 * NS NS NS NS NS NS NS NS NS NS *
DK-A 0.085 0.079 0.066 0.045 -0.003 0.002 0.032 0.029 0.018 0.054 0.016 -0.004 0.009 0.015 0.024 0.000 NS NS NS NS NS NS NS * * * *
DK-B 0.063 0.056 0.039 0.051 0.011 0.011 0.018 0.020 0.008 0.037 0.015 0.003 0.037 0.046 0.041 0.008 0.000 NS NS NS NS NS NS * * * *
G-A 0.049 0.059 0.052 0.041 0.012 0.008 0.026 0.017 0.014 0.032 -0.003 0.014 0.012 0.023 0.036 0.014 0.034 0.000 NS NS NS NS NS NS NS NS NS

G-B 0.028 0.025 0.023 0.081 0.010 0.004 0.031 0.007 -0.001 -0.011 0.022 0.000 0.013 0.047 0.037 0.017 0.018 0.020 0.000 NS NS NS NS NS NS NS NS
G-C 0.070 0.069 0.059 0.043 0.001 -0.005 0.029 0.022 0.016 0.057 0.007 -0.001 0.004 -0.001 0.016 -0.006 0.022 0.003 0.017 0.000 NS NS NS NS NS NS NS
G-D 0.056 0.055 0.040 0.049 -0.001 -0.004 0.010 0.001 -0.002 0.022 0.008 -0.008 0.015 0.014 0.020 0.007 0.012 -0.003 0.010 0.006 0.000 NS NS NS * NS *
G-E 0.044 0.052 0.040 0.059 0.017 0.007 0.031 0.009 0.018 0.027 0.004 0.008 0.015 0.037 0.031 0.015 0.031 0.010 -0.002 0.009 0.007 0.000 NS NS NS NS NS
S-w 0.071 0.071 0.066 0.044 0.000 0.011 0.028 0.016 0.017 0.051 -0.006 0.016 0.028 0.023 0.034 0.013 0.012 0.005 0.030 0.002 0.004 0.022 0.000 NS NS NS *
E-A 0.053 0.067 0.050 0.043 0.028 0.014 0.035 0.016 0.032 0.057 0.002 0.016 0.025 0.043 0.032 0.021 0.038 0.008 0.019 0.006 0.017 0.000 0.019 0.000 NS NS NS
E-B 0.066 0.087 0.079 0.073 0.050 0.043 0.057 0.026 0.051 0.066 0.009 0.053 0.039 0.069 0.049 0.042 0.064 0.013 0.024 0.026 0.038 0.009 0.030 -0.003 0.000 NS NS
E-C 0.060 0.067 0.057 0.051 0.035 0.015 0.029 0.017 0.029 0.048 0.002 0.024 0.023 0.041 0.038 0.027 0.034 0.013 0.020 0.006 0.018 0.007 0.018 -0.006 0.003 0.000 NS

E-D 0.069 0.067 0.058 0.052 0.044 0.021 0.037 0.032 0.033 0.053 0.015 0.027 0.026 0.044 0.054 0.042 0.050 0.019 0.026 0.012 0.032 0.026 0.029 0.005 0.029 -0.009 0.000




Appendix E Chapter 4 — Bottleneck analysis results

Table E1 Summary of the bottleneck results detected in M. jurtina populations across Europe. Strong
evidence of population bottlenecks would be the majority of statistical tests being significant

combined with a mode shift.

Number of significant tests

Population Change in population size Mode shift
out of max of 9

UK-ARN No No 2
UK-ARS No No 0
UK-AU No No 3
UK-B No No 0
UK-C No No 1
UK-CH No No 3
UK-D No No 0
UK-HP No No 4
UK-LC No No 1
UK-LW No No 2
UK-MC No No 1
UK-PF No No 1
UK-SD No No 0
UK-TC No No 1
UK-WW No No 1
SP Possible Bottleneck No 6
FR-A No No 0
FR-F Possible Bottleneck No 5
FR-K No No 4
FR-M No No 2
B-A No No 2
B-B No No 0
B-C No No 4
ND-A No No 1
ND-B No No 1
L No No 1
SZ Possible Bottleneck No 5
DK-A Possible Bottleneck No 5
DK-B No No 2
G-A No No 4
G-B No No 4
G-C Possible Bottleneck No 5
G-D No No 2
G-E No No 3
SW Possible Bottleneck No 6
E-A Possible Bottleneck No 5
E-B No No 1
E-C No No 4
E-D Possible Bottleneck No 5
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Table E2 Distribution of allele frequencies in M. jurtina across 39 populations across Europe. Alleles

are proportioned into ten frequency classes. L shaped distribution of allele frequencies indicate no

bottleneck has occurred.

Population 00-01 01-02 02-03 03-0404-05 05-06 06-07 07-08 08-09 09-10
UK-ARN 0.673 0.218 0.055 0 0 0.036 0 0.018 0 0
UK-ARS 0.592 0.245 0.102 0.02 0.02 0 0 0 0.02 0
UK-AU 0.608 0.235 0.098 0 0.02 0.02 0 0 0.02 0
UK-B 0.7 0.16 0.08 0.02 0 0.02 0 0 0.02 0
UK-C 0.636 0.182 0.127 0.036 0 0 0 0.018 0 0
UK-CH 0.649 0.211 0.105 0 0.018 0 0.018 0 0 0
UK-D 0.556 0.315 0.093 0 0 0.019 0 0 0.019 0
UK-HP 0.607 0.25 0.089 0.018  0.018 0 0.018 0 0 0
UK-LC 0.597 0.323 0.048 0 0.016 0 0 0.016 0 0
UK-LW 0.552 0.328 0.086 0.017 0 0 0 0 0.017 0
UK-MC 0.679 0.25 0.018 0 0.018 0.018 0 0 0.018 0
UK-PF 0.778 0.153 0.028 0.014  0.014 0 0 0 0.014 0
UK-SD 0.574 0.296 0.019 0.093 0 0 0 0 0 0.019
UK-TC 0.529 0.275 0.118 0.059 0 0 0 0 0.02 0
UK-WW 0.519 0.352 0.074 0 0.019 0.019 0 0.01 0 0
SP 0.4 0.4 0.14 0.04 0 0.02 0 0 0 0
FR-A 0.643 0.179 0.071 0.107 0 0 0 0 0 0
FR-F 0.551 0.184 0.184 0.082 0 0 0 0 0 0
FR-K 0.625 0.286 0.036 0.036 0 0.018 0 0 0 0
FR-M 0.564 0.309 0.036 0.073 0 0.018 0 0 0 0
B-A 0.5 0.346 0.077 0.038  0.019 0 0.019 0 0 0
B-B 0.4 0.333 0.067 0.1 0.033 0.033 0 0 0 0.033
B-C 0.577 0.231 0.135 0.058 0 0 0 0 0 0
ND-A 0.604 0.208 0.094 0.038  0.057 0 0 0 0 0
ND-B 0.592 0.224 0.082 0.061 0.041 0 0 0 0 0
L 0.588 0.255 0.098 0 0.02 0.039 0 0 0 0
SZ 0.551 0.286 0.061 0.041 0.02 0.041 0 0 0 0
DK-A 0.551 0.224 0.163 0.02 0.041 0 0 0 0 0
DK-B 0.574 0.278 0.074 0.037  0.019 0.019 0 0 0 0
G-A 0.6 0.236 0.091 0.036  0.036 0 0 0 0 0
G-B 0.575 0.175 0.125 0.075 0 0.025 0.025 0 0 0
G-C 0.52 0.28 0.12 0.06 0.02 0 0 0 0 0
G-C 0.707 0.155 0.069 0.052  0.017 0 0 0 0 0
G-E 0.558 0.308 0.058 0.019  0.058 0 0 0 0 0
SW 0.409 0.295 0.205 0.091 0 0 0 0 0 0
E-A 0.444 0.444 0 0.089  0.022 0 0 0 0 0
E-B 0.556 0.244 0.044 0.067  0.067 0.022 0 0 0 0
E-C 0.62 0.14 0.16 0.08 0 0 0 0 0 0
E-D 0.545 0.291 0.091 0.055  0.018 0 0 0 0 0
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Table E3 P-values for all Bottleneck test results. Significant values are shown in bold.
IA = Infinite allele model, TPM = Two Phase Model, SMM = Stepwise Mutation Model.

. Sign Test Standard Differences Test Wilcoxon Test

Population

IA TPM SMM IA TPM SMM IA TPM SMM
UK-ARN 0.234 0.546 0.050 0.076 0.383 0.073 0.031 0.688 0.078
UK-ARS 0.218 0.223 0.460 0.067 0.333 0.229 0.156 0.438 1.000
UK-AU 0.507 0.192 0.007 0.499 0.116 0.001 0.844 0.109 0.016
UK-B 0.230 0.465 0.168 0.102 0419 0.157 0.109 1.000 0438
UK-C 0.239 0.237 0.480 0.053 0.257 0.233 0.047 0.438 0.688
UK-CH 0.049 0.527 0492 0.029 0.165 0.377 0.016 0.109 1.000
UK-D 0.217 0.253 0.517 0.152 0.488 0.112 0438 0.438 0.844
UK-HP 0.041 0.234 0.186 0.029 0.148 0.400 0.016 0.047 0.563
UK-LC 0.231 0.450 0.188 0.062 0.275 0.243 0.031 0.563 0.563
UK-LW 0.224 0.442 0.456 0.045 0.178 0.387 0.047 0.563 0.844
UK-MC 0.547 0.180 0.209 0.386 0.192 0.003 0.688 0.563 0.078
UK-PF 0.237 0.197 0.191 0.082 0.486 0.011 0.109 0.844 0.078
UK-SD 0.538 0.536 0.468 0.200 0472 0.091 0.563 0.688 0.563
UK-TC 0.213 0452 0.197 0.106 0.354 0.176 0.047 0.688 0.156
UK-WW 0.549 0433 0.202 0.186 0.337 0.009 0.156 0.844 0.156
SP 0.046 0.047 0.526 0.009 0.048 0.214 0.016 0.016 0.078
FR-A 0.235 0.541 0.455 0.084 0478 0.053 0.078 0.688 0438
FR-F 0.049 0.046 0.466 0.013 0.085 0472 0.016 0.016 0.844
FR-K 0.046 0.231 0.490 0.014 0.090 0.488 0.016 0.047 1.000
FR-M 0.230 0.232 0474 0.022 0.136 0.393 0.031 0.078 1.000
B-A 0.222 0.550 0.471 0.035 0.166 0.315 0.031 0.109 0.688
B-B 0.445 0.481 0483 0.320 0454 0.283 0.563 1.000 0.688
B-C 0.045 0.217 0483 0.016 0.092 0476 0.016 0.047 1.000
ND-A 0.238 0438 0.192 0.282 0.304 0.009 0438 1.000 0.109
ND-B 0.240 0.459 0.185 0.069 0.347 0.117 0.047 0.688 0438
L 0.230 0.527 0.496 0.057 0.308 0.177 0.047 0.688 0.844
Sz 0.045 0.547 0.005 0.112 0.463 0.037 0.016 0.688 0.016
DK-A 0.046 0.221 0.253 0.010 0.050 0.342 0.016 0.031 0438
DK-B 0.237 0.231 0.188 0.039 0.239 0.190 0.031 0.109 0.688
G-A 0.048 0.223 0.189 0.021 0.161 0.258 0.016 0.047 0.563
G-B 0.036 0.226 0474 0.036 0.137 0.390 0.016 0.047 0.844
G-C 0.045 0.241 0.534 0.006 0.048 0.284 0.016 0.031 0.563
G-C 0.235 0.533 0.498 0.036 0.210 0.194 0.031 0.156 0.844
G-E 0.048 0.542 0478 0.024 0.120 0.367 0.016 0.109 0.844
SW 0.043 0.045 0.526 0.006 0.034 0.157 0.016 0.016 0.156
E-A 0.046 0.237 0.231 0.006 0.037 0.242 0.016 0.031 0438
E-B 0.548 0.469 0.192 0.266 0.160 0.000 0.563 1.000 0.156
E-C 0.048 0.233 0473 0.012 0.094 0.488 0.016 0.031 1.000
E-D 0.045 0.046 0474 0.020 0.131 0.379 0.016 0.016 0.688
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Appendix F Chapter 5 - Site characteristics and correlations

Table F1 Landscape attribute data for each of the fifteen sites used in the genetic and drought analyses. Data compiled from Natural England priority
habitat maps and a 50m resolution digital elevation map (Morris & Flavin 1990).

Slope Angle = Degrees from horizontal, such that 0 = flat, 90 = vertical. Aspect (East) = Mean Eastness of aspect in landscape around site (Eastness =
sin((aspectxP1)/180), such that 1 = due East, -1 = due West). Aspect (North) = Mean Northness of aspect in landscape around site (Northness =
cos((aspectxPl)/180), such that 1 = due North, -1 = due South). Altitude = Mean height above sea level (m)

] % Chalk Slope Angle Aspect (East)  Aspect (North) Altitude ] )
Site Northing Easting
grass cover Mean SD  Mean SD Mean SD Mean SD
ARN 9.39 10.77 519 -026  0.64 0.32 0.65 129.16 49.66 197086 472827
ARS 14.16 9.29 504 -048  0.51 0.44 0.56 130.88 49.34 196060 472285
AU 14.56 5.39 332 038 0.77 0.24 0.46 101.40 41.96 183700 454500
B 0.00 3.04 3.03 028 0.49 -0.03 0.83 108.23 30.73 165000 450800
C 0.00 1.59 089 0.05 0.74 0.46 0.5 110.88 40.92 151900 466300
CH 7.56 8.18 642 -0.56 059 0.27 0.52 134.80 50.09 206700 484700
D 4.70 8.9 387 035 0.36 0.18 0.85 141.69 45.81 209500 490000
HP 0.00 069 047 -054 075 -0.03 0.39 90.82 45.90 190000 461500
LC 21.17 1089 392 0.31 0.62 0.61 0.39 96.71 39.17 180900 458700
LW 0.00 3.71 182 -027 049 -0.28 0.79 68.79 22.32 192300 456200
MC 0.00 0.45 062 037 0.75 0.32 0.46 83.89 34.73 174100 463700
PF 0.00 1.27 0.9 0.5 0.33 -024  0.77 87.31 29.87 161000 461500
SD 11.46 7.1 353 -023 042 0.09 0.88 117.68 52.23 191500 467500
TC 5.73 4.74 321 0.59 0.37 0.34 0.63 144.72 44.29 208800 490400

WW 9.39 1.55 142  0.01 0.5 0.61 0.61 80.17 19.97 209631 446434




Table F2 Pearson’s Rank Correlation coefficients for site characteristics calculated using all 540

UKBMS sites used in the analyses. Each correlation calculated with 1381 degrees of freedom.

Variable 1 Variable 2 Correlation p-value t value
Chalk Area Slope Mean 0.108 <0.001 4.0315
Chalk Area Slope SD 0.095 <0.001 3.5544
Chalk Area Mean Aspect (North) 0.011 0.683 0.409
Chalk Area Aspect (North) SD 0.015 0.577 0.557
Chalk Area Mean Aspect (East) -0.056 0.038 -2.08
Chalk Area Aspect (East) SD -0.017 0.522 -0.641
Chalk Area Mean Altitude -0.063 0.019 -2.353
Chalk Area Altitude SD -0.032 0.234 -1.19
Chalk Area Northing -0.048 0.073 -1.796
Chalk Area Easting 0.081 0.0025 3.029
Mean Slope Angle Slope SD 0.763 <0.001 43.896
Mean Slope Angle Mean Aspect (North) -0.017 0.522 -0.64
Mean Slope Angle Aspect (North) SD 0.007 0.06 0.271
Mean Slope Angle Mean Aspect (East) 0.005 0.843 0.199
Mean Slope Angle Aspect (East) SD 0.017 0.539 0.614
Mean Slope Angle Mean Altitude 0.483 <0.001 20.524
Mean Slope Angle Altitude SD 0.582 <0.001 26.618
Mean Slope Angle Northing 0.064 0.018 2.369
Mean Slope Angle Easting -0.387 <0.001 15.638

Table F3 Pearson’s Rank Correlation coefficients for site characteristics calculated using the 15 sites

used in the genetic and drought analyses. Correlations calculated with 13 degrees of freedom.

Variable 1 Variable 2 Correlation p-value t value
Chalk Area Slope Mean 0.811 <0.001 5.006
Chalk Area Slope SD 0.667 0.007 3.237
Chalk Area Mean Aspect (North) 0.452 0.091 1.829
Chalk Area Aspect (North) SD -0.265 0.339 -0.992
Chalk Area Mean Aspect (East) -0.051 0.857 -0.184
Chalk Area Aspect (East) SD 0.094 0.739 0.34

Chalk Area Mean Altitude 0.357 0.192 1377
Chalk Area Altitude SD 0.528 0.043 2.242
Chalk Area Northing 0.225 0.421 0.832
Chalk Area Easting 0.152 0.588 0.556
Mean Slope Angle Slope SD 0.889 <0.001 7.012
Mean Slope Angle Mean Aspect (North) 0.335 0.223 1.281

Mean Slope Angle Aspect (North) SD 0.067 0.813 0.241

Mean Slope Angle Mean Aspect (East) -0.209 0.455 -0.77

Mean Slope Angle Aspect (East) SD -0.155 0.582 -0.565
Mean Slope Angle Mean Altitude 0.613 0.015 2.798
Mean Slope Angle Altitude SD 0.587 0.022 2.611

Mean Slope Angle Northing 0.447 0.095 1.803
Mean Slope Angle Easting 0.455 0.089 1.841
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Appendix G Chapter 5 — Phenology
Model outputs for Eqn. 1

Table G1 Linear mixed effects model outputs for Egn. 1, showing the effects of geology, topography, site abundance and Scaled Northing on measures
of M. jurtina phenology. Models are repeated for each measure of phenology.

Response ) » ) ) Standard Degrees of
) Marginal R? Conditional R? Fixed Effects Estimate Lower Cl Upper Cl tvalue  p-value
Variable Error freedom
Intercept 87.1 85.12 89.11 1.01 70.32 85.99 <0.001
Chalk cover % 0.07 0.02 0.12 0.03 41436 2.61 0.009
Slope Angle 0.36 0.22 0.5 0.07 420.69 5 <0.001
Abundance 0.002 0.001 0.002 0.0002 4563.85 8.97 <0.001
Start Date 0.07 0.61 )
Northing 1.42 0.92 1.92 0.26 44428 5.53 <0.001
Easting 0.1 -0.46 0.66 0.29 449.52 0.36 0.722
Aspect 0.05 -0.44 0.53 0.25 44778 0.18 0.854
Altitude 0.002 -0.008 0.01 0.005 470.35 0.38 0.703
Intercept 109.07 107.1 111.05 1.01 95.37 108.17 <0.001
Chalk cover % 0.14 0.08 0.2 0.03 460.92 4.51 <0.001
Slope Angle 0.62 0.45 0.79 0.09 467.64 7.2 <0.001
Abundance 0.001 0.0004 0.001 0.0002 5624.12 4.1 <0.001
Mean Date 0.12 0.77
Northing -0.31 -0.9 0.29 0.3 479.18 -1.01 0.315
Easting 0.35 -0.32 1.01 0.34 486.01 1.02 0.310
Aspect -0.29 -0.87 0.29 0.3 485.15 -0.96 0.336
Altitude 0 -0.003 0.019 0.01 500.45 1.38 0.169
Intercept 125.67 12343 127.91 114 1321 109.82 <0.001
Chalk cover % 0.19 0.12 0.27 0.04 451.12 4.89 <0.001
Slope Angle 0.81 0.6 1.03 0.1 458.21 7.38 <0.001
Abundance 0.00001 -0.0004 0.0005 0.0002 5534.54 0.06 0.952
End Date 0.15 0.71
Northing -2.03 -2.79 -1.27 0.39 47211 -5.19 <0.001
Easting 0.29 -0.56 1.15 0.44 479.23 0.67 0.503
Aspect -0.5 -1.25 0.24 0.38 478.09 -132 0.188

Altitude 0.01 -0.003 0.03 0.008 495.19 1.53 0.127




Table G1 continued.

Response ) . ) ) Standard Degrees of
. Marginal R> Conditional R? Fixed Effects Estimate Lower Cl Upper Cl t value p-value
Variable Error freedom
Intercept 38.37 36.67 40.06 0.87 146.56 44.24 <0.001
Chalk cover % 0.13 0.07 0.19 0.03 379.49 4.27 <0.001
Slope Angle 0.43 0.27 0.6 0.09 383.69 5.11 <0.001
Abundance -0.001 -0.002 -0.001 0.0003 3703.51 -4.03 <0.001
Range 0.13 0.47 .
Northing -3.34 -3.93 -2.75 0.3 412.6 -11.002 <0.001
Easting 0.16 -0.51 0.83 0.34 414.29 0.47 0.640
Aspect -0.52 -1.1 0.06 0.3 413.08 -1.76 0.080
Altitude 0.01 -0.002 0.02 0.006 437.7 1.68 0.092




Table G2 Linear mixed effects model outputs for Egn. 1, using the 15t and 99" percentiles for start and end dates, showing the effects of

geology, topography, site abundance and Scaled Northing on measures of M. jurtina phenology. Models are repeated for each measure of

phenology.
Response ) . ) . Standard Degrees of
. Marginal R? Conditional R? Fixed Effects Estimate Lower Cl Upper Cl tvalue  p-value
Variable Error freedom
Intercept 73.32 71.13 75.54 112 64.86 65.44 <0.001
Chalk cover % 0.04 -0.01 0.10 0.03 328.12 1.67 0.096
Slope Angle 0.15 0.01 0.30 0.07 329.50 2.03 0.043
Abundance 0.002 0.001 0.003 0.0003 2787.80 7.94 <0.001
Start Date 0.05 0.46 .
Northing 2.28 1.76 2.81 0.27 361.78 8.48 <0.001
Easting 0.16 -043 0.75 0.30 358.55 0.52 0.605
Aspect 0.17 -0.34 0.69 0.26 358.54 0.65 0.516
Altitude -0.004 -0.01 0.01 0.005 383.96 -0.66 0.512
Intercept 109.07 107.10 111.05 1.01 95.37 108.17 <0.001
Chalk cover % 0.14 0.08 0.20 0.03 460.92 4.51 <0.001
Slope Angle 0.62 0.45 0.79 0.09 467.64 7.20 <0.001
Abundance 0.0007 0.0004 0.001 0.0002 5624.12 4.10 <0.001
Mean Date 0.12 0.77 .
Northing -0.31 -0.90 0.29 0.30 479.18 -1.01 0.315
Easting 0.35 -0.32 1.01 0.34 486.01 1.02 0.310
Aspect -0.29 -0.87 0.29 0.30 485.14 -0.96 0.336
Altitude 0.01 -0.003 0.019 0.01 500.44 1.38 0.169
Intercept 143.89 141.50 146.28 1.22 153.23 117.69 <0.001
Chalk cover % 0.19 0.1 0.28 0.04 429.32 443 <0.001
Slope Angle 0.87 0.63 1.10 0.12 436.41 7.09 <0.001
Abundance -0.0004 -0.001 0.0002 0.0003 5230.21 -1.46 0.145
End Date 0.15 0.64
Northing -3.15 -4.00 -2.31 0.43 454.06 -7.26 <0.001
Easting 0.27 -0.68 1.22 0.49 460.90 0.56 0.575
Aspect -0.60 -143 0.23 043 459.39 -1.40 0.161

Altitude 0.01 -0.006 0.03 0.008 478.77 1.29 0.199




Table G2. Continued

Response ) . ) . Standard Degrees of
. Marginal R? Conditional R? Fixed Effects Estimate Lower Cl Upper Cl tvalue  p-value
Variable Error freedom
Intercept 70.46 67.58 73.31 1.46 130.95 48.15 <0.001
Chalk cover % 0.15 0.06 0.25 0.05 34837 3.13 0.002
Slope Angle 0.68 0.41 0.95 0.14 35148 493 <0.001
Abundance -0.002 -0.003 -0.0008 0.0005 33155 -3.81 <0.001
Range 0.11 0.43 .
Northing -5.31 -6.28 -4.34 0.50 380.76 -10.69 <0.001
Easting 0.08 -1.01 1.17 0.56 380.78 0.14 0.887
Aspect -0.75 -1.69 0.20 0.49 379.98 -1.53 0.126

Altitude 0.02 -0.004 0.03 0.01 404.12 1.55 0.122
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Figure G3 Estimated model values from equation 1 for four measures of phenology for M. jurtina
in relation to Scaled Northing. Scaled Northing had a significant effect on all measures of phenology,

with the exception of mean dates.
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Figure G4 Estimated model values from equation 1 for four measures of phenology for M. jurtina
in relation to mean butterfly abundance at each site. Abundance had a significant effect on all

measures of phenology with the exception of flight period end dates.
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Appendix H Chapter 5 — Population genetics

Table H1 Composite linkage disequilibrium test outputs for all locus pair combinations, calculated
in Genepop v4.7 (Rousset 2008).

Locus Pair Chi? df p-Value
Mj7232 Mj5522 30.528 30 0.439
Mj7232  Mj0247  23.029 26 0.631
Mj5522 Mj0247 7.734 26 1.000
Mj7232 Mj4870 30.842 30 0.423
Mj5522 Mj4870 15.522 30 0.986
Mj0247 Mj4870 20.015 26 0.791
Mj7232 Mj7132 16.554 30 0.978
Mj5522 Mj7132 23.531 30 0.793
Mj0247  Mj7132  13.529 26 0.979
Mj4870 Mj7132 23.315 30 0.802
Mj7232 Mj5331 24.854 26 0.527
Mj5522 Mj5331 14.212 26 0.970
Mj0247 Mj5331 13.037 22 0.932
Mj4870 Mj5331 17.472 26 0.894
Mj7132 Mj5331 11.868 26 0.992
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Table H2 Locus by populations estimated null allele frequencies for all sites per locus. Values in bold exceed 0.2 frequency of null alleles. Null allele

frequencies calculated in Genepop v4.7 (Rousset 2008).

Locus ARN ARS AU B C CH D HP LC LW MC PF SD TC Ww Mean
Mj7232 0.028 0.145 0000 0.137 0079 009 0.022 0032 008 0000 0171 0.050 0048 0.013 0.032 0.063
Mj5522 0.000 0.055 0048 0.000 0.000 0000 0.030 0055 0006 0013 0029 0.021 0076 0.074 0.000 0.027
Mj0247 0.042 0.030 0000 0.08 0018 0000 0.041 0000 0.000 0.037 0111 0.064 0068 0.000 0.048 0.036
Mj4870 0.075 0.205 0000 0.000 0.000 0064 0.086 0003 0159 0.151 0000 0.113 0150 0.189 0.128 0.088
Mj7132 0.022 0.065 0000 0.045 0.000 0.000 0.091 0000 0.000 0.028 0.000 0.000 0047 0.002 0.000 0.020
Mj5331 0.000 0.000 0000 0.032 0000 0000 0.000 0000 0030 0.028 0028 0.027 0000 0.000 0.000 0.010

Table H3 Population-wide expected and observed heterozygosity, and percent difference ((E - O)/E*100), Fr, Fis and Fsr at each locus. Bartlett's K-squared:
0.03, df = 1, p-value = 0.8618.

He, Ho and percentage differences calculated in PopGenReport (Adamack & Gruber 2014). F, Fst and Fis values calculated in Arlequin v 3.5.2.2 (Excoffier
& Lischer 2010).

Number of

Number of

He vs Ho %

Locus R ) Fir (p-value) Fst (p-value) Fis (p-value)
samples alleles difference
M;j7232 285 12 0.798 0.762 -4.488 0.048 0035 0.002 0999 0.046 0.049
M;j5522 281 12 0.862  0.809 -6.226 0.064 0008 0.000 1.000 0.064 0.006
Mj0247 283 31 0941 0.842 -10.614 0.105 0000 0.000 1.000 0.105 0.000
Mj4870 282 6 0370 0.279 -24.596 0.252 0000 0.000 0982 0.252 0.000
M;j7132 282 10 0741  0.752 1.500 -0.013 0692 0.007 0911 -0.020 0.770
M;j5331 286 22 0.894  0.902 0.913 -0.007 0.667 0.002 1.000 -0.009 0.692
Mean 283 16 0.768 0.724 -7.252 0.075 - 0.002 - 0.073 -




Table H4 Sample sizes, genetic diversity, allelic richness, number of private alleles and effective

population sizes for M. jurtina populations in the south of England. All values are estimated on a

per population basis.

Hexp €xpected heterozygosity calculated in Arlequin, A, = allelic richness calculated in FSTAT v2.9.4

(Goudet 1994), A, = Private alleles calculated in PopGenRport, Ne(1) = effective population size

estimated using the heterozygote excess method calculated in NeEstimator V2 (Do et al. 2014),

Ne(2) = effective population size estimated using linkage disequilibrium method, calculated in

NeEstimator.

Site Sample Size  Mean Hey, (s.d.) A Ap Ne(T) Ne(2)
All Sites 287 0.764  (0.215) - 9 - -
Aston Rowant North (ARN) 21 0.760 (0.176) 8.278 0 o0 o)
Aston Rowant South (ARS) 17 0.753 (0.224) 7.765 0 o) o)
Aston Upthorpe (AU) 14 0.713 (0.269) 8.500 0 0 S
Bowdown Forest (B) 17 0.738 (0.246) 8.039 0 0 S
Crabtree Plantation (C) 20 0.783 (0.199) 8.444 0 0 S
Coombe Hill (CH) 20 0.805 (0.145)  8.690 0 o oo
Dancersend (D) 15 0.776  (0.223) 8.806 0 0 S
Howbery Park (HP) 20 0.786 (0.163) 8.438 0 0 S
Lardon Chase (LC) 20 0.796 (0.176)  9.096 2 o0 oo
Little Whittenham (LW) 20 0.784 (0.229) 8.682 0 oo oo
Moore Copse (MC) 16 0.736  (0.266)  8.858 1 oo oo
Pamber Forest (PF) 37 0.771  (0.223) 9.030 5 oo oo
Swyncombe Down (SD) 15 0.747 (0.279) 8.773 0 o o
The Crong (TC) 15 0.771  (0.213)  8.286 1 o o
Wytham Woods (WW) 20 0.745 (0.192)  8.097 0 oo oo
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Table H5 Pairwise Fsr values between fifteen pairs of sites across the south of England in 2017. Values below the diagonal = Fsr scores. Values above the
diagonal indicate significance level p-values. P-values obtained after 2100 permutations, indicative adjusted nominal level (5%) for multiple comparisons

is 0.000476. All values are non-significant.

ARN ARS AU B C CH D HP LC LW MC PF SD TC Ww
ARN - 0.037 0229 0333 0036 0.515 0.459 0.207 0.260 0.014 0.034 0.035 0.073 0.020 0.003
ARS  0.004 - 0290 0.073 0060 0.142 0.450 0.387 0.140 0.103 0.336 0.062 0414  0.053 0.019
AU 0.004 -0.003 - 0.897 0390 0.388 0.412 0.714 0.211 0.289 0.680 0.522 0.866 0326 0.330
B 0.013  0.006 -0.003 - 0.098 0.092 0.306 0.896 0.389 0.167 0.487 0.882 0.958 0.451 0.055

0.007  -0.003 0.003  0.005 - 0.370 0.275 0.730 0.545 0.766 0.263 0.090 0.788 0.146 0.018
CH 0.001 0.012 0.011 0.020  0.002 - 0.127 0.339 0.719 0.390 0.411 0.123 0.485 0.141 0.027
D 0.001  -0.011 0.002 0.001 -0.003 0.012 - 0.411 0.864 0.843 0.929 0.268 0.619 0.600 0.034
HP 0.003 -0.004 -0.003 -0.009 -0.006 0.003 -0.002 - 0.436 0.600 0.845 0.891 0.947 0467 0.171
LC 0.006  0.003 0.013 0.004 -0.003 0.003 -0.010 -0.003 - 0.929 0.255 0.255 0.731 0.177 0.105
LW 0.012  0.000 0.008 0.012 -0.007 0.004 -0.008 0.002 -0.008 - 0.359 0.435 0.932 0.031 0.008
MC 0009 -0.003 -0.005 -0.003 0.001 0.014 -0.012 -0.006 0.005 0.006 - 0.552 0.761 0380 0.135
PF 0.009  0.000 -0.005 -0.004 0.000 0.011  -0.006 -0.006 0.002 -0.001 -0.006 - 0.917 0.565 0.010
SD 0.014 -0.004 -0.005 -0.007 -0.008 0.008 -0.002 -0.005 0.001 -0.009 -0.003 -0.005 - 0428 0.149
TC 0.015  0.004 0.003 0.005 -0.004 0.003 -0.002 -0.003 0.000 0.005 0.006 -0.002 -0.002 - 0.451

WW  0.007  0.009 -0.005 0012 0.011 0.011 0.010 0.000 0.008 0.015 0.003 0.008 0.007 0.005 -
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Figure H1 STRUCTURE individual assignment bar plots for M. jurtina individuals within the study area. Individuals split by site on the x axis and likelihood
of assignment of the individual into genetic clusters on the y. Colours indicate different genetic clusters. Plot A: K = 1, Plot B: K = 2. All individuals have
a roughly 50% chance of being assigned into either of the clusters where K=2, indicating no apparent population structuring, i.e. no individuals are more

or less likely to be assigned to any K, therefore K = 1
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